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For my parents



I have long been a student of sequences,
probably because of my upbringing on a farm...

...you simply don’t go out and do a piece of work.

No, the first thing you do is determine the lengthy sequence
of activities necessary even to begin the job.

Then you realize that the sequence of preparatory activities

is so long you will never get to the intended task.

So you go fishing instead.
- Patrick F. McManus
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LIST OF FIGURES

Map of the ten sampling station locations in the greater Puget Sound area, Wash-
ington State. Station identification numbers generally increase southwards. Inset
images: a van Veen grab with sampled sediment and living organisms (top) and
processed residue containing dead bivalve shells (bottom). Photos by ECY and
B.S. Kokesh, respectively. Scale bar for dead shell photo =5cm. . . . ... ..
Schematic diagram of the procedure used to quantify inter-matrix correlations
and produce second-stage NMDS among surrogate matrices. Starting with data
tables for the same set of samples based on different combinations of taxa and
numerical transformation, Bray-Curtis distance matrices are generated. These
matrices can then be used to directly compute first-order ordinations (where
points represent each sample, site, etc.) as typically performed. Correlation coef-
ficients (p) calculated between each pair of distance matrices are computed into
a distance between matrices (e.g., pap in blue is converted to Dist 45). These
distances are then assembled into a matrix used to compute second-stage ordi-
nation (where points represent different surrogate matrices). In the hypothetical
example above, the locations of samples 1-5 in the first-stage NMDS plots for
data tables A and B are more similar to each other than in C. Thus, the location
of matrix C is strongly separated from matrices A and B in the second-stage
NMDS plot. After Somerfield and Clarke (1995). . . . .. ... ... ... ...
Univariate community metrics measured for surrogate assemblages at each sta-
tion. Top row: richness ratios as the number of supraspecific taxa to the number
of species (T/S). Middle row: abundance ratios as the number of individuals for
each set over the number of individuals from the living whole fauna (N/W). Note
the different vertical scale for dead bivalves. Bottom row: evenness as the proba-
bility of interspecific encounter (PIE) using proportional abundance data. Black
circles are values calculated when data from all stations are aggregated. Boxplot
whiskers extend to 5" and 95" percentiles. S, species; G, genera; F, families; O,
orders. . . .. L. e
Spearman coefficients (p) for inter-matrix correlations representing the effect of
each surrogacy method defined in this study. White-filled icons indicate cor-
relations that were not significantly different from zero (p > 0.05). Top row:
each matrix is compared to its species-level equivalent to test for taxonomic suffi-
ciency. Correlations decline as the surrogate’s resolution decreases. Second row:
each matrix is compared to its whole-fauna equivalent to test for taxonomic sub-
setting. Correlations are strongest for polychaetes, moderate for bivalves, and
poor for malacostracans. Third row: each matrix is compared to its proportional
abundance (minimally-transformed) equivalent to test for numerical sufficiency.
Correlation strength consistently decreases with increased severity of data trans-
formation. Bottom row: each matrix is compared to the species-level whole-fauna
dataset using proportional abundances (the “full” original dataset) to test for the
combined effect of all three surrogacy methods. S, species; G, genera; F, families;
O,orders. . . . . . . e
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“Second-stage” NMDS ordinations of inter-matrix correlations based on Bray—Curtis

distances. Top row: ordinations for each taxonomic set, demonstrating how ma-
trices based on different taxonomic resolutions (species to orders) and data trans-
formations (proportional abundances, %, to presence-absence, P/A) plot along
two ordination axes. Bottom row: combined second-stage NMDS with surrogate
matrices from all taxonomic sets. Matrices using the whole fauna cluster near
those using polychaetes, with living and dead bivalves adjacent. Matrices using
malacostracans strongly separate from the others. Data transformation severity
also follows the second NMDS axis for all sets except malacostracans. The effect
of taxonomic resolution on defining ordination space is weak, as matrices from
the same set and based on the same transformation cluster tightly. S, species; G,
genera; F, families; O, orders. . . . . . . . . ... L
Spearman coefficients (p) for correlations between second-stage distance matrices
using the 2017-2018 set of living assemblages and those using available 2-year sets
from earlier in the 30-year community time series. Mean and standard deviation
for the entire set of 2-year comparisons are in the upper left corner. Spearman
p values are high (~0.8) across the entire time series, indicating that patterns
generated the 2017-2018 dataset described in greater detail above have been
consistent for the Puget Sound benthos over at least the past 30 years. . . . . .

Study area off the Palos Verdes peninsula on the southern California continental
shelf. Annual monitoring of macrobenthos is conducted along 11 bathymetric
sampling transects (Lines 0-10) at 30, 60, 150, and 300 m depths. White dots
indicate sampling stations along the 60 m isobath used in this study. Gray lines
are isobaths and red lines are the outfall pipes extending from the JWPCP to
White Point. Red area approximates the stations near the outfall source (near-
field) defined in this study, encompassing lines 5-8, and the rest of the shelf is
considered far-field (lines 0-4, 9-10). Modified from LACSD (2020). . . ... ..
Discharge history (1 US gallon = ~3.79 L) from the Joint Water Pollution Con-
trol Plant (JWPCP) through the White Point outfall system from 1937-2019.
Suspended solid release (103 metric tons/yr) increased until the 1970s and then
declined with advanced primary wastewater treatment (Phase 1), partial sec-
ondary treatment (Phase 2), and full secondary treatment (Phase 3). Biological
oxygen demand also decreased strongly, by 50% over the first few years of Phase
2 and to ~0 during the initial few years of Phase 3 (not shown; Stein and Cadien
2009). Modified from LACSD (2020). . . . . . . . . ...

1X



2.3

24

2.5

2.6

Proportional abundances (A) and species richness (B) among the ten most abun-
dant faunal classes represented in benthic samples from 1972-2019. Numbers
within bars are the raw numbers of individuals or species. The total abundance
(N) and species richness (S) for the whole fauna are printed in the upper right
corners. White bars in (B) indicate three classes that rank among the ten most
abundant (A) but are not among the top ten in richness. Our selected taxonomic
subsets (Polychaeta, Bivalvia, and Malacostraca) represent 88% of sampled indi-
viduals and 72% of sampled species during the 47 years of monitoring along the
61-m isobath of the Palos Verdes shelf. . . . . .. .. .. ... .. ... ... ..
Box plots of rarefied richness for whole benthic samples and subsets (rows) and
coarsened taxonomic resolutions (columns). Heavy line is median, box denotes
the interquartile range (IQR), and whiskers denote entire range of values. Paired
boxes compare stations at far-field (blue; seven 61-m stations) and near-field (red;
four stations) areas on the shelf, as judged from sediment chemistry during the
1970s. In each graph, richness was rarefied to the smallest station-level sample
size. Richness increases with improved wastewater treatment in all analyses,
from Phase 1 (1974-1983) to Phase 2 (1984-2002) and Phase 3 (2003-present;
shaded bars along x-axes). Polychaete patterns best mirror the whole fauna
and bivalves exhibit the strongest increase across phase boundaries. For all sets
except bivalves, richness is higher at far-field stations rather than near-field. This
contrast is damped at coarser taxonomic levels. . . . . . . .. .. ... ... ..
Box plots of taxonomic evenness (PIE) for whole benthic samples and subsets
(rows) at increasingly coarse taxonomic resolutions (columns), with plots orga-
nized as in Figure 2.4. Evenness increases with improved wastewater treatment,
but bivalves exhibit an especially strong trend arising largely from strong con-
trasts between near-field and far-field stations early in the treatment history.
Patterns persist with taxonomic coarsening (left to right within each row) except
for malacostracans at the ordinal level. . . . . . . . .. ..o
Non-metric multidimensional scaling (NMDS) plots of Bray-Curtis similarities for
whole benthic samples and subsets (rows) at increasingly coarse taxonomic res-
olution (columns). Distances are based on square-root proportional abundances;
convex hulls group samples by water treatment phase (point colors) and outfall
proximity (point symbols); ordination stress values printed in lower right corner of
each plot. All analyses approximately ordinate successive treatment phases along
NMDS axis 1 (horizontal axis) and ordinate the spatial gradient along NMDS axis
2 (vertical axis). The taxonomic compositions of near-field and far-field stations
become increasingly similar as wastewater treatment improves, both in the whole
fauna (top row) and in each subset. . . . . . ... ... o0



2.7 Bar plots of PERMANOVA R2 values for compositional differences between near-
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3.1

3.2

field and far-field stations during each phase of wastewater treatment (bar color)
for whole benthic samples and subsets (rows) at increasingly coarse taxonomic
resolution (x-axis). Asterisks indicate significant p-values (* < 0.05, ** < 0.01).
All taxonomic sets at all taxonomic resolutions detect spatial homogenization of
community compositions with improved wastewater treatment. Polychaetes were
most consistent with the whole fauna and bivalves exhibited the strongest change
in R? values across treatment phases. . . . . . . . . . ...
Raw abundances of the polychaete Capitella capitata (left) and bivalve Parvilu-
cina tenuisculpta (right). Paired boxes compare near-field and far-field stations
as described in Figure 2.4. Capitella capitata abundance is higher at near-field
stations while P. tenuisculpta is more abundant at far-field stations. As wastew-
ater treatment improved, the abundance of both species decreased and became
more similar spatially. . . . .. ... o o

Study area off the Palos Verdes peninsula on the southern California continental
shelf in Los Angeles County, U.S.A. Macrobenthos are sampled annually at four
sites along each of 11 bathymetric transects (Lines 0-10 from north to south) at
depths of 30, 61, 152, and 305 m, for a total grid of 44 stations. We exclude
stations from the 305 m isobath due to mostly very small dead-shell abundances
there. Thin gray lines are isobathic contours in meters and red lines denote the
wastewater outfall pipe network extending from the Joint Water Pollution Control
Plant (JWPCP) to a series of diffusers in ~60-m water offshore of White Point.
The Southern California Countercurrent flows NW along the shelf (blue arrow).
Modified after LACSD (2022). . . . . . . . ...
History of wastewater emissions to the Palos Verdes shelf from the Joint Water
Pollution Control Plant (JWPCP) through the White Point outfall system from
1937-2019. Suspended solid release increased steadily until enactment of the
US Clean Water Act in the early 1970s, and then declined with the successive
onset of advanced primary wastewater treatment, partial secondary treatment,
and full secondary treatment. Annual monitoring of macrobenthic infauna began
in 1972, yielding five decades of annually-sampled macrobenthic data. Bivalve
death assemblages were collected in 2008. Modified after LACSD (2022).
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3.3

3.4

BRI (top row) and AMBI (bottom row) scores generated using the whole fauna
versus scores generated using only bivalves. Each point represents an annually-
collected sediment grab from the 50-year history of benthic sampling from 11
stations along three isobaths (shallow to deep; left to right) on the Palos Verdes
shelf. The dashed grey line identifies the 1:1 relationship. Shaded backgrounds
indicate the type of agreement in EQS of points plotted within those areas: the
blue area in the lower-left quadrant represents agreement of ‘Good’ status (i.e.,
requires no remediation), the pink area in the upper-right quadrant represents
agreement of ‘Poor’ status (i.e., requires remediation), the dark teal area in the
upper-left quadrant represents samples for which bivalves indicate ‘Worse’ sta-
tus (i.e., bivalves indicate ‘Poor’, but the whole fauna indicates ‘Good’), and the
brown area in the lower-right quadrant represents samples for which bivalves in-
dicate ‘Better’ status (i.e., bivalves indicate ‘Good’, but the whole fauna indicates
‘Poor’). The solid black lines represent the trendline generated by the mean coef-
ficients of these bootstrapped trendlines and their 95% confidence intervals, and
the pink line is the linear trendline of the full dataset. For BRI, regression inter-
cepts became increasingly negative from the shallow to deep datasets, resulting
in bivalve-BRI scores that accurately estimate the status of whole-BRI in areas
with poor health (points in the pink ‘Poor’ status agreement quadrant), but tend-
ing to underestimate the quality of benthic health under healthy conditions (the
brown ‘Worse’ status quadrant). In contrast, the relatively high intercepts for
AMBI regressions resulted in many bivalve-AMBI scores sufficiently estimating
whole-AMBI status in healthy areas (i.e., points in the ‘Good’ status agreement
quadrant), but they tended to overestimate EQS under poor conditions (the teal
‘Better’ status quadrant). . . . . . . ...
The relationship between BRI (top row) and AMBI (bottom row) scores generated
using the whole fauna versus scores generated using only bivalves, as presented
in Figure 3.3. Bivalve-generated scores were adjusted according to the mean
bootstrapped linear coefficients calculated from the directly-calculated raw scores
presented in Table 3.3. Note that scores generated by the whole fauna along the
y-axis have not been altered. For BRI, adjusting bivalve-generated scores shifted
points towards the left of the x-axes, enabling more points to occupy regions of
status agreement (blue and pink areas; lower-left and upper-right quadrants). In
contrast, adjustment of bivalve-AMBI scores caused points to compress along the
x-axis, resulting in bivalves largely failing to detect ‘Poor’ EQS (pink and brown
areas; right-side of plots). . . . . . . . ...
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3.5

3.6

Proportional agreement of EQS assignments from BRI (top row) and AMBI scores
(bottom row) generated from the whole fauna and either directly-calculated raw
bivalve scores (left column) and after adjusting bivalve scores based on boot-
strapped linear regressions (right column). Bar colors indicate whether bivalve-
generated scores resulted in (1) a ‘Worse’” EQS than the whole fauna (brown
segments, i.e., bivalve status = ‘Poor’ while whole fauna status = ‘Good’), (2)
a ‘Better’ EQS (dark teal; i.e., bivalve status = ‘Good’ while whole fauna sta-
tus = ‘Poor’), or (3) the same EQS as the whole fauna (pink bars when both =
‘Poor’; blue bars when both = ‘Good’). Percentage values are printed for bar seg-
ments that round to at least 5%. The agreement between raw bivalve-BRI and
whole-BRI scores decreased from the shallow to deep isobaths, but agreement
at all isobaths notably improved after scores were adjusted. In contrast, raw
bivalve-AMBI demonstrated relatively high agreement with whole-AMBI at all
depths, although almost exclusively for samples where EQS was ‘Poor’. Bivalve-
AMBI agreement with whole-AMBI remained largely unchanged after scores were
adjusted, but adjusted bivalve-AMBI scores failed to detect any samples as ex-
hibiting ‘Poor” EQS along the shallow isobath. . . . . . . .. .. ... ... ...
Boxplots of whole-BRI (top row), raw bivalve-BRI (middle row), and adjusted
bivalve-BRI scores based on bootstrapped linear regressions (bottom row). White
and dark boxes represent bivalve death assemblages sampled in 2008 and 2016,
respectively. BRI scores declined steadily over time, transitioning from predom-
inantly ‘Poor’ (pink shaded area) to ‘Good’ EQS (blue shaded area). Bivalve
death assemblages yielded predominantly ‘Good’ adjusted EQS (similar to living
bivalve scores from the 2000s and 2010s), and BRI scores were even lower for
2016 death assemblages compared to those from 2008.. . . . . . .. . ... ...
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3.7

3.8

Spatiotemporal variation in BRI scores along the Palos Verdes shelf, with columns
for water depth and rows for taxonomic sets organized as in Figure 3.6. The
x-axis of each plot represents sampling stations along their respective isobaths
(onshore-offshore transect Line 0 from the north to Line 10 to the south; Figure
3.1). The outfall openings off of White Point are approximately located at 60 m
depth near Line 8 and indicated by the grey shaded region in the middle column.
White circles and dark squares in the second and third rows are scores gener-
ated from bivalve death assemblages sampled in 2008 and 2016, respectively. The
highest whole-BRI scores (i.e., poorest ecological quality) are temporally from
the first two decades and spatially near Lines 7-8, with conditions improving dis-
tally from the outfall source. Whole-BRI scores consistently declined over the
decades, and the spatial variation along the shelf was damped by the 2000s (but
a faint signal persisted into the 2010s at the deep isobath). Raw bivalve-BRI
primarily indicated ‘Poor’ EQS, but preserved a similar spatiotemporal distri-
bution as whole-BRI. Adjusted bivalve-BRI improved the EQS agreement with
whole-BRI such that mean scores from the 2000s-2010s indicated ‘Good” EQS.
Bivalve death assemblages yielded relatively low and spatially-indistinct scores
barring two cases: (1) the 2008 death assemblage from the deep isobath yielded
relatively high scores with a similar spatial gradient as the 1970s-1980s living bi-
valves outward from Line 8, and (2) the 2016 death assemblage from the middle
isobath yielded particularly low scores with a strong spatial gradient that peaks
at Lines 2 and 8 and dips at Lines 5 and 10. Overall, the relatively low BRI
scores generated by death assembles are not consistent with time-averaging over
the entire 20t" and 215 centuries so far. . . . . . .. ... ... ... ...
Boxplots of whole-AMBI (top row), raw bivalve-AMBI (middle row), and ad-
justed bivalve-AMBI scores based on bootstrapped linear regressions (bottom
row). White and dark boxes represent bivalve death assemblages sampled in
2008 and 2016, respectively. AMBI scores declined steadily over time, transition-
ing from predominantly ‘Poor’ (pink shaded area) to ‘Good” EQS (blue shaded
area). Bivalve death assemblages yielded predominantly ‘Good’ adjusted EQS
(similar to living bivalve scores from the 2000s and 2010s), and AMBI scores

were detectably lower for the 2016 death assemblage compared to that from 2008. 109
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4.1

4.2

4.3

Spatiotemporal variation in AMBI scores along the Palos Verdes shelf, with
columns for water depth and rows for taxonomic sets organized as in Figure
3.8. The x-axis of each plot represents sampling stations along their respective
isobaths (onshore-offshore transect Line 0 from the north to Line 10 to the south;
Figure 3.1). The outfall openings off of White Point are approximately located
at 60 m depth near Line 8 and indicated by the grey shaded region in the middle
column. White circles and dark squares in the second and third rows are scores
generated from bivalve death assemblages sampled in 2008 and 2016, respectively.
The highest whole-AMBI scores (i.e., poorest ecological quality) are temporally
from the first two decades and spatially create two peaks: one near Lines 1-2 and
another at Lines 7-8, with conditions improving distally from these locations.
Whole-AMBI scores consistently declined over the decades, and the spatial vari-
ation along the shelf was damped by the 2000s. Raw bivalve-AMBI primarily
indicated ‘Good” EQS after the 1980s, and similarly to whole-BRI, peaked near
Line 2. Adjusted bivalve-AMBI shifted scores downward, resulting in all mean
scores from the shallow isobath falling beneath the threshold value and indicat-
ing ‘Good” EQS. Bivalve death assemblages yielded moderate scores and notably
peaked near Line 2 along the middle isobath. Overall, the relatively moderate
AMBI scores generated by death assembles are more consistent than BRI with
respect to time-averaging over the entire 20" and 215! centuries so far. . . . . .

Map of the Kingston Harbour on the south coast of Jamaica, showing the loca-
tions of sites from which living and dead bivalves were sampled and the current
extents of large mangrove patches. The five sampling sites coincide with ar-
eas from which Perna viridis population densities were previously monitored at
the turn of the century (Buddo et al., 2003). Site abbreviations: BS, Buccaneer
Swamp; GC, Goodbody Channel; GSP, Great Salt Pond; OCW, Old Coal Wharf;
RC, Refuge Cay. . . . . . . . .
Representative dead-collected shells of the five mangrove-dwelling bivalve species
assessed in this study, showing both valves from originally-articulated specimens.
From left to right: Brachidontes exustus (scorched mussel), Crassostrea rhi-
zophorae (mangrove oyster), Isognomon alatus (flat tree oyster), Mytella strigata
(charru mussel), Perna viridis (Asian green mussel). Scale bars = 10 mm.

Mean densities of Perna viridis from three datasets. Left: living P. viridis re-
ported by Buddo et al. (2003) and Buddo (2008). Middle: current living in-
dividuals surveyed in 2019. Right: dead shells collected in 2019. No P. wiridis
specimens were observed currently living or dead at GSP in 2019. Site abbrevi-
ations: BS, Buccaneer Swamp; GC, Goodbody Channel; GSP, Great Salt Pond;
OCW, Old Coal Wharf; RC, Refuge Cay. . . . . . . .. ... ... ... .....
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4.7

Proportional abundances of mangrove-dwelling bivalves in the living community
and death assemblage summed across all sites. Percent increases or decreases
for each species are printed above paired bars. Brachidontes exustus abundances
are nearly identical between the death assemblage and living community. Cras-
sostrea rhizophorae is the dominant species found in the death assemblage, but
Isognomon alatus is dominant in the living community. Mytella strigata, the
more recent of the two invaders, is disproportionately rare in the death assem-
blage. Perna wiridis, the historic invader, is conversely overrepresented in the
death assemblage, reflecting the short-lived nature of their dominance at the turn
of the century. The overall live-dead discordance remains moderately high as only
C. rhizophorae and I. alatus switch places in ranked order. . . . . . .. .. ..
Live versus dead proportional abundances at per-sample (35; small icons), per-
site (5; large icons) and summed total (star icons) for each species. Samples
falling on either side of the dashed line indicates overrepresentation in the death
assemblage (above the dashed line) or the living community (below the dashed
line). Brachidontes exustus proportional abundances are generally higher in the
dead using sample- and site-level data despite being equal for the summed data.
Summed proportional abundance trends for the remaining four taxa are simi-
larly reflected by sample- and site-level data such that Crassostrea rhizophorae
and Perna viridis are overrepresented in the death assemblage, while Isognomon
alatus and Muytella strigata are overrepresented in the living community. Site
abbreviations: BS, Buccaneer Swamp; GC, Goodbody Channel; GSP, Great Salt
Pond; OCW, Old Coal Wharf; RC, Refuge Cay. . . . . . . ... ... ... ...
Non-metric multidimensional scaling (NMDS) ordination of Bray-Curtis dissim-
ilarities based on Hellinger-transformed abundance data from living and death
assemblage samples. Convex hulls indicate score ranges for assemblages from
each of the four sites. Living and death assemblages are compositionally distinct
in ordination space, but the four sites within the inner margin of Kingston Har-
bour (BS, GC, OCW, and RC) are not strongly separated for either assemblage
type. Site abbreviations: BS, Buccaneer Swamp; GC, Goodbody Channel; GSP,
Great Salt Pond; OCW, Old Coal Wharf; RC, Refuge Cay. . . . . . . ... ...
Boxplots for the dispersion of samples around multivariate group centroids (i.e.,
within-assemblage compositional variation). The living community exhibited sig-
nificantly higher group dispersion than the corresponding death assemblage at
GC, RC, and BS (Randomization test, p < 0.05), which may be a product of
spatial homogenization due to time-averaging in the death assemblage or a signal
of increased compositional heterogeneity in the living community. Parenthetical
values indicate the number of live-dead sample pairs per group. Note that despite
visual separation of boxes at GSP and OCW, low sample sizes did not provide
adequate power to test for significant differences at these sites. Site abbrevia-
tions: BS, Buccaneer Swamp; GC, Goodbody Channel; GSP, Great Salt Pond;
OCW, Old Coal Wharf; RC, Refuge Cay. . . . . . . .. ... ... ... .....
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4.8

F.1

F.2

Ilustrative summary of changing mangrove communities in Kingston Harbour
based on field observations in 2019. Left: death assemblages indicated that prior
to the arrival of Perna viridis in 1998, Crassostrea rhizophorae was the dominant
epibiont bivalve living on mangrove roots and wharf pilings. Middle: shortly
after initial detection in 1998, P. wiridis rapidly overtook subtidal surfaces and
dominated for several years. Perna viridis shells were incorporated into the death
assemblage, leaving a record from which past population densities may be esti-
mated. Right: living communities from 2019 indicated that the native fauna,
occupying the intertidal zone, recolonized subtidal surfaces as P. viridis popula-
tions declined by the 2010s. However, poor live-dead fidelity suggested that the
succeeding community fell into a novel configuration where Isognomon alatus is
now the dominant taxon, particularly in the subtidal zone. The previously un-
documented presence of Mytella strigata, coupled with its disproportionately low
representation in death assemblages, suggested that this species is a much more
recent invader. . . . . . ...

Boxplots of pollution-tolerance values assigned to species encountered on the
Palos Verdes shelf, with the three most abundant classes displayed separately.
Tolerance values were assigned by Smith et al. (2001) based upon the position
of a taxon’s highest abundance along a known pollution gradient, which had
been quantified by ordination of sediment chemistry (see methods in Chapter 3).
These tolerance scores are weighted by taxonomic abundances to calculate the
BRI of a sample. The mean tolerance values for bivalves were found to be higher
than for any other group, and thus bivalves can be expected to yield generally
higher (i.e., overestimated) BRI scores than would be calculated using the whole
fauna. The tolerance values of four species are highlighted by colored points: the
famously pollution-tolerant polychaete Capitella capitata Cmplz (black), the fac-
ultative chemosymbiotic bivalves Parvilucina tenuisculpta (red) and Azinopsida
serricata (green), and the obligate chemosymbiontic bivalve Solemya perverni-
cosa (blue). Pollution values assigned to these taxa mostly fall above the IQR
of their clade’s distribution, i.e. toward the pollution-tolerant end of the spec-
trum. In the shallow- and middle-depth species lists, the two bivalve taxa having
the highest pollution tolerance values (outlier points) were the mixed suspension-
deposit-feeding Macoma nasuta and M. carlottensis. . . . . . . . . . . . . . ...
Bar plots of the percentage of species within taxonomic subsets assigned to each
ecological group (EG) for the calculation of AMBI scores. In all cases, the ma-
jority of taxa on the US-AMBI species list were assigned to EGII (top row).
Polychaetes appeared to be the best match of the distributions seen in the whole
fauna, and thus might be expected to serve as the strongest surrogate for calculat-
ing AMBI. In contrast, the distributions for bivalves and malacostracans skewed
more heavily towards EGI and EGII. They are thus expected to underestimate
AMBI scores calculated from the whole fauna. For bivalves, the only species that
occupy EGIV and EGV (characterized as second- and first-order opportunists)
are Parvilucina tenuisculpta and Solemya pervernicosa, respectively. . . . . . . .
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F.3 The relationship between BRI pollution tolerance values and AMBI ecological
groups (EGs) assigned to each species on the Palos Verdes shelf. In general, taxa
with high pollution tolerance values tend to also be assigned to more tolerant
EGs. However, the variation of pollution tolerance values within each EG is
greater than most differences in mean among EGs. Among bivalves (third row),
only two or at most three EG categories include sufficient taxa to support a “box”,
greatly reducing the potential power of thisclass. . . . . .. ... ... ... .. 149

F.4 BRI (top row) and AMBI (bottom row) scores generated using the whole fauna
versus scores generated using only polychaetes. Analyses are a replication of
those from Chapter 3 with polychaetes substituted for bivalves (see Figure 3.3
for details). For both BRI and AMBI, polychaetes exhibited particularly strong
correlation with scores generated using the whole fauna, and most points fall
into the two ‘Same’ status quadrants, indicating high agreement in ecological
quality status (EQS). This high correlation — far stronger than seen with bivalves
— is likely due to polychaetes representing (1) the majority of all individuals in
the whole fauna and (2) having a fairly strong representation of all tolerance
categories, very similar to that of the whole fauna (Fig. F2), making this class a
particularly strong surrogate for estimating the EQS of the whole fauna. . . . . 150

F.5 BRI (top row) and AMBI (bottom row) scores generated using the whole fauna
versus scores generated using only malacostracans. Analyses are a replication of
those from Chapter 3 with malacostracans substituted for bivalves (see Figure
3.3 for details). BRI scores exhibited positive correlations for all isobaths, but
malacostracan-BRI generally underestimated whole-BRI with many points occu-
pying the top-left ‘Better’ status quadrant (e.g., malacostracans incorrectly indi-
cated ‘Good’ status when whole-BRI would indicate ‘Poor’ status). Malacostracan-
AMBI similarly underestimated whole-AMBI. However, given the variable slopes
and wide bootstrapped confidence intervals, these samples demonstrated only a
weak correlation with whole-AMBI values. . . . . . . . .. ... ... .. .... 151

F.6 Boxplot of the proportional abundances of Parvilucina tenuisculpta of bivalve
living and death assemblages. Parvilucina tenuisculpta was the dominant bivalve
species at most sites during the 1970s-1980s before its sharp decline during the
1990s; it persisted in low abundances up to the 2010s. However, death assem-
blages collected in 2008 and 2016 both exhibited mean proportional abundances
of P. tenuisculpta that were significantly higher than their corresponding living
assemblages in those decades (2000s and 2010s) based on the IQR of each decade’s
annually-collected samples. The proportional abundance of this taxon in death
assemblages generally increased with depth in each decade, whereas its abundance
in the living assemblages remained relatively consistent across depth (except for
the 1990s). Parvilucina tenuisculpta is thus detectably overrepresented in death
assemblages collected in 2008 and 2016, likely because they retain shells from the
high input of large-bodied individuals that occurred during the population boom
in preceding decades. . . . . . . ..o 152
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F.7

F.8

The relationship between mean bivalve-BRI (top row) and bivalve-AMBI (bottom
row) versus the mean proportional abundance of Parvilucina tenuisculpta at each
station and during each decade of live-collected data, as well as the death assem-
blages collected in 2008 and 2016. Proportional abundances of P. tenuisculpta
were positively correlated to both BRI and (especially) AMBIL. . . . .. ... ..
Multivariate AMBI (M-AMBI) scores versus species richness for the whole fauna
(top row) and bivalves (bottom row). Note that M-AMBI ranges from values of
zero to one, with higher scores indicating better ecological quality. A threshold
value of 0.53 divides the index’s ‘Good’ and ‘Moderate’ EQS, and was thus used
as the threshold for my binary EQS scheme (see Table 3.1). M-AMBI scores were
calculated in two ways: first, all samples from the three isobaths were assessed
together, falling along a single reference gradient (left column), and second, sam-
ples were calculated separately for each isobath, basing scores from each isobath
on their own reference gradient (right column). Although the calculation of M-
AMBI considers species richness, Shannon diversity, and the AMBI score of each
sample, extremely strong positive correlation between M-AMBI score and species
richness indicated that this metric alone contributes most to M-AMBI (and may
thus reliably approximate it) on the Palos Verdes shelf. However, the decline
in species richness with increased water depth consequentially reduces the EQS
of deep-water samples if all samples are calculated together versus separated by
water depth. Further, the higher richness (and evenness) encountered in bivalve
death assemblages (square points in bottom row) versus annually-sampled living
assemblages (circular points), an expected property of time averaging, may ar-
tificially reduce the apparent ecological quality of live-collected samples. Thus,
when using M-AMBI to estimate EQS, it is essential in any system to consider
both (1) natural environmental gradients that might be conflated with known and
suspected anthropogenic disturbance, and (2) the predicted effects of time aver-
aging if data from death assemblages are being integrated with singly-sampled
(non-averaged) data from living assemblages. . . . . . . . . ... ...
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G.1

G.2

G.3

G4

Predicted effects on the shape of a shell age frequency distribution (AFD) in the
surface mixed layer (SML) from the interaction of shell disintegration (aka loss)
and net sedimentation (aka burial). In each graph, the y-axis is the proportional
frequency of shells and the x-axis is the elapsed time since death, based on 1,000
time steps (not labeled). Dashed vertical lines indicate the age of the oldest sur-
viving shell in the simulation and dashed horizontal lines indicate the proportional
abundance of the youngest (most abundant) cohort in the assemblage, which is
usually the first bin. Together, the dashed lines create a box that summarizes
the shape of the AFD. Simulations are based on a 2-phase exponential model of
shell loss (TomaSovych et al., 2014) — that is, disintegration is initially fast and
then, after some elapsed time to sequestration, slows sharply — and assumed a
constant rate of shell production (i.e., same initial number of shells input to the
SML per age cohort). Low sedimentation rates or other variables (such as bio-
turbation, i.e., vertical mixing) that reduce net burial promotes the retention of
older shells in the assemblage. As net burial increases (towards the right), older
shells are increasingly likely to be lost from the system via burial below the SML,
reducing the length of time-averaging in the SML. The intensity of bioturbation
could be added as a third axis: by advecting buried shells back up toward the
sediment-water interface, they would be subjected to additional opportunities
for shell disintegration from acidic porewaters and physical reworking along with
newly introduced young shells; advection would also move very young shells down
to the base of the SML, temporarily sequestering them or at the least admixing
them with older shells there. Puget Sound, hypothesized to experience high dis-
integration rates from cold water and high net burial from high sedimentation
(~2 cm/yr), is most likely an example of a system that would plot in the upper

left of this phase space, with a steep initial slope and a relatively short right-skew.156

Two sampling stations of shells for age-dating (rep point labeled 29 and blue
point labeled 38) located in the Central Basin of Puget Sound. These stations
are both characterized by similarly silty sediments in relatively deep water (200
m), and have had relatively large and steady populations of the bivalve Macoma
carlottensis over the past 30 years (Figure G.3). . . ... ... ... ... ...
Time series of population densities of M. carlottensis at the monitoring stations 29
and 38. Solid lines are the mean density (number of live-collected individuals per
0.1 m2) among all available replicate samples for a given year (number of replicates
varies from 1 to 5 for a given year). The dashed lines are the minimum and
maximum observed densities among available replicates. Filled circles represent
the density of individuals per van Veen grab from death assemblages sampled in
2018 and 2019. Living (and dead) densities were consistently higher at Station
29 than at Station 38. . . . . . ..
Age-frequency distributions of the raw, non-corrected radiocarbon data (n = 50
at each site). Bars are divided into 50-year intervals. Solid vertical lines represent
the median age and the dashed line represents the 75% interquartile range. . . .
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G.5

G.6

G.7

Pilot results of AFDs for death assemblages from soft-sediment habitats from
(left) Puget Sound, WA, with a maximum shell age of 1,100 years before present
(non-corrected), and (right) from the Southern California Bight, with a maximum
shell age of 11,000 years before present (data from TomaSovych et al., 2014).
Inset plot: distribution of 124 California shells corresponding to the same total
age range (first 1,100 years) that characterizes the Puget Sound AFD. Red lines
are the fitted model outputs for each dataset using the two-phase loss model of
Tomasovych et al. (2014), indicating a rapid initial rate of loss of very young
shells (steep slope); shells surviving the first 100 years of residence in the SML
then exhibit a much slower (two orders-of-magnitude lower) loss rate, having been

effectively sequestered (diagenetic stabilization is suspected for California shells).

The relationship between the D/L ratios of aspartic acid (ASP) and glutamic
acid (GLU) measured within shells. Although the relationship demonstrates a
positive correlation, anomalous endmembers appear to drive the trend. . . . . .
The relationship between preliminary (non-corrected) radiocarbon ages of shells
and the D /L ratios for aspartic acid (left) and glutamic acid (right) of shells from
both sites. Black lines are error bars for radiocarbon ages (note logged vertical
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ABSTRACT

‘Live-dead comparison’ refers to the measurement of compositional fidelity between living
communities and co-occurring accumulations of dead skeletal material (time-averaged ‘death
assemblages’) and has long been used as a means of validating taphonomic and paleoeco-
logical interpretations in the fossil record. More recently, live-dead comparisons have been
applied as a tool for detecting biological strain resulting from anthropogenic stressors on
local to regional scales. However, two important limitations to live-dead comparisons re-
main underexplored: (1) to what extent are the organisms that readily-preserve in death
assemblages (and the fossil record) a sufficient proxy for the broader ecological patterns of
living communities that include a plurality of soft-bodied clades, and (2) what temporal
context and variation is lost when — as is typically the case — the living community is only
sampled once alongside the dead (i.e., a single ‘snapshot’ of standing diversity)? Exam-
ining these questions requires time series of living community compositional data with a
broad taxonomic scope; such datasets are the purview of long-term biomonitoring programs,
be they government-mandated, contracted, or non-profit. The following chapters represent
collaborative efforts between academic paleontologists and agency ecologists to assess the
power of bivalve death assemblages as surrogates of the whole-fauna community dynamics
using exceptionally-long time series or historical records in three environmentally-distinct
locations: (1) the naturally-variable regional benthos of Puget Sound (Chapter 1; 30-year
living time series + death assemblage), (2) the historically-polluted Palos Verdes shelf off
of Los Angeles County (Chapters 2-3; 50-year living time series + two death assemblages),
and (3) the mangrove swamps of Jamaica’s Kingston Harbour (Chapter 4; one live-dead
sampling + historic surveys of the living).

Surrogates of Compositional Variation. To integrate paleoecological data with the
‘whole fauna’ data used in biological monitoring, analyses must usually focus on datasets
that meet the same standards of numerical and taxonomic detail and scope. Here, the ability
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of readily-preserved bivalves to reflect patterns of compositional variation from the entire
macroinvertebrate fauna was assessed using data from ten long-established subtidal stations
in Puget Sound, Washington State. Similarity in compositional variation was assessed for
five taxonomic subsets (the whole fauna, polychaetes, malacostracans, living bivalves, dead
bivalves) at four levels of taxonomic resolution (species, genera, families, orders) evaluated
under four numerical transformations of the original count data (proportional abundance,
square root- and fourth root-transformation, presence-absence). Using the original matrix of
species-level proportional abundances of the whole fauna as a benchmark of ‘compositional
variation,” living and dead bivalves had nearly identical potential to serve as surrogates
of the whole fauna; they were further offset than the polychaete subset, but far superior
as surrogates than malacostracans. Genus- and family-level data were consistently strong
surrogates of species-level data, and the impacts of data transformation were closely tied
to taxonomic evenness. The strong congruence of death assemblages with living bivalves is
encouraging for using bivalve dead-shell assemblages to complement conventional monitoring
data, notwithstanding strong natural environmental gradients with potential to bias shell
preservation.

Detectors of Historic Pollution Gradients. Surrogates of macrobenthic assemblages
can take many forms, such as using coarser taxonomic levels (‘sufficiency’) or only a subset
of the whole fauna (‘subsetting’). Here, the power of both approaches to retain community-
level patterns of spatial and temporal variation were evaluated using an exceptionally long
(47-year) infaunal dataset generated from monitoring wastewater impacts on an urban shelf
in southern California. Four taxonomic sets (whole infauna, polychaetes, bivalves, malacos-
tracans) were evaluated at five resolutions (species, genus, family, order, functional guild)
along a pollution gradient subdivided into two spatial bins based on proximity to the wastew-
ater outfall (near-field vs far-field) and three temporal bins based on wastewater treatment

phases. All taxonomic sets detected weakening of the spatial gradient with improved wastew-
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ater treatment — communities became more similar in richness, evenness, and composition
through time — and patterns were robust when coarsened to families or guilds. Polychaetes
mirrored (‘proxied’) whole-fauna patterns most accurately, but bivalves outperformed all
other sets in detecting (‘indicating’) the pollution gradient itself. As taxonomic surrogates,
the selection of a subset to represent the whole requires consideration of each clade’s strengths
to serve different monitoring objectives.

Indicators of Ecological Quality Status. Death assemblages are promising tools
to evaluate ecological quality from the past owing to their time-averaged composition over
many generations. Here, I used living benthos data from a 47-year time series (1972-2019)
alongside bivalve-shell death assemblages sampled in 2008 and 2016 to characterize changes in
ecological quality on the Palos Verdes shelf via two index methods: the regionally-developed
Benthic Response Index (BRI) and the globally-employed ATZI’s Marine Benthic Index
(AMBI). Bivalve-generated index scores were positively correlated with scores using the
whole fauna, and adjusting bivalve scores from regression coefficients notably improved their
agreement of qualitative ecological quality status. Both indices demonstrated that ecological
quality had improved from distinctly degraded (1970s-1980s) to recovered (2000s-2010s).
Bivalve death assemblages from 2008 indicated that ecological quality then was as high as
or higher than that registered by the living bivalve community, and death assemblages from

2016 indicated continued improvement. The discordance between these 215

-century death
assemblages with living assemblages from the peak-pollution interval in the mid-20t" century
suggests that, at least when measured using these biotic indices, death assemblages have a
very short memory of past conditions, apparently being overwhelmed by the disturbance-
sensitive taxa that have increasingly dominated the shelf in the last few decades.

Records of Biological Invasion. Short-lived biological invasions may leave lasting

impacts on ecosystems well after they have concluded, yet the nature of such events is difficult

to elucidate in the absence of data from ambient or targeted monitoring efforts. Here, the
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ability for surficial death assemblages to recount such invasion events and their ecological
legacies was tested using mangrove-dwelling bivalves from Kingston Harbour, Jamaica, where
the Asian green mussel Perna viridis was introduced ~20 years ago. While rare in Kingston
Harbour today, relative densities of dead P. viridis shells mapped well to historic surveys
from early into the invasion and thus help reconstruct spatial variations in invasion intensity.
Live-dead discordance of the epifaunal bivalve community further indicated that species have
not returned to pre-invasion relative abundance distributions: the economically-important
mangrove oyster (Crassostrea rhizophorae) has notably declined while the flat tree oyster
(Isognomon alatus) rose to dominance. Finally, the newly-introduced charru mussel (Mytella
strigata) in Kingston Harbour has not yet been significantly incorporated into the subfossil
record. This case study exemplifies the utility of underexploited sources of geohistorical data

for informing the growing problem of human-assisted biological invasion.
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CHAPTER 1
LIVING AND DEAD BIVALVES ARE CONGRUENT
SURROGATES FOR WHOLE BENTHIC
MACROINVERTEBRATE COMMUNITIES IN PUGET SOUND

1.1 Abstract

To integrate paleoecological data with the 'whole fauna’ data used in biological monitor-
ing, analyses usually must focus on the subset of taxa that are inherently preservable, for
example by virtue of biomineralized hardparts, and those skeletal remains must also be
identifiable in fragmentary or otherwise imperfect condition, thus perhaps coarsening an-
alytical resolution to the genus or family level. Here we evaluate the ability of readily
preserved bivalves to reflect patterns of compositional variation from the entire infaunal
macroinvertebrate fauna as typically sampled by agencies in ocean monitoring, using data
from ten long-established subtidal stations in Puget Sound, Washington State. Similarity
in compositional variation among these stations was assessed for five taxonomic subsets
(the whole fauna, polychaetes, malacostracans, living bivalves, dead bivalves) at four levels
of taxonomic resolution (species, genera, families, orders) evaluated under four numerical
transformations of the original count data (proportional abundance, square root- and fourth
root-transformation, presence-absence). Using the original matrix of species-level propor-
tional abundances of the whole fauna as a benchmark of “compositional variation,” we find
that living and dead bivalves had nearly identical potential to serve as surrogates of the
whole fauna; they were further offset from the whole fauna than was the polychaete subset
(which dominates the whole fauna), but were far superior as surrogates than malacostra-
cans. Genus- and family-level data were consistently strong surrogates of species-level data
for most taxonomic subsets, and correlations declined for all subsets with increasing severity

of data transformation, although this effect lessened for subsets with high community even-
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ness. The strong congruence of death assemblages with living bivalves, which are themselves
effective surrogates of compositional variation in the whole fauna, is encouraging for using bi-
valve dead-shell assemblages to complement conventional monitoring data, notwithstanding
strong natural environmental gradients with potential to bias shell preservation.

This chapter was originally published as: Kokesh B.S., Burgess D., Partridge V., Weak-
land S., and Kidwell S.M. Living and dead bivalves are congruent surrogates for whole ben-
thic macroinvertebrate communities in Puget Sound. Frontiers in Ecology and FEvolution,

10:980753, 2022. doi:10.3389/fevo.2022.980753.

1.2 Introduction

Normalizing the application of paleoecological and other geohistorical data to the direct
observations of living systems central to conservation biology is an important, oft-cited
objective of conservation paleobiology (Dietl and Flessa, 2011; Kidwell and Tomasovych,
2013). Biological monitoring programs are an important component of those observations
and require consistent sampling methods, expert taxonomic training, and rigorous quality
assurance procedures, especially where regulated by government agencies (e.g., Dutch et al.,
2018). The standards for monitoring benthic communities typically include a wide taxo-
nomic breadth (e.g., macroinvertebrate infauna), species-level taxonomic information, and
precise numerical estimates of animal density (e.g., raw counts per taxon standardized to
benthic area or sediment volume).

Paleoecological data are typically limited in comparability to such monitoring data in
several ways. First, death assemblages — i.e., dead and discarded remains encountered dur-
ing sampling for living individuals — and fully-buried fossil assemblages are almost always
restricted to taxa that possess durable hardparts, such as calcifying mollusks, arthropods,
and bryozoans. Under oxygenated waters, soft-bodied clades have low preservation poten-

tial, an effect that has rarely been fully quantified (but see the seminal analyses by Schopf,

2



1978 and Staff et al., 1986). Second, owing to fragmentation and other damage accrued
during accumulation in the surface mixed layer, not all dead shell specimens are identifiable
to the species level, requiring analytic coarsening to, for example, genus or family level (e.g.,
Kowalewski et al., 2003; Lloyd et al., 2012; Albano, 2014). Finally, some museum and sedi-
mentary archives might only yield presence-absence (occurrence) data for species, in contrast
to the numerical counts generated by bulk sampling, spurring efforts by paleontologists to
upgrade data post-hoc (e.g., Harnik, 2009; Close et al., 2018). Successful integration of pa-
leoecological data with modern biological data thus requires confidence that assemblages of
skeletal remains alone can serve as reliable proxies of the broader fauna targeted for study —
usually the entire macrobenthos or at least its infaunal portion — and yield reliable versions
of the biological metric of interest (e.g., richness, compositional variation, trophic structure).

Fortunately, the challenges that these three limitations place on the reliability of paleoeco-
logical data are directly analogous to well-studied issues of “surrogacy” in the biomonitoring
literature (Moreno et al., 2007). This term encompasses an array of techniques aimed to re-
duce the cost (time, labor) and/or expertise required to process biological samples while still
attaining adequate biological insights. That is, referring to our challenges above, acquiring
an accurate or sufficient picture when only a subset of clades can be sampled, when species-
level resolution might not be possible, and/or when numerical abundance is not necessarily
trustworthy. Surrogacy falls broadly into two categories (Table 1.1). ‘Sufficiency’ refers to
coarsening the detail of information collected, either via ‘taxonomic sufficiency’ sensu Ellis
(1985; aggregating species-level data into higher taxonomic ranks, functional guilds, etc.)
or via ‘numerical sufficiency’ (simplifying organismal counts into ranked abundances, cate-
gorical abundances, or simply presence-absence data). ‘Subsetting’ on the other hand refers
to narrowing the scope of information, for example by focusing on a ‘taxonomic subset’ (a
singular clade, functional guild, or other group of interest) or on a ‘numerical subset’ of

the whole fauna (e.g., the first 100 individuals picked from the sample, as is common in



micropaleontology). Other forms of surrogacy include “cross-taxon” approaches in which one
group of taxa serves as a proxy for another, completely independent group (Mellin et al.,
2011; Gladstone et al., 2020). A death assemblage, which is not part of the living fauna,
could be considered a cross-taxon surrogate that is also a temporally coarser sample than
the corresponding living assemblage. Surrogacy methods have been the subject of many
tests for macroinvertebrate communities from marine (Warwick, 1988; Ferraro and Cole,
1992; Wiodarska-Kowalczuk and Kedra 2007, Bevilacqua et al. 2009), freshwater (Jones,
2008; Mueller et al., 2013; Heino, 2014), and terrestrial settings (Pik et al., 1999; Timms
et al., 2013; Souza et al., 2016). Several studies have examined the sensitivity of surrogacy
techniques on compositional variation in the fossil record (e.g., Pandolfi, 2001; Forcino et
al., 2012; Zuschin et al., 2017), on the faithfulness of dead-shell assemblages to their living
counterparts (e.g., Albano et al., 2016), and on the preservation of broader macrofaunal
patterns by the preservable subset (Tyler and Kowalewski, 2017).

Here, we evaluate the individual and interacting effects of three surrogacy methods —
taxonomic sufficiency, taxonomic subsetting, and numerical sufficiency (Table 1.1) — as well
as the effects of data transformation using an infaunal macrobenthic dataset from ten sed-
iment monitoring stations in Puget Sound, Washington State. Spanning 25 classes and 15
phyla, the numerical, species-level data were generated as part of a regional, state-mandated
monitoring program of sediments, conducted under strict standards for processing and tax-
onomic consistency (Dutch et al., 2018). Bivalve death assemblages were rescued from the
same sediment grab samples processed for living assemblages, permitting us to directly test
the comparability of the preservable subset of the fauna with the whole fauna, including
the live-dead agreement of the bivalve subset of that fauna. Long-term biomonitoring has
demonstrated that these ten subtidal sites have been remarkably stable in community com-
position on this regional scale: scatter in ordination space produced by temporal variation

over the last three decades is small relative to the separation among stations, despite other



evidence of overall deteriorating conditions across Puget Sound (Partridge et al., 2018). This
tension of compositional stability, and the possibility of using death assemblages for insights
into community states before the onset of monitoring, motivated this collaboration: the test
of shelly fauna as surrogates of the whole fauna is an important first step both in assessing

the reliability of fossil data for local use and developing a protocol for wider application.

1.3 Methods

1.3.1 Study area

Puget Sound is a fjordic estuarine system in Washington State that, along with the Strait of
Georgia and Strait of Juan de Fuca, makes up the Salish Sea (Figure 1.1), and was formed by
the southernmost lobe of the Cordilleran Ice Sheet during the Fraser and Vashon glaciations
(~20-15 ka; Booth, 1994). Puget Sound is the second-largest estuary in the United States
by area (2,600 km2) after Chesapeake Bay (11,600 km?), but has considerably greater mean
and maximum water depths (140 m and 280 m, respectively) than Chesapeake Bay (7 m and
53 m) and accommodates 250% more water by volume. Macrotidal flushing from the Sound
through the Strait of Juan de Fuca to the Pacific Ocean facilitates the import of cold bottom-
waters that circulate into major basins of the Sound, with the result that sediment-dwelling
macrobenthos encounter fully saline, oceanic waters notwithstanding freshwater-influenced
surface lenses (Moore et al., 2008). This flushing is complicated, however, by a series of
narrow, silled chokepoints between basins that slow the circulation of water considerably
towards the terminal ends of the Sound (Khangaonkar et al., 2011; but see MacCready et al.,
2021). The numerous coastal inlets and deep basins within the greater Puget Sound area (US
waters of the Salish Sea, henceforth ‘Puget Sound’ for brevity) thus provide a complex array
of intertidal, shallow subtidal, and deep subtidal habitats in a hydrographic estuary, with

diverse sediment facies and naturally variable hydrologic conditions (e.g., dissolved oxygen,



salinity). The Sound also presents a complex pattern of development in adjacent watersheds,
which range from rural to suburban, industrial (historically ore, forestry, military), and
densely urbanized cities such as Seattle and Tacoma (Figure 1.1).

Benthic macroinvertebrate communities in Puget Sound have been relatively well-documented
since the 1960s by a combination academic (Lie and Evans, 1973), federal (Nichols, 2003),
and, over the last 30 years, state agencies (Dutch et al., 2018). Since 1989, ten ‘sentinel’
stations located across Puget Sound have been monitored by the Marine Sediment Moni-
toring Team at the Washington State Department of Ecology (ECY), focusing on benthic
communities, sedimentology, and chemical contaminants as part of the Puget Sound Ecosys-
tem Monitoring Program (PSEMP). These ten sentinel stations were selected from a larger
set of stations sampled until 1995 because they represent distinct habitats from which dis-
tinct benthic communities were observed. PSEMP data reveal long-term declines in benthic
condition based on a ‘sediment quality triad index’ that uses community composition (whole
fauna), sediment toxicity (using echinoid fertility and amphipod mortality tests), and a suite
of chemical contaminants (Long and Chapman, 1985). However, causal mechanisms for this
decline have been difficult to identify (Partridge et al., 2018; Weakland et al., 2018). The
PSEMP protocol has thus recently been revised to assess a broader suite of variables in-
cluding macroinvertebrate biomass, nutrients, and stable isotopes to investigate additional
possible stressors (Dutch et al., 2018). The overall decline in Puget Sound benthic quality
detected by PSEMP since 1989 involved increased toxicity despite no change in contaminant
levels, and significant declines in richness and total invertebrate abundance in several areas
within the large network of sites (Partridge et al., 2018). However, the annually-sampled
set of ten sentinel sites used here exhibited relative stability over this period, despite strong
fluctuations in different taxa at different sites: habitat-level differences in sediment grain
size and water depth are the strongest correlates of community composition, with date of

sampling a secondary and much smaller effect (Figure 7 in Partridge et al., 2018).



1.3.2  Data preparation

The dataset of living assemblage composition used here comes from ECY samples acquired
in the years 2017 and 2018, aggregated to achieve adequate sample sizes, at each of ten,
long-established monitoring stations in Puget Sound (Figure 1.1), using the entire living
macroinvertebrate community (henceforth ‘whole fauna’). Sampling followed the Puget
Sound Estuary Protocol (PSEP, 1987), which is standard among many agencies along the
US Pacific Coast. Samples were collected using a 0.1-m? van Veen grab with a minimum
sediment penetration of 5 cm (Puget Sound Estuary Program, 1987). Sediments were sieved
through 1-mm mesh on deck with seawater, fixed in 10% formalin, and then exchanged into
70% ethanol within 3-7 days. ECY taxonomists sorted and identified all invertebrates to the
species level, when possible, with reference to a library of voucher specimens; coordination
with taxonomists at other agencies in the Pacific US (SCAMIT, 2021) has also contributed
to taxonomic consistency.

Dead bivalves were sorted from the dried sediment residue of two years of benthic samples
at the same sites collected in the years 2018 and 2019: the death assemblage had not been
saved from the 2017 samples and the living whole fauna from 2019 was not yet available.
This sediment residue is typically discarded by agencies after living macroinvertebrates have
been removed. All bivalve shells with an identifiable hinge were counted as individuals,
whether the valve itself was whole or fragmented, and were identified taxonomically to the
finest resolution possible. Each fully disarticulated valve or hinge fragment was considered
as coming from a different living individual, following the reasoning of Gilinsky and Ben-
nington (1994) and standard protocol for live-dead analysis of mollusks of Kidwell (2009):
no correction for the number of skeletal units per living individual (e.g., Kowalewski and
Hoffmeister, 2003) was needed because only bivalves were considered. However, to avoid
conflating the population-density data for living bivalves and time-averaged abundance data

for dead bivalves, we avoided direct comparisons of raw counts and instead used proportional



abundances for all analyses unless otherwise indicated.

From the original whole fauna dataset, new species-level abundance tables were extracted
analytically for polychaetes, malacostracans, and bivalves. A fifth table was produced using
species-level abundance data from the rescued dead-shell assemblages. Species from each of
these five tables were then coarsened to create abundance tables for genera, families, and
orders. Each abundance table was then subjected to four different data transformations
that successively reduce the influence of dominant taxa and increase the influence of rare
taxa: non-transformed proportional abundances, square-root transformed, fourth-root trans-
formed (the preferred transformation adopted by ECY and widely used in surrogacy studies;
Partridge et al., 2018), and binary presence-absence. While the first three of these trans-
formations preserve the abundance structure of the data, presence-absence represents a true
test of numerical sufficiency as it does not rely on knowledge of the underlying count data.
We note that other transformations commonly applied to ecological data, such as log and

arcsine, could also be tested. Our focus on the series x1, x0-2, xV-25

, and x¥ instead allows us
to measure the effects of progressively severe transformations — increasing deviation from the
original abundance structure — using the same mathematical operator. A log transformation
should moreover not be judged a priori as more or less severe than an n-root transformation
(although log(x+1) has been argued to be equivalent to xU-2°; Clarke and Warwick, 2001),
whereas we can be confident that fourth-root transformed data will always be less correlated
to non-transformed data than will be square-root transformed data. Additional transfor-
mations that would qualify as methods of numerical sufficiency such as semi-quantitative
ordinal abundances(e.g., common, rare) were not assessed because the number of ordinal
categories and their abundance ranges are largely at the discretion of the investigator.
Distance matrices for each of these surrogate abundance tables were generated using

Bray-Curtis dissimilarities (Jaccard in the case of presence-absence) among the ten moni-

toring stations. This work produced 80 distance matrices (5 subsets x 4 resolutions x 4



transformations), with 79 of these serving as ‘surrogates’ of the original, benchmark matrix

(proportional abundances at the species level for the whole fauna).

1.3.83  Data analysis

Richness (the raw count of taxa), abundance (raw number of individuals), and evenness
(abundance distribution among taxa) for each surrogate dataset were calculated both at
the station scale (i.e., at each of the 10 stations) and at the regional scale, that is, after
aggregating station-level abundances together. Richness values were converted into the ratio
of higher taxa over the number of species (T/S) for genera (G/S), families (F/S), and orders
(O/S). T/S values range from >0 to 1, with 1 indicating that all members of the higher
taxon are monospecific. Abundance values were converted into the ratio of the abundance
of individuals in the subset over the abundance in the whole fauna (N/W). N/W values
range from >0 to 1; a value of 0.5 would indicate that the subset represents 50% of all
individuals in the whole fauna. We expressed evenness as the probability of interspecific
encounter (PIE; Hurlbert, 1971), which is relatively insensitive to sample size and richness
>n~5 (Olszewski, 2004). PIE values have a potential range from 0 to 1, with 1 indicating
a perfectly even community (same number of individuals per taxon) where individuals of
any species are equally likely to be randomly sampled. T/S, N/W, and PIE were compared
among surrogate datasets using the regional-scale values and the medians and interquartile
ranges (IQR) of station-scale values.

Spearman rank correlation coefficients (p) between all pairwise combinations of Bray-
Curtis distance matrices were calculated and tested for significance using Mantel tests with
999 permutations (Mantel, 1967). Coefficients can range from -1 to +1. A pairwise correla-
tion of +1 would indicate that the Bray-Curtis distances among stations for two surrogate
datasets are in perfect rank order: put another way, the two surrogates would produce iden-

tical non-metric multidimensional scaling ordinations (NMDS). We assessed the effects of



each surrogacy method on the perception of compositional variation among sites (see Table
1.1) by evaluating p values varied by treatments among the full set of pairwise comparisons.
First, taxonomic sufficiency was evaluated using the p values generated by comparing matri-
ces of species-level data with those for higher taxa while holding both the subset and data
transformation level constant. Second, taxonomic subsetting was evaluated by using the
p values generated by comparing the whole fauna and each surrogate subset while holding
both the taxonomic resolution and data transformation level constant. Third, the effects of
data transformations (and numerical sufficiency in the case of presence-absence data) were
evaluated using the p values generated by comparing matrices based on proportional abun-
dances with those based on more severe data transformations while holding both taxonomic
resolution and subset constant. Finally, the composite effect of all three surrogacy methods
was evaluated using p values generated by comparing the original dataset (species-level whole
fauna using proportional abundances) to all surrogate matrices.

In a procedure known as a second-stage analysis introduced by Somerfield and Clarke
(1995), pairwise p values were themselves compiled into distance matrices by rescaling p
such that D, = (1~ p) / 2, where D, is the distance between two surrogates (see Figure 1.2
for schematic diagram). A coefficient of perfect correlation (p = +1) thus corresponds to a
D, = 0. The new distance matrices were then used to generate ‘second-stage’ NMDS. Each
point in this ordination represents an entire surrogate’s distance matrix, not the positions
of individual samples that are plotted by first-stage, ‘conventional’ ordinations. The more
closely that two points plot to each other, the higher their pairwise p value relative to that
with other surrogates. Second-stage NMDS was performed separately for each of the five
taxonomic subsets (16 matrices each subset, i.e., 4 resolutions x 4 data transformations) and
then re-run to combine all 80 surrogates simultaneously. Differences between the multivariate
means of all surrogates grouped by taxonomic resolution, subset, and data transformation

were tested using 1-way analysis of similarity (ANOSIM; Clarke, 1993) based on the ranked
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distances of the matrix used to generate the combined second-stage NMDS. To test whether
patterns observed from the combined second-stage NMDS were consistent across the 30-year
time series of available community data, we performed analyses for each 2-year aggregation of
the living community and calculated the correlation between resulting second-stage distance
matrices to that of the most recent living community (2017-2018).

All analyses were conducted in the statistical environment R version 4.2.0 (R Core Team,

2023).

1.4 Results

1.4.1  Taxonomic structure of the macrobenthic fauna

The whole macrobenthic fauna sampled in the two annual samples of 2017 and 2018 com-
prised 22,713 individual organisms drawn from 319 species, 240 genera, 146 families, 74
orders, 25 classes, and 15 phyla (Table 1.2). Polychaetes were the most abundant (4,817
individuals, 43% of the whole fauna) and diverse class (157 species, 49% of the whole fauna).
Malacostracans were second in diversity (61 species, 19% of the whole fauna), but third in
abundance (433 individuals, 4% of the whole fauna). Bivalves were third in diversity (33
species, 10% of the whole fauna), but second in abundance (4,367 individuals, 39% of the
whole fauna). Dead bivalves acquired from annual samples in 2018 and 2019 comprised 5,337
individuals and 43 species.

T/S ratios predictably and significantly declined from genera to orders based on visual
separation of IQRs (top row, Figure 1.3). Trends in T/S for the whole fauna and polychaetes
steadily declined to ratios of 0.23 and 0.12, respectively. Malacostracans had a notable
decline between families (0.59) and orders (0.11). Living and dead bivalves had similar
station- and regional-scale patterns and declined less strongly than did other subsets and

the whole fauna. Polychaetes, living bivalves, and dead bivalves had similar regional-scale
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N/W ratios (middle row, Figure 1.3). Note that N/W ratios do not change at different
taxonomic resolutions, because the same number of individuals are used regardless of the
resolution assessed. PIE values at the station- and regional-scale were higher and less variable
for the whole fauna and polychaetes compared to malacostracans and bivalves and exhibited
scant differences among taxonomic resolutions (bottom row, Figure 1.3). Regional-scale PIE
values for malacostracans were high from the species to family levels (>0.9), but declined
for orders (0.8). Living and dead bivalves had the lowest PIE values at the regional-scale

(<0.8), and also exhibited no differences among taxonomic resolutions.

1.4.2  Effects of surrogacy techniques

Focusing on the effect of taxonomic sufficiency (see Table 1.1): Spearman p values between a
distance matrix based on species-level data and those based on higher taxonomic resolutions
varied by subset but were minimally affected by data transformation (top row, Figure 1.4).
All surrogate matrices of the whole-fauna had high p values (>0.8) with their species-level
version. For polychaetes, genera had strong correlation to species, but p values dropped
for families and orders. Correlations also declined strongly with taxonomic resolution for
malacostracans, with p values for orders ranging from 0.25 to 0.6, depending on the severity
of data transformation. Living bivalves had strong correlations up to the family level, but
then declined slightly for orders. Finally, dead bivalves had strong correlations with their
species-level version at all taxonomic resolutions, although p values notably declined at the
genus level using proportional abundance data. All correlations were significantly positive
based on Mantel permutation tests (p < 0.05).

Concerning the effect of taxonomic subsetting, Spearman p values between the whole
fauna and the four taxonomic subsets demonstrated that polychaetes were the strongest
surrogate for most levels of taxonomic resolution and data transformation (second row,

Figure 1.4). Living and dead bivalves exhibited moderate p values to the whole fauna, and
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malacostracans were notably weak surrogates for all resolutions and data transformations
(all p < 0.4). Most surrogate matrices for malacostracans were not significantly correlated
to their whole-fauna counterparts.

Concerning the effect of numerical sufficiency, Spearman p values between a matrix of pro-
portional abundance data and all other transformations of that same subset and resolution
demonstrated consistent weakening of correlation with increased severity of data transforma-
tion (third row, Figure 1.4). Generally, square-root transformed data were strongly correlated
to proportional abundance data, whereas fourth-root transformed data and presence-absence
data each decreased correlations detectably. Correlations using presence-absence data for
living and dead bivalves were particularly low, with several species- through order-level com-
parisons losing significance.

For the composite effect of all three surrogacy methods, Spearman p values for compar-
isons with the original dataset, all three methods had detectable effects (bottom row, Figure
1.4). Surrogates using polychaetes had strong to moderate p values for all resolutions and
data transformations. Surrogates using malacostracans exhibited the weakest correlations,
most of which failing to demonstrate significance. Surrogates using living and dead bivalves
were moderately correlated with the original dataset except when using presence-absence

data.

1.4.8 Comprehensive patterns of inter-matriz correlations

For each taxonomic subset, second-stage NMDS plots of inter-matrix correlations — where
points separate according to the distinctness of surrogate datasets, not samples within a
surrogate dataset — all produced ordinations where the axes were reflected by the effects of
taxonomic and numerical sufficiency (top row, Figure 1.5). The first NMDS axis for the whole
fauna, living bivalves, and dead bivalves were ordered by the severity of data transformation

(proportional abundances to presence-absence) from left to right. The second NMDS axis
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for these three sets generally defined a gradient of taxonomic resolutions, with species and
genera at the negative end of the axis (bottom of plots) and families and orders at the
positive end (top). Polychaetes and malacostracans exhibited a “fanning-out” pattern such
that species-level matrices were positioned in the lower right quadrant of each plot and higher
taxa of different data transformations progressively spread out towards the left.

For the combined second-stage NMDS — where all points (surrogate datasets) are dis-
played in a shared ordination space — the first NMDS axis was defined by clusters of tax-
onomic sets (bottom row, Figure 1.5). From left to right, living bivalves, dead bivalves,
polychaetes, and the whole fauna were only slightly separated from each other at the neg-
ative end of the axis, whereas malacostracans plotted on the positive end of the axis, far
from all other subsets. The second NMDS axis generally defined a gradient of data trans-
formation severity, with matrices based on proportional abundances plotting at the negative
end and those based on presence-absence plotting on the positive end. This vertical gradient
was apparent for all sets except malacostracans: their matrices differentiated by taxonomic
resolution (i.e., same set and data transformation) formed tight clusters with no apparent
directionality. ANOSIM tests of inter-matrix differences in correlations (Table 1.4) cor-
roborated the visual patterns from second-stage NMDS. Differences among matrices were
significant based on taxonomic subset (R = 0.74, p < 0.001) and less strongly so for data
transformation (R = 0.08, p = 0.003). Differences among matrices based on taxonomic
resolution were not significant (Table 1.4).

Finally, rerunning the second-stage NMDS analyses for all two-year sets of the living
assemblages from the full 30-year time series produced the same overarching pattern as
described in detail above for the 2017-2018 set of living assemblages. Polychaetes were
always the strongest surrogate subset of the whole fauna, followed by bivalves, and trailed by
poorly-performing malacostracans. Importantly, in each of these replicate tests, the distance

matrices produced by bivalve death assemblages collected in 2018-2019 were consistently
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congruent with those of living bivalves. The consistency of results across the 30-year time
series is summarized succinctly by high correlation coefficients (p > 0.8) between second-
stage distance matrices produced using older sets of living assemblages and that produced

using the 2017-2018 set (Figure 1.6).

1.5 Discussion

The aim of this study was to assess the ability of three surrogacy methods — all commonly
adopted to streamline sample processing — to predict the original inter-station compositional
distances exhibited by the whole fauna: are the compositional distances among stations
observed using species-level data for the whole fauna retained when data are coarsened to
genus or higher resolution, and /or transformed toward presence-absence, and/or subsetted to
focus on a single class? In addition, how closely does the local dead-shell assemblage (and its
surrogates) mirror the counterpart subset of the whole fauna, relevant to using this usually-
discarded part of benthic samples for insights into ecological history? Methods of surrogacy
were evaluated for both their individual effects and their effects in various combinations,
and they were applied to the class Bivalvia using both living and dead-shell-based data.
Importantly, our analyses assess the ability of surrogates to preserve compositional distances
among stations over a regional scale: we do not assess the ability of surrogates to detect
a known spatial or environmental gradient (i.e., contrary to Tyler and Kowalewski, 2017,
and Kokesh et al., 2022) nor their power when formulated as benthic quality metrics (e.g.,
Tweedley et al., 2014; Dietl et al., 2016; Pruden et al., 2021).

Our analyses could be improved by including additional monitoring stations despite the
wide range of depths and substrates the dataset encompasses within Puget Sound (Table
1.2). However, counterpart analyses of the ability of surrogates to capture regional patterns
are definitely needed in other study systems, the better to assess the power of surrogates on

local scales, including the generality of the results here. Our discussion focuses on directions
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needing additional research and some ways to accelerate that progress, such as focusing
analyses on gradients in clearly important biological factors, such as the number of species

per higher taxon, relative abundances of subset clades, and community evenness.

1.5.1  Tazxonomic sufficiency: Coarser resolutions are effective surrogates

Variation in compositional distances among stations was reliably preserved despite the coars-
ening of taxonomic resolution using most taxonomic subsets — i.e., all correlations were
significant — even though p values did decline with increased coarsening (first row, Figure
1.4). These results corroborate the findings of numerous earlier studies that inter-matrix
correlations do decline with increased taxonomic coarsening (Olsgard and Somerfield, 2000;
Wtodarska-Kowalczuk and Kedra, 2007; Bertasi et al., 2009; Bevilacqua et al., 2009), but
that family-level identification generally provides a suitable approach to taxonomic surro-
gacy for the whole fauna (Jones, 2008; Heino, 2010; Pitacco et al., 2019). We found that
family-level data were comparable to genus-level data for both living and dead bivalves, even
though it was weaker than genus-level data for polychaetes and malacostracans. The ob-
served variation among subsets in their robustness to taxonomic coarsening suggests that one
should test their retention of power prior to enacting this surrogacy method into practice.
In addition, taxonomic sufficiency is a relatively conservative surrogacy method compared
to taxonomic subsetting (see next section), as demonstrated here via second-stage NMDS
(Figure 1.5) and discovered earlier by Mellin et al. (2011) using meta-analysis.

The declining power of surrogates with taxonomic coarsening observed here is likely
related to the packing of species into higher taxa (e.g., Heino and Soininen, 2007; Bevilacqua
et al., 2012; de Oliveira et al., 2020). We found that the decline of p values with coarsening
resolution (top row, Figure 1.4) were commensurate with declines in the T/S ratio (top row,
Figure 1.3). Others have postulated that a T/S ratio > 0.4 (also reported as a S/T ratio <

2.5) signals that the higher taxon will be able to sufficiently mirror patterns among samples
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detected using species-level data (Timms et al., 2013). That approximate value has also
been identified as a threshold in other systems (Albano et al., 2016; Kokesh et al., 2022).
This study thus adds support for the growing consensus that there exists a minimum T /S
ratio above which higher taxa are likely to be effective surrogates for species-level patterns,
providing a rapid means of predicting success, although this threshold might vary among
biological systems (Heino, 2014).

Relevant to the paleoecological potential of taxonomic sufficiency, our finding of partic-
ularly strong correlations of species to higher taxa of dead bivalves at multiple resolutions
supports the common practice of evaluating fossil assemblages at the resolution of genera
or families: such coarsening produces compositional patterns similar to those of species-
level information, as also found by others using exclusively fossil data (Forcino et al., 2012;
Zuschin et al., 2017). The persistence of live-dead patterns in Puget Sound despite this small
magnitude of taxonomic coarsening on live-dead patterns has also been recognized elsewhere
(e.g., Albano et al., 2016). We suspect, however, that the power of taxonomic sufficiency will
vary over space and time in both modern and ancient faunas, including a likely latitudinal
gradient. For example, S/G ratios of living bivalves are particularly high in the tropics and
low in boreal settings (Krug et al., 2008), both regions where relatively few sufficiency tests

have been conducted compared to mid-latitude settings.

1.5.2  Tazxonomic subsetting: Well-represented subsets are effective surrogates

Subset clades exhibited disparate strength as surrogates for the whole fauna, but polychaetes
were the most powerful (second row, Figure 1.4), as has been found in numerous tests
of class-level subsets in marine benthos (Olsgard et al., 2003; Wtodarska-Kowalczuk and
Kedra, 2007; Kokesh et al., 2022). This high fidelity of polychaetes is usually attributed to
their comprising the majority — sometimes the overwhelming majority — of individuals and

species richness in soft-sedimentary seafloors. However, polychaetes were closely followed in
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Puget Sound by bivalves, both alive and dead, by total abundance and were only distantly
trailed by malacostracans, despite that group being second-ranked in richness in the Puget
Sound regional dataset (second row, Figure 1.4). In general, taxonomic subsetting has been
generally found to be less effective, reliable, and/or consistent as a method of surrogacy
than has taxonomic sufficiency (coarsening), based on other studies using the same clades as
examined here (e.g., Wlodarska-Kowalczuk and Kedra, 2007; Bevilacqua et al., 2009; Mellin
et al., 2011; Gladstone et al., 2020). Nonetheless, given the observed variation among subsets
in their robustness to taxonomic coarsening, we would suggest that their ability to preserve
patterns be assessed prior to putting this (or any other) surrogacy method into practice.
Thus, although the results here are very positive for bivalves in particular, their reliability
should be tested locally prior to formalizing surrogacy in a protocol. Such tests could repeat
the same methods described here but use a limited number of stations or a single historic
survey to produce a benchmark whole-fauna matrix by which to test for the reliability of
subsets.

Additional research is also needed to identify the biological properties of taxonomic sub-
sets that convey reliable surrogacy power: these determinants are underexplored compared
to those that allow a subset to retain power despite coarser resolution (previous section).
One promising attribute is the proportional abundance of the subset within the whole fauna
(e.g., Dietl et al., 2016). For example, we found that taxonomic subsets declined in p values
(second row, Figure 1.4) congruent with declines in their median station-scale abundance
within the whole fauna (N/W; middle row, Figure 1.3): polychaetes (highest N/W) were
a more powerful surrogate subset of the whole fauna than were either living or dead bi-
valves, which were both more reliable than malacostracans (lowest N/W). Malacostracans
are represented by more species than bivalves in this dataset, but the potential leverage of
that diversity apparently cannot compensate for their low station- and regional-scale abun-

dances. Thus, the ability of taxonomic subsets to serve as effective surrogates appears to
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be, at least partially, a function of their relative abundance rather than their absolute or
proportional richness in the whole fauna. It would be worthwhile to explore whether some
minimum threshold N/W exists that determines the utility of taxonomic subsets as sur-
rogates, even though this threshold might vary among biological systems (especially as a
function of community evenness or S/G ratios).

From this single test in Puget Sound, it is difficult to determine the importance of the
(quite large) sample size of dead bivalves (N = 5,337) on their performance as a surrogate.
Dead bivalves are not technically a subset of the living fauna but rather a cross-assemblage
surrogate of much coarser temporal scale. Moreover, their raw abundance might be gen-
uinely biased upward relative to the raw abundance of living bivalves due to our counting
disarticulated valves, although that effect on outcome is minimized by our using proportional
abundance data). Nevertheless, the high compositional congruence between living and dead
bivalves in Puget Sound, as judged by their overlapping clusters in ordination space (bottom
row, Figure 1.5), indicates that bivalve death assemblages have a power similar to that of
living bivalve subsets for recognizing compositional variation in the whole fauna, that is for

serving as surrogates of the whole fauna (see 1.5.4 below).

1.5.8  Numerical sufficiency and data transformation: The importance of

abundance data

We found that the severity of data transformation had a much larger effect on the strength of
different surrogates than did the coarsening of taxonomic resolution (third row, Figure 1.4).
Increasing the strength of data transformation resulted in sequential declines in correlation
with the original proportional abundances regardless of taxonomic (sub)set or resolution,
and downgrading abundance to presence-absence data had a particularly strong impact for
both living and dead bivalves, resulting in correlations that lacked statistical significance.

Although matrices based on different data transformations were notably separated in second-
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stage NMDS space (Figure 1.5), these effects were small compared to differences created by
taxonomic subsetting (Table 1.4).

Ecologists commonly transform data from their original, raw counts in order to better
meet the assumptions of univariate tests (usually an assumption of normality; St-Pierre
et al., 2018). All such transformations (other than proportional abundance) diminish the
influence of dominant taxa on compositional patterns and specifically amplify the role of
rare taxa — effectively, this operation artificially inflates the evenness of a community. Like
the predictive power of T/S for taxonomic sufficiency discussed above, the evenness of the
raw count or proportional abundance data matrix of a surrogate will determine the extent
to which data transformation will alter its composition. For example, the relatively low PIE
values (low evenness) observed for bivalve living and (especially) death assemblages here
(bottom row, Figure 1.3) indicate that data transformation should have a particularly large
effect, leveling the initially uneven effect of dominant and rare species on composition until,
with the extreme of presence-absence data, all species have equal individuals (PIE = 1). For
bivalves in Figure 1.4 (right two columns), data transformation in fact does have a strong
effect, accompanied by large decreases in p. In contrast, the whole fauna and polychaetes
both had high PIE values relative to bivalves (and malacostracans), and their correlation
(resemblance) to the original fauna were much less affected by data transformation, although
not immune to it (Figure 1.4). The particularly large decline in p values for bivalves (and
for order-level malacostracans; Figure 1.3) appears to correspond to an outsized response
to data transformation by assemblages having relatively low evenness (PIE < ~0.6). Thus,
PIE values for a surrogate’s raw count data can likely serve as an easily-acquired first-
order predictor of the magnitude of effect that data transformation will have on community
patterns.

Although square-root and fourth-root transformations are commonly employed for biolog-

ical data analyses (e.g., Thorne et al., 1999; Clarke and Warwick, 2001; Dethier and Schoch,
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2006; Dominguez-Castanedo et al., 2007; Vijapure and Sukumaran, 2019), these particu-
lar transformations do not themselves constitute true surrogates: they still require that
someone generated the underlying original abundance data. In contrast, ranked-abundance
(stepwise integers), ordinal abundance data (e.g., “rare”, “common”; “very common”, etc.),
and presence-absence data do represent methods that reduce effort during the data collec-
tion, and thus are all potential surrogacy techniques (e.g., Carneiro et al., 2010; Landeiro et
al., 2012). It should be noted that using numerical sufficiency as a surrogacy method comes
at the cost of reducing the range of possible analyses. For example, richness and binary
distance metrics like Jaccard similarities can be assessed accurately, but abundance-based
metrics such as rarefaction, similarity percentages (SIMPER; Clarke, 1993), and evenness
and dominance metrics become inviable. The objectives of a study or monitoring program,
the pre-determined scope of analytical methods, and the results from preliminary tests of

consistency among data transformations thus should all be considered in order to determine

whether the implementation of numerical sufficiency is acceptable.

1.5.4 DBwalve live-dead agreement and taphonomic caveats

Compositional variation in bivalve death assemblages among the ten Puget Sound stations,
where the whole fauna is documented to have been relatively stable since 1989 (Partridge
et al., 2018), was congruent with that of living bivalves based on all taxonomic resolutions
and data transformations assessed in this study (Figure 1.5). The ability of dead-shell
assemblages to mirror regional variation of bivalve living assemblages in Puget Sound is
thus very high, and moreover, is robust to taxonomic coarsening and to multiple levels of
data transformation. Bivalve death assemblages have been shown to preserve spatial and
environmental gradients in bivalve living assemblages in other systems of relatively pristine
or otherwise steady-state conditions (e.g., Warme, 1969; Tomasovych and Kidwell, 2009;

Martinelli et al., 2016; Hyman et al., 2019). Conversely, poor live-dead agreement in subtidal
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settings, commonly assumed to reflect postmortem information loss, is now appreciated as
being strongly correlated with a recent history of anthropogenic disturbance sufficient to have
offset the composition of the living assemblage from its long-term baseline state, which the
surficial time-averaged death assemblage retains a memory of (Kidwell, 2007). Stressors with
such power include eutrophication (Kidwell, 2007; Korpanty and Kelley, 2014; Leshno et al.,
2015; Gilad et al., 2018; Tweitmann and Dietl, 2018), biological invasion (Yanes, 2012; Chiba
and Sato, 2013; Steger et al., 2022), bottom trawling (Kidwell, 2009), various combinations
of stressors (Haselmair et al., 2021), and warming-associated environmental changes (Powell
et al., 2017; Meadows et al., 2019). We note that while live-dead congruence as found here
(i.e., living and dead bivalves producing similarly-structured distance matrices of among-
station variation) is not the same as live-dead agreement as conventionally determined (i.e.,
the living and dead bivalves having similar faunal composition), it nevertheless supports
the observational data for a stable community organization over the last 30 years at this
regional scale (Partridge et al., 2018). Indeed, the consistent results for all two-year sets of
the community time series and high correlation to the 2017-2018 set (Figure 1.6) suggests
that patterns of taxonomic surrogacy and live-dead congruence among bivalves have both
been stable attributes of the Puget Sound benthos for at least the last 30 years.

Based on annual monitoring, overall benthic conditions in Puget Sound are known to have
deteriorated over the last 30 years, especially in terminal inlets with poor water exchange
and especially using measures of sediment toxicity (Partridge et al., 2018; Weakland et al.,
2018). However, changes in benthic communities at the ten sentinel sites used here have been
modest and non-directional using compositional measures: most variation is among sites as a
function of habitat type, with only a small secondary effect of the date of sampling (Partridge
et al, 2018). That said, the ten sites have each exhibited variability including some strong
fluctuations in abundance over the 1989-2015 interval: some sites have shown an increase

(or a decrease) in total abundance or richness, and some have experienced an increase (or
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decrease) in a particular taxon (but usually different taxa at different sites) and none of these
faunal changes are correlated strongly with tracked contaminants (Partridge et al., 2018).
This variability and the uncertain causes stimulated a change in ECY’s monitoring program
to include additional environmental measures and increase the number of sites sampled
annually (Dutch et al., 2018). It was also a motivation for our collaboration, bringing death
assemblages into the evaluation, and thus for this initial investigation of surrogacy.

In light of this known but highly complex and spatially disparate history of community
age at these ten sites, which have nonetheless remained compositionally distinct, the high
live-dead congruence observed among bivalves suggests that the death assemblages have
experienced little net postmortem bias from processes such as lateral transportation and
differential preservation of shells. It also suggests that the time averaging of skeletal materials
has been either (1) very short, i.e., encompassing too few generations of shell input to
detect any past shifts in community composition that might have occurred before the onset
of monitoring, or (2) fairly long, but compositional changes within that interval of death
assemblage accumulation did not exceed the range of variation observed within the past 30+
years (i.e., the distance matrices of community composition have been stable for more than
30 years).

We do not yet have shell-age data to test these alternatives directly. Such data on the
window of time averaging (that is, the age of the oldest shells) and the temporal resolution
(IQR of the frequency distribution of cohorts) of a death assemblage is typically quantified
by radiocarbon or other direct age-dating of shells (for review, see Kidwell, 2013). The per-
sample cost and subsample size have declined over the last decade, but shell-age analysis still
requires funds and collaborations outside those generally on hand. It thus is still undertaken
only to address specific issues relevant to management that emerge from an initial live-
dead analysis, such as the date of disappearance of an abundant but dead-only taxon (e.g.,

Kowalewski et al., 2000; Albano et al., 2016; TomaSovych and Kidwell, 2017; LeClaire
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et al., 2022) and the persistence of an important habitat (e.g., Waldbusser et al., 2013;
Casebolt and Kowalewski, 2018; Hyman et al., 2019; Haselmair et al., 2021). The precise
scale of time averaging is not critical to the question here, nor has local shell-age data
accompanied surrogacy tests by others using live and dead bivalves (e.g., Schopf, 1978;
Tyler and Kowalewski, 2017), including surrogacy tests that suppose that dead-shells should
serve as good guides to gradients because the living mollusk subset does (Dietl et al., 2016;
Kokesh et al., 2022). Age data is in fact lacking in many valuable and almost certainly
correct inferences of benthic change based on live-dead discordance (e.g., Tweitmann and
Dietl, 2018). Thus, for an initial analysis of the local value of death assemblages, it can
suffice to appreciate that dead shells reflect the “past” to some degree, notwithstanding
uncertainties in the magnitude of time averaging, contrasting with the “now” represented by
living assemblages. This qualitative strategy of analogizing live/dead (or live/Quaternary
fossil, or core-top/core-bottom) with now/then underlies much of conservation paleobiologic
research and achievements, allowing us to acquire first-order insights before fully knowing
the geologic age and age-structure of the local shelly record.

Shell-age analysis is only now getting underway for Puget Sound bivalve assemblages.
However, geological inference suggests that time averaging might be quite limited in cold-
temperate Puget Sound, perhaps reflecting shell input largely from only the last few decades
— that is, encompassing the duration of biomonitoring but perhaps not much more. One
argument for such short time averaging is that the ratio of dead-to-live bivalve abundances
is only 1.2 to 1 (Table 1.3), which is much lower than the global median of 8:1 for tropical and
warm-temperate settings (Kidwell, 2013). This low ratio suggests relatively little accrual of
past generations in the surface mixed layer, which can have several non-mutually exclusive
explanations. One is that postmortem rates of aragonitic shell disintegration are high, which
we would suspect for relatively cold waters like those of Puget Sound. A second explanation

for low dead-to-live ratios can be a high rate of sedimentation, which removes shells from the
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surface mixed layer via burial. Sedimentation rates in Puget Sound are, in fact, relatively
high at ~0.5-2 cm/yr based on 210Pb dating of sedimentary cores (Brandenberger et al.,
2011).

Data from other settings with high sedimentation provide the best basis for predicting
the scale of time averaging of Puget Sound bivalve death assemblages, pending direct dating.
For example, in subtropical siliciclastics of Texas coastal lagoons, with a sedimentation rate
of ~0.3 cm/yr, nearly all dead bivalve shells from the upper 0-10 cm of sediment were dated
as younger than ~10 years (Olszewski and Kaufman, 2015). In tropical lagoonal deposits of
the Great Barrier Reef with a sedimentation rate of ~0.6 cm/yr, the 95% confidence interval
of median shell ages from the uppermost 15 cm of sediment ranged from 2 to 167 years with
a maximum shell age of ~200 years old (Kosnik et al., 2015). Given that these are much
warmer-water settings with comparable sedimentation rates, these values probably define
the upper limit for time-averaging expected in the cold-temperate Puget Sound. Our best
expectation for Puget Sound is thus IQRs on the order of a few decades, with few old shells

extending more than ~100 years old.

1.5.5 Implications for conservation biology and paleoecology

Given that variation in living bivalves (a true subset of the whole fauna) demonstrated
strong correlation to the whole fauna, it follows that bivalve death assemblages, which map
so closely onto living bivalves, possess a similar capacity to that of living bivalves to approx-
imate the among-station compositional distances of the whole living macrobenthic fauna
in this system. Polychaetes are the strongest surrogate subset here (as they also are in
many other systems, see references above), but they and species-rich malacostracans lack
the preservation potential of bivalves under normoxic conditions and thus have little practi-
cal paleoecological potential. Albano et al. (2016) found species-level patterns of live-dead

agreement to be consistent up to resolutions of families, corroborated further with regard to
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the effects of data transformation in Miocene assemblages by Zuschin et al. (2017). Using
a different methodological approach, namely quantifying compositional variability among
environmentally-categorized groups of stations, Tyler and Kowalewski (2017) found that
molluscan death assemblages preserve the extent of variation among environments as re-
flected by the whole living fauna. This study introduces, for the first time, methods already
in wide use by applied ecologists for examining surrogacy (particularly second-stage NMDS)
and expands to include both living and death assemblages. Our results corroborate those of
previous fossil-focused investigations.

Our finding of the reliability of bivalve death assemblages supports their use for retro-
spectively evaluating human impacts on ecological systems. Conservation biologists typically
have to rely on long-term monitoring data to quantify ecological responses to historic hu-
man impacts, watching changes (decline, recovery) play out in real time (e.g., Borja et al.,
2006; Moritz et al., 2021). Even under the pressure of impending development, investigators
still typically employ a Before-After-Control-Impact (BACI) or Beyond-BACIT study design
(Underwood, 1991, 1994) to establish changes occurring over time, even if observations are
limited to only a few seasons. However, human stressors such as wastewater, dredging, and
harvesting often predate the onset of even dedicated monitoring efforts (Todd et al., 2019).
Demonstrating that shelly death assemblages are congruent with whole fauna, especially
their pattern of compositional variation across a region as tested here, encourages their use
as tools for estimating pre-monitoring (and potentially pre-impact) biological patterns. It
should, of course, be remembered that sampling for death assemblages inflicts the same
cost on living communities as if they were the target. The advantages of including death
assemblages in monitoring efforts are becoming increasingly clear, however, namely in in-
creasing the sample size of an important part of the benthic community, providing historical
perspective on conditions during past decades and centuries, and as undertaken here, es-

tablishing the conditions (species:genus ratios, clade representation, evenness, etc.) under
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which biologists in frontier areas might streamline monitoring to shelly clades alone.
Government-mandated, contracted, and non-profit monitoring programs might thus elect
to integrate the collection and processing of death assemblages as part of their routine ana-
lytical procedures or, as exemplified here by cooperation between The University of Chicago
and ECY, form an academic-agency partnership to explore an environmental issue of partic-
ular concern. ECY now saves rather than discards their sediment residue, allowing scientists
at Chicago to develop counterpart ecological information from the death assemblage to tackle
questions of mutual interest, such as this report. It also permits other applied and academic
analyses, now underway, such as establishing scales of time averaging and uncovering envi-
ronmental and species-level patterns of shell damage and loss, especially those relevant to
ocean acidification. The University currently archives the growing library of dead samples
from Puget Sound, as it does for counterpart material from cooperative agreements with mu-
nicipal agencies in southern California (e.g., Bizjack et al., 2017; TomaSovych and Kidwell,
2017; Leonard-Pingel et al., 2019). However, although agencies are typically required to
retain live-collected material for a set number of years, they cannot accommodate the much
larger volume of dead sieve residues, nor necessarily acquire funds for the labor of dead-shell
analysis, at least until a formal protocol is established with clear benefits. Relationships with
museums and other academic institutions are thus an important step. We strongly encourage
academics to be proactive in proposing such collaborative efforts: agency personnel already
have the necessary sampling operations in place and high-quality datasets on biological com-
munities and environmental parameters, sometimes over impressive spatial and/or temporal
scales as here and in southern California. Like all scientists, they like to see new value from
existing data, especially from samples they had been discarding, and educational benefits are
always important for public institutions. Additional mutual benefits — already experienced
from this ECY-University of Chicago partnership — include (1) projects and connections for

undergraduate and graduate students, who are also introduced to careers in applied science,
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(2) publicity of conservation paleobiology and novel academic-agency partnerships to the
public and stakeholders served by agencies, and (3) participation and authorship by agency
scientists on publications and deliverables that appeal to a readership of both academic and
applied scientists. Eventually, the ECY hopes that this cooperative effort, which extends
beyond this first report on surrogacy, will reveal new insights that better inform their moni-
toring efforts, including the detection of human stressors that predate the PSEMP program,
and encourage the implementation of new field methods (e.g., core sampling).

Although our focus here is on supporting modern-day efforts in conservation and environ-
mental management, these results are also encouraging for paleoecological inference in older,
pre-Holocene fossil records. The shelly component of a fauna cannot be used to directly
reconstruct the composition of the unpreserved soft-bodied fauna, but tests like this support
recognizing compositional variation of benthic communities more broadly, especially in the
Cenozoic and late Mesozoic (i.e., the realm of the mollusk-rich Modern Evolutionary Fauna;
Sepkoski, 1981; Rojas et al., 2021). By extension of death assemblages serving as a congruent
proxy for the Modern whole fauna, fossil assemblages might reliably reflect patterns of com-
positional variation of the unpreserved fauna that was surely present. Surrogates of many
types already have a long history of use in paleontology, for example using genus- rather than
species-level data and focusing community analysis on a single class (as is also often done
in community ecology, e.g., the dynamics of small mammals). Quantifying the confidence of
such surrogates for application in the fossil record is thus an important direction for future
research to better understand paleoecological variation among assemblages at basinal and

larger regional scales.

1.6 Conclusions

This cooperative study between academic paleontologists and applied agency ecologists

demonstrates that bivalve living and death assemblages are both reliable for recognizing
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regional-scale compositional variation of the whole macrobenthic fauna of Puget Sound, a
cold-temperate estuary with strong natural environmental gradients and potentially challeng-
ing taphonomic conditions. The success of surrogacy methods here, especially the suitability
of family-level taxonomy and of using proportionally abundant (not necessarily rich) subsets
of taxa, should promote the expansion of monitoring to new areas, where the costs and req-
uisite taxonomic expertise needed for whole-fauna analysis might otherwise be discouraging.
Such expansion can be an issue even in long-standing monitoring programs. We emphasize
the importance of testing for the sensitivity of different surrogates locally prior to or at the
onset of new monitoring programs, given variability in our results on numerical sufficiency
(simplification of taxonomic count data) and in local motivations (e.g., surrogates to mirror
the whole fauna versus identifying environmental gradients, or comparison with paleoecolog-
ical evidence from death assemblages and cores). The power of bivalve death assemblages to
detect regional compositional variation evident in the living whole fauna, despite potential
taphonomic filters on composition and taxonomic identification, are especially encouraging,
given the advantages of integrating paleoecological information with modern monitoring pro-
grams, a major thread in conservation paleobiology. Given that shelly death assemblages
are already encountered by the sampling gear used for living macrobenthic infauna, they are
a particularly inexpensive complement to long-term time-series data as well as a means of

getting a baseline estimate where long-term data are lacking.
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Figure 1.1: Map of the ten sampling station locations in the greater Puget Sound area, Wash-
ington State. Station identification numbers generally increase southwards. Inset images: a
van Veen grab with sampled sediment and living organisms (top) and processed residue con-
taining dead bivalve shells (bottom). Photos by ECY and B.S. Kokesh, respectively. Scale
bar for dead shell photo = 5 cm.
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Figure 1.2: Schematic diagram of the procedure used to quantify inter-matrix correlations
and produce second-stage NMDS among surrogate matrices. Starting with data tables for the
same set of samples based on different combinations of taxa and numerical transformation,
Bray—Curtis distance matrices are generated. These matrices can then be used to directly
compute first-order ordinations (where points represent each sample, site, etc.) as typically
performed. Correlation coefficients (p) calculated between each pair of distance matrices
are computed into a distance between matrices (e.g., p4p in blue is converted to DistgR).
These distances are then assembled into a matrix used to compute second-stage ordination
(where points represent different surrogate matrices). In the hypothetical example above,
the locations of samples 1-5 in the first-stage NMDS plots for data tables A and B are more
similar to each other than in C. Thus, the location of matrix C is strongly separated from
matrices A and B in the second-stage NMDS plot. After Somerfield and Clarke (1995).
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Figure 1.3: Univariate community metrics measured for surrogate assemblages at each sta-
tion. Top row: richness ratios as the number of supraspecific taxa to the number of species
(T/S). Middle row: abundance ratios as the number of individuals for each set over the
number of individuals from the living whole fauna (N/W). Note the different vertical scale
for dead bivalves. Bottom row: evenness as the probability of interspecific encounter (PIE)
using proportional abundance data. Black circles are values calculated when data from all
stations are aggregated. Boxplot whiskers extend to 5th and 951" percentiles. S, species; G,
genera; F, families; O, orders.
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Figure 1.4: Spearman coefficients (p) for inter-matrix correlations representing the effect of
each surrogacy method defined in this study. White-filled icons indicate correlations that
were not significantly different from zero (p > 0.05). Top row: each matrix is compared
to its species-level equivalent to test for taxonomic sufficiency. Correlations decline as the
surrogate’s resolution decreases. Second row: each matrix is compared to its whole-fauna
equivalent to test for taxonomic subsetting. Correlations are strongest for polychaetes, mod-
erate for bivalves, and poor for malacostracans. Third row: each matrix is compared to its
proportional abundance (minimally-transformed) equivalent to test for numerical sufficiency.
Correlation strength consistently decreases with increased severity of data transformation.
Bottom row: each matrix is compared to the species-level whole-fauna dataset using pro-
portional abundances (the “full” original dataset) to test for the combined effect of all three
surrogacy methods. S, species; G, genera; F, families; O, orders.
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Figure 1.5: “Second-stage” NMDS ordinations of inter-matrix correlations based on
Bray-Curtis distances. Top row: ordinations for each taxonomic set, demonstrating how
matrices based on different taxonomic resolutions (species to orders) and data transforma-
tions (proportional abundances, %, to presence-absence, P/A) plot along two ordination
axes. Bottom row: combined second-stage NMDS with surrogate matrices from all taxo-
nomic sets. Matrices using the whole fauna cluster near those using polychaetes, with living
and dead bivalves adjacent. Matrices using malacostracans strongly separate from the oth-
ers. Data transformation severity also follows the second NMDS axis for all sets except
malacostracans. The effect of taxonomic resolution on defining ordination space is weak, as
matrices from the same set and based on the same transformation cluster tightly. S, species;
G, genera; F, families; O, orders.
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Figure 1.6: Spearman coefficients (p) for correlations between second-stage distance matrices
using the 2017-2018 set of living assemblages and those using available 2-year sets from
earlier in the 30-year community time series. Mean and standard deviation for the entire set
of 2-year comparisons are in the upper left corner. Spearman p values are high (~0.8) across
the entire time series, indicating that patterns generated the 2017-2018 dataset described in
greater detail above have been consistent for the Puget Sound benthos over at least the past
30 years.
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Table 1.1: Terminology of different types of taxonomic surrogacy as defined in this study.

Term Definition
Surrogacy Reducing the effort required to assess a biota
Sufficiency Coarsening the detail /resolution/acuity of information

Numerical Sufficiency

Taxonomic Sufficiency

Subsetting

Numerical Subsetting

Taxonomic Subsetting

Coarsening the measure of abundance
(e.g., binary presence-absence or rank-abundances)

Coarsening the taxonomic units
(e.g., binning species into higher ranks or functional groups)

Narrowing the scope or breadth of information

Narrowing the number of specimens assessed
(e.g., limit to first 100 individuals processed)

narrowing the taxonomic clades assessed
(e.g., limit to a single class/phylum /functional group)

Table 1.2: Description of monitoring stations.

ID

Station Name

Water Depth (m) % Fines Latitude Longitude

13
21
29
34
38
40
44
49

Strait of Georgia 227 76 48.87025 -122.9784
Bellingham Bay 26 96.2 48.68397 -122.5382
North Hood Canal 28 15.3 47.83758 -122.629

Port Gardner 25 56.6 47.98547 -122.2428
Shilshole 200 82.6 47.70075 -122.454

Sinclair Inlet 13 85.2 47.54708 -122.6621
Point Pully 201 95.5 47.42833 -122.3936
Thea Foss Waterway 10 33.1 47.2613  -122.4373
East Anderson Island 21 11.9 47.16133 -122.6736
Inner Budd Inlet 7 76.8 47.07997 -122.9135
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Table 1.3: Summary of regional-scale macrobenthic community measures divided by taxo-
nomic sets and resolutions. Metrics are the number of taxa (T), ratio of the number of taxa
over the number of species (T/S), abundance of taxa (N), ratio of the abundance of taxa
over the abundance of the whole fauna (N/W), and evenness, expressed as the probability
of interspecific encounter (PIE). N and N/W do not change based on taxonomic resolution,
so they are printed only once per set under the Species column.

Species Genera Families Orders

Whole Fauna T 319 240 146 74
T/S 1 0.75 0.46 0.23
N 11,283
N/W 1
PIE  0.95 0.95 0.94 0.93
Polychaeta T 157 101 39 19
T/S 1 0.64 0.25 0.12
N 4,817
N/W  0.43
PIE  0.95 0.94 0.9 0.87
Malacostraca T 61 49 36 7
T/S 1 0.8 0.59 0.11
N 433
N/W  0.04
PIE  0.96 0.93 0.91 0.8
Bivalvia (Living) T 33 26 17 13
T/S 1 0.79 0.52 0.39
N 4,367
N/W 0.39
PIE  0.78 0.78 0.79 0.74
Bivalvia (Dead) T 43 35 19 15
T/S 1 0.81 0.44 0.35
N 5,337
N/W  0.47
PIE  0.76 0.74 0.75 0.73

Table 1.4: Summary of analysis of similarity results testing for the relative effect of different
surrogacy methods on the variation of inter-matrix correlations among surrogates. Significant
p-values are bolded.

ANOSIM test R p-value
Resolution 0.02 0.131
Subset 0.74 <0.001

Transformation 0.08 0.003
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CHAPTER 2
DETECTING STRONG SPATIAL AND TEMPORAL
VARIATION IN MACROBENTHIC COMPOSITION ON AN
URBAN SHELF USING TAXONOMIC SURROGATES

2.1 Abstract

Surrogates of macrobenthic assemblages, intended to alleviate the effort and taxonomic ex-
pertise required for monitoring, can take many forms, such as using coarser taxonomic levels
(‘sufficiency’) or only a subset of the whole fauna (‘subsetting’). Here, the power of both ap-
proaches to retain community-level patterns of spatial and temporal variation were evaluated
using an exceptionally long (47-year) infaunal dataset generated from monitoring wastewater
impacts on an urban shelf in southern California. Four taxonomic sets (whole infauna, poly-
chaetes, bivalves, malacostracans) were evaluated at five resolutions (species, genus, family,
order, functional guild) along a pollution gradient subdivided into two spatial bins based
on proximity to the wastewater outfall (near-field versus far-field) and three temporal bins
based on wastewater treatment phases. All taxonomic sets detected weakening of the spatial
gradient with improved wastewater treatment — communities became more similar in rich-
ness, evenness, and composition through time — and patterns were robust when coarsened
to families or guilds. Polychaetes mirrored (‘proxied’) whole-fauna patterns most accurately,
as expected since they constitute most of individuals and species. However, bivalves out-
performed all other sets in detecting (‘indicating’) the pollution gradient itself, owing to
their breath of feeding strategies. These results strengthen the consistently positive results
from taxonomic coarsening emerging from tests elsewhere and the caveats for taxonomic
subsetting: clade strengths serve different objectives. Comparable datasets should exist
in environmental agency archives elsewhere, promoting the general surrogacy model. For

monitoring programs still in their planning stage, regional insights could be acquired via
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analogous nested analyses of a single survey.

This chapter was originally published as: Kokesh B.S., Kidwell S.M., Tomasovych A., and
Walther S.M. Detecting strong spatial and temporal variation in macrobenthic composition
on an urban shelf using taxonomic surrogates. Marine Ecology Progress Series, 682:13-30,

2022b. doi:10.3354/meps13932.

2.2 Introduction

Intense urbanization of coastlines exerts an array of anthropogenic stresses on natural sys-
tems through resource harvest, landscape modification such as dredging and armoring, and
the input of excess nutrients and other contaminants (Todd et al., 2019). These inputs
include agrochemicals and fertilizers, industrial metals, and polycyclic aromatic hydrocar-
bons (PAHs) via stormwater, aquaculture, vessels, and municipal wastewater, with the latter
usually constituting the largest volume of inputs (Islam and Tanaka, 2004). The environ-
mental strain imposed by these human stressors is often evaluated by testing for before-after
changes and/or far-versus-near (control-impact) contrasts in the composition and structure
of benthic communities, which are sampled as part of sediment quality monitoring (e.g.,
Warwick, 1993; Gray and Elliott, 2009; Schiff et al., 2016). Such monitoring effort main-
tain a standardized quantitative sampling effort of both organismal abundance and diversity,
covers a broad range of taxonomic clades, and identifies organisms to the species level or
other fine-scale operational taxonomic units. Long-term programs extending a decade or
more are unusual but provide invaluable insights into biological responses over the history
of environmental stress (or stress alleviation) in a region (e.g., Borja et al., 2006; Stein and
Cadien, 2009; Gogia et al., 2014; Clare et al., 2015; Borja et al., 2016; Schwing et al., 2017;
Caswell et al., 2018). Such direct information is a kind of ‘gold standard’ for assessing the
trajectory, and thus by implication the present status, of a community or ecosystem.

However, biological monitoring places a high demand on taxonomic expertise and labor,
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especially in biologically diverse marine systems (Olsgard and Somerfield, 2000; Wtodarska-
Kowalczuk and Kedra, 2007). These expectations may potentially inhibit the establishment
of new programs, especially in poorly studied regions where assessment of human impacts for
public health and biodiversity conservation is urgent. In principle, these demands could be
alleviated by using “surrogates” of species-level data on the whole fauna if the reliability of
such surrogates in detecting the human impacts can be assumed (generalizing from studies
elsewhere) and further validated. Beyond the concerns evaluating biodiversity and ecosystem
health, the potential biasing effects of using surrogates is also important in historical ecology,
which typically has to focus on the subset of taxa that are most likely to have been reported
upon (e.g., commercial and sport taxa; Brind’Amour et al., 2014; Di Minin and Moilanen,
2014), and in paleoecology (our motivation), which typically has to rely on the subset of
taxa with greatest postmortem durability under ordinary conditions of slow burial that
characterize most marine environments (e.g., shelled mollusks, calcifying arthropods, and
bryozoans; Schopf, 1978; Tyler and Kowalewski, 2017).

Surrogates fall into two categories: (1) using genera or other taxonomic levels coarser
than species (‘taxonomic sufficiency’ sensu Ellis, 1985), and (2) using only a subset of the
whole fauna, for example focusing on a single class (‘taxonomic subsetting’; Table 2.1).
Both reduce the labor and time required to process a sample after sampling, but are rarely
evaluated together.

Taxonomic sufficiency has been the subject of innumerable tests in marine settings,
mostly finding that coarser taxonomic resolution suffices to detect both anthropogenic (War-
wick, 1988; Ferraro and Cole, 1992; Buss and Vitorino, 2010; Dimitriou et al., 2012; Stark
et al., 2014) and natural (Wtodarska-Kowalczuk and Kedra, 2007; Bevilacqua et al., 2009)
spatial gradients (for freshwater examples, see Jones, 2008 and Mueller et al., 2013, and for
terrestrial invertebrates, see Pik et al., 1999, and Souza et al., 2016). Non-Linnaean clas-

sifications such as morphospecies and functional guilds have also demonstrated promising
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results (Bhusal et al., 2014; Brind’Amour et al., 2014).

Tests of taxonomic subsetting have had more diverse objectives (Moreno et al., 2007).
In most studies, authors sought to identify a single clade either able to mirror variation in
richness or some other attribute of the whole fauna (i.e., a “proxy” for the whole fauna;
e.g., Olsgard et al., 2003; Magierowski and Johnson, 2006; Fontaine et al., 2015) or able
to efficiently detect a pollution or other gradient (an “indicator” group), even if it exhibited
poor congruence with the whole fauna (Magierowski and Johnson, 2006; Heino, 2010). Subset
surrogates thus fall into one of two types: ‘proxy subsets’ (good for mirroring the whole fauna)
and ‘indicator subsets’ (superior at detecting a particular environment or perturbation; Table
2.1).

How effective are both taxonomic sufficiency and subsetting modes of surrogacy, as well
as their interaction (i.e., subsets at multiple resolutions) at detecting spatial and temporal
gradients in anthropogenic disturbances? Here, an exceptionally long-term (~50 years)
and taxonomically consistent species-level macrobenthic database was used to test whether
surrogates upheld patterns observed using the whole fauna across a well-known anthropogenic
pollution gradient over successive phases of wastewater abatement. The dataset, which
consists of annual infaunal grab samples from 11 stations in 61 m water depth along the
Palos Verdes shelf in southern California since 1970, encompasses about 600 species from
11 phyla. Previous analyses of the full infaunal dataset, including municipal annual reports,
have demonstrated improvement in benthic conditions associated with enhanced wastewater
treatment (Stein and Cadien, 2009; LACSD, 2020).

This analysis takes opportunistic advantage of a dataset generated under a government
regulatory requirement to conduct long-term monitoring of benthic community health and
recovery in response to contamination reductions, and thus was not designed as a formal
research experiment. In contrast to a standard Before-After-Control-Impact “BACI” study

design (Underwood, 1991; 1994, and references therein), here the Before-After component is
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a temporal analysis over a history of wastewater effluent pollution reduction (Phase 1 with
only primary treatment, Phase 2 with partial secondary treatment, and Phase 3 with full
secondary treatment). Wastewater discharges to the Palos Verdes shelf began in the 1930s
and regulation only in the early 1970s, and thus benthic response to the onset and rise of
pollution is not known directly (but see a sediment-core based analysis of bivalve shells;
Leonard-Pingel et al., 2019). The Control-Impact component here is a spatial comparison
of far-field (“reference”) and near-field areas on the shelf relative to the pipe opening, with
those two areas defined by agency scientists on the basis of sediment chemistry in the 1970s.
Formal controls do not exist: no stations on the shelf have been free of pollution for the entire
duration of monitoring. The disadvantages of this necessarily less stringent design are, we
believe, outweighed by some unusual advantages, namely (a) an exceptionally long time series
(47 years) with (b) scrupulous taxonomic consistency despite turnover in agency personnel
(SCAMIT, 2021), (c) a strong expert-knowledge base for species biology in the region (Coan
et al., 2000; Macdonald et al., 2010; SCAMIT, 2021), (d) consistent, multiple sampled sites
in both near- and far-field areas over the entire duration, (e) consistent sampling methods,

and (f) holding water depth constant.

2.3 Methods

2.3.1 Study area

The Palos Verdes shelf in southern California has a long history of receiving wastewater
contaminants beginning with the 1937 opening of an ocean outfall in 34 m-deep water at
White Point; two Y-shaped outfalls dispersing wastewater at 60 m depth were later installed
in 1956 and 1966 (Figure 2.1). The 61-m outfalls remain in use and wastewater treatment
processes have continually improved since 1970 in anticipation of the passage of the US Clean

Water Act in 1972. Wastewater was initially subject only to primary treatment, and emission
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rates steadily increased with 201"

-century urbanization, with total suspended solids loadings
peaking at ~150,000 t/yr (Figure 2.2). Emissions of solids (to which most contaminants
adhere) began to decrease markedly after the onset of advanced primary treatment in the
1970s, with additional declines in solids and in biological oxygen demand following the onset
of partial secondary treatment in the 1980s and 1990s and full secondary treatment starting
in the 2000s. Despite a high volume of water outflow to the ocean over the last 50 years,
contaminants in the effluent are now well below allowable emission limits (LACSD, 2020).

This emission history created a strong point-sourced spatial gradient in sediment contam-
ination (Swartz et al., 1991; Eganhouse and Pontolillo, 2000) that extends mostly northwest
of the outfall area, deflected by the Southern California Countercurrent (Figure 2.1). The
sediments associated with the efluent discharge form a fine-grained, organic-rich mound as
thick as 60 cm near the outfall and include numerous contaminants including DDT and
PCBs (Stull et al., 1996; Lee et al., 2002). This contaminated sediment layer thins with
distance from the outfall; stations where a contaminated sediment layer was detected are
designated as near-field stations and those without such a layer are denoted as far-field (not
formal controls, because they likely experienced direct or indirect effects from contaminants
such as excess nitrogen in the fine sediments released prior to the onset of refined treatment
technologies; LACSD, 2020). Along the 61-m isobath today, sediment sampled from the
immediate near-field area is chemically undistinguishable from that in the far-field stations
to the northwest and southeast (Stein and Cadien, 2009; LACSD, 2020).

Long-term monitoring of macrobenthic communities using benthic grabs were conducted
on the Palos Verdes shelf by the Los Angeles County Sanitation Districts (LACSD) starting in
1970 and are ongoing. Their sampling grid comprises 44 stations: 11 bathymetric transects
each sampled at 30, 61, 152, and 305 m water depths (Figure 2.1). Infaunal and other
data from this standardized effort have revealed a significant and positive benthic response

to improved wastewater treatment, including increasing macrofaunal species richness and
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evenness (LACSD, 2020). The faunal composition has, throughout the grid, reached or
increasingly approached a reference condition as defined by the Benthic Response Index
(BRI), a metric based on the pollution tolerance and abundances of local species calibrated
to regional disturbance gradients (Smith et al., 2001), and as compared to other areas within

the Southern California Bight that are considered to be undisturbed.

2.3.2  Data preparation

LACSD sampled macrobenthic invertebrate communities from their full spatial grid from
1972 to the present, with the dataset used here encompassing 1972-2019. Samples were
collected semi-annually in February and August until 2006, after which the agency switched
to annual sampling during the summer. Samples were initially collected using Shipek grabs,
which were replaced by van Veen grabs after 1980; here, Shipek grab data have been trans-
formed to equal the volume of van Veen grabs by pooling three replicate Shipek grabs taken
at each station. Sediments were sieved through 1-mm mesh with seawater on deck, fixed in
10% formalin, and then preserved in ethanol.

Agency biologists sorted and identified all invertebrates to the lowest level possible, e.g.,
species. Taxonomic identities have consistently been standardized to a regional listing com-
piled and regularly updated by the Southern California Association of Marine Invertebrate
Taxonomists (SCAMIT, 2021), a volunteer group of regional professionals; the SCAMIT list-
ing is used by all regional municipal agencies and in the Southern California Bight Regional
Monitoring Program (e.g., Schiff et al., 2016). All species assignments in the dataset have
been updated to a single, internally consistent taxonomy (SCAMIT, 2021) for the present
analysis.

The analyses for this study focused only on samples from the 61-m isobath, which co-
incides with the efluent ports of the outfall that have been active point-sources since the

1950s. Each of the 11 stations along this middle-shelf isobath was categorized as either “near-
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field” (stations 5-8) or “far-field” (stations 0-4, 9-10) based on sediment chemistry conditions
during the first decade of monitoring (Stull et al., 1996), an assignment that reflects physi-
cal proximity to the outfall and the prevailing northwest-directed California Countercurrent
(Figure 2.1). Samples collected in February during years 1972-2005 were excluded, yielding
a dataset that consisted of one summer-time sample per station per year from 1972 through
2019 for a total of 1,939 samples.

This 47-year history was subdivided into three temporal phases based on the treatment
level of wastewater emissions: primary and advanced primary (Phase 1 in 1972-1983), partial
secondary (Phase 2 in 1984-2002), and full secondary (Phase 3 in 2003-2019; Figure 2.2). At
each station, samples were pooled by these intervals to create three temporal bins (referred
to as ‘phases’ below). The final dataset thus consisted of three temporal bins at each of 11
stations, which were assigned to one of the two outfall categories (spatial bins, referred to
as near-field and far-field ‘areas’ in Results). Although seabed conditions clearly improved
throughout the Palos Verdes sampling area over these decades of improving wastewater
treatment (LACSD, 2020), a decision was made to leave stations in their outfall categories
as originally defined based on conditions in 1972, allowing us to test the ability of surrogates
to detect weakening of the spatial gradient.

Given the stepwise decrease of emissions across the boundaries of treatment phases (Fig-
ure 2.2), the robustness of datasets to possible lags in benthic response were tested by
omitting the initial one or two years of data immediately following a change in treatment.
Omitting these data did not affect results significantly, and so all years of data were retained

in analyses.

2.3.83 Data analysis

All data extraction and analyses were conducted using R version 4.0.3 (R Core Team, 2023).

The original dataset was transformed to 20 surrogate matrices (henceforth called ‘sets’) for
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coarsened taxonomic levels and selected taxonomic subsets. First, species-level counts for the
whole fauna were aggregated into genus, family, order, and functional guild level counts (tests
at five levels of taxonomic resolution). Species were assigned to functional guilds (simply
‘guilds’ hereafter) following Macdonald et al. (2010), who grouped East Pacific species on
the basis of animal motility, life habit, food source, diet, and feeding mode. Species in our
dataset that were not listed by Macdonald et al. (2010) were omitted from guild analyses.
Although guild classifications are often found to be highly conserved within and among
related clades (e.g., bivalve families; Stanley, 1970; Collins et al., 2019), they should not be
viewed as equivalent to Linnean ranks. Using the assignment data from Macdonald et al.
(2010), 33 (10%) of the total 335 families in common with Macdonald et al.’s list contained
more than one guild (Table 2.2). However, no single genus in our dataset contained more
than one guild. Thus, our analysis of guilds represents a coarsening of resolution between
the levels of genus and family, but that coarsening is only slightly less than that represented
by families.

After taxonomic coarsening the species-level data into these five ranked-based matrices,
new matrices were extracted from each for the three most abundant classes represented,
namely Polychaeta, Bivalvia, and Malacostraca (three taxonomic subsets, to be compared
with the whole-fauna set). These three clades together represent ~90% of individuals in the
whole-fauna (Figure 2.3). We chose to assess this many subsets in order to determine whether
some behaved as proxy subsets and others as indicator subsets (Table 2.1). All procedures
that follow were applied to each of these 20 matrices — five resolutions of information for
three taxonomic subsets and for the whole fauna.

The distribution of the number of species within the five supra-specific categories (i.e.,
groupings higher than species level) was quantified as the ratio between the raw number
of species (i.e., richness S) over the number of genera (G), families (F), orders (O), and

functional guilds (FG) (e.g., S/G, S/F, S/O, S/FG). The smallest possible value of any ratio
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is 1, which indicates that the higher taxon is monospecific.

Richness and evenness were compared between near-field and far-field samples for each
treatment phase by comparing the median values and interquartile range (IQR) of one area
to the other. Richness was rarefied to the smallest sample size per taxon per treatment
phase to account for unequal abundances among the taxonomic sets (3,727 individuals for
the whole fauna, 1,783 Polychaeta, 285 Bivalvia, 44 Malacostraca). Evenness is expressed as
the probability of interspecific encounter (PIE; Hurlbert, 1971), which has low sensitivity to
sample size and richness. PIE values have potential to range from 0 to 1, with 0 indicating
a sample where all individuals are from a single taxon (i.e., the chance of two randomly-
selected individuals being different taxa is zero), and with a PIE value of 1 indicating that
individuals are equally distributed among all taxa.

Compositional variation among samples was assessed using non-metric multidimensional
scaling (NMDS) based on Bray-Curtis distances computed with square-root transformed
proportional abundances (Hellinger transformation). Bray-Curtis values quantify the com-
positional dissimilarity among stations on a scale from 0 to 1 (Bray and Curtis 1957). NMDS
ranks these distances prior to ordination on a fixed number of axes (here, k = 2). Com-
positional differences among near-field and far-field stations for each treatment phase were
also tested using permutational multivariate analysis of variance (PERMANOVA; Anderson,
2001). R2 values, generated by PERMANOVA, which measure the amount of variation ex-
plained by sample categorization of near-field and far-field conditions, were compared among
sets to assess the relative strengths of surrogates to delineate the near-field region of the shelf
during each phase of wastewater treatment.

The contributions of individual taxa to the Bray-Curtis dissimilarity between near-field
and far-field communities for each set were calculated using the similarity percentage pro-
cedure (SIMPER,; Clarke, 1993). To quantify the proportion of taxa that contribute most

to dissimilarity for each set, the number of taxa that met increasing levels of cumulative
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contribution (25%, 50%, and 75%) was divided by the total number of unique taxa. Higher
proportions at contribution thresholds indicate that a higher number of taxa are needed to

account for the observed dissimilarity.

2.4 Results

2.4.1 Taxonomic structure of the macrobenthic fauna

The 'whole fauna’ dataset comprised 536,056 individual organisms across 1,277 species, 722
genera, 347 families, 120 orders, 34 classes, and 13 phyla, and these species encompass 86
guilds (Table 2.3). The three focal classes comprised 89% of all individuals, with polychaetes
encompassing 61%, bivalves 17%, and malacostracans 10% (left panel; Figure 2.3). These
three classes also comprised 72% of all species: 42% for polychaetes, 7% for bivalves, and
23% for malacostracans (right panel; Figure 2.3). Seven of the ten most abundant classes
were also the highest in species richness.

Polychaetes were the most speciose per higher taxon and bivalves were the least speciose
subset (Table 2.3). For example, the species/genus (S/G) ratio for polychaetes was 2.2 as
opposed to 1.8 for the whole fauna, and 1.4 for bivalves. Per-family species richness for
polychaetes (S/F = 11) was ~3 times higher than other subsets and the whole fauna (S/F
= 3.1-3.7), and per-order species richness of both polychaetes and malacostracans was ~3
times higher than the whole fauna (S/O = 33.7, 36, and 10.6, respectively). Bivalves were
the least speciose subset at all levels, with the contrast increasing at successively higher
levels (Table 2.3).

Considering the whole fauna, guilds included larger numbers of species than did orders
(S/FG = 14.9, S/O = 10.6; Table 2.3). In each taxonomic subset, the S/FG ratios typically
fell between the S/F and S/O levels. The polychaete S/FG ratio (15.8) most closely resem-

bled that of the whole fauna (14.9), while those of bivalves and malacostracans were notably
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smaller (S/FG of 7.4 and 9, respectively).

2.4.2 Temporal and spatial variation in richness

Temporally, rarefied species richness increased with improved wastewater treatment in all
four taxonomic sets — the whole fauna and three class-level subsets (first column in Figure
2.4). Richness of the whole fauna, polychaetes, and bivalves exhibited stepwise increases
across each phase boundary; a gain of ~100 species by the whole fauna, ~50 by polychaetes,
and ~10 by bivalves. Malacostracans exhibited a large increase from Phase 1 (1972-1983)
to Phase 2 (1984-2002), but negligible change from Phase 2 to Phase 3 (2003-2019).

Spatially, with the exception of the bivalve subset, species richness was lower at near-field
than at far-field stations, with the contrast strongest during Phases 1 and 2 and smallest
during Phase 3 (Figure 2.4). Bivalves exhibited no difference in richness between near-field
and far-field stations during any of the treatment phases.

These species-level differences in richness over time and between areas persisted with
taxonomic coarsening to the family level, although family-level polychaete data dampened
the magnitude of temporal increase across each phase boundary. Coarsening data to the
ordinal level preserved patterns for the whole fauna, but significantly alters patterns for each
subset, particularly for malacostracans (fourth column in Figure 2.4). Guilds appear to have
the opposite effect from orders: using guild-level data altered patterns for the whole fauna,
but preserved patterns, albeit slightly dampened, for each of the subsets (fifth column in

Figure 2.4).

2.4.3 Temporal and spatial variation in evenness

With improved wastewater treatment, species-level evenness generally increased and varia-
tion among stations within both the near-field and far-field areas generally decreased (i.e.,

smaller IQRs); these changes were observed in all sets except malacostracans, which main-
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tained consistently high evenness (Figure 2.5). Bivalves exhibited the strongest increase in
evenness over time — stronger than the whole fauna — and polychaetes most closely resembled
the whole fauna, but all sets reached an evenness >0.9 by Phase 3.

Spatially, during each treatment phase, polychaetes mirrored patterns exhibited by the
whole fauna with no significant difference in evenness between near-field and far-field stations.
In contrast, bivalves had far higher evenness at near-field than far-field stations during both
Phase 1 and Phase 2 (Figure 2.5). By Phase 3, these differences among bivalves disappeared,
with evenness values from both near-field and far-field stations reaching 0.9-1.0.

As with richness, species-level patterns persisted with coarsening of taxonomic resolution
up to the family level (left to right across Figure 2.5). Ordinal-level data did not change
patterns in the whole fauna but did alter polychaete and bivalve patterns (mostly a decline in
maximum evenness). Malacostracans had greater ranges of evenness and a particularly strong
temporal decline at the ordinal level. Guilds preserved similar patterns as the family level

for the whole fauna, polychaetes, and bivalves, but slightly altered malacostracan patterns.

2.4.4  Temporal variation in strength of spatial gradient

At the species level, ordination revealed a consistent pattern of temporal and spatial sep-
aration among samples (Figure 2.6; each icon is a station within either the near-field or
far-field area during a treatment phase). Generally, successive water treatment phases sepa-
rated along NMDS axis 1, while near-field and far-field stations within each phase separate
along NMDS axis 2. All ordinations revealed a decrease in multivariate dispersion over time
— smaller convex hulls; i.e., less compositional variation among sampled stations within an
area — as well as progressive convergence in community composition of the near- and far-field
areas (a decrease over time in beta diversity along the 61-m isobath).

These species-level patterns persisted for all sets up to the family level and also for

guilds. Coarsening resolution to the ordinal-level changed the relative positions of samples,
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but temporal translation and spatial homogenization are still apparent.

These temporal changes were also detected by PERMANOVA. Near- and far-field areas
differed significantly in composition during Phase 1 and less strongly over successive treat-
ment phases, becoming insignificant during Phase 3 (Figure 2.7). Together with NMDS
(Figure 2.6), PERMANOVA results indicated spatial homogenization in community com-
position and a loss in strength of the spatial pollution gradient over time. R2 values for
polychaetes and malacostracans were similar to the whole fauna, progressively declining
from ~0.45 during Phase 1 to 0.3 during Phase 2 and <0.2 during Phase 3. Bivalves demon-
strated both the strongest early differences (R? = 0.65 during Phase 1) and the steepest
decline across treatment phases (0.4 during Phase 2, <0.1 during Phase 3). Resolution had
little impact on PERMANOVA results up to the family level and for guilds: at the ordinal
level, the whole fauna pattern was unaffected, polychaetes detected significant differences
during Phase 3, bivalves detected even stronger differences during Phase 1 and Phase 2,
and malacostracans no longer detected differences during Phase 2. Ordinal-level data thus
significantly affected PERMANOVA results.

SIMPER identified that two species are most responsible for spatial variation in the com-
position of the whole fauna during Phase 1, namely the opportunistic polychaete Capitella
capitata (9% contribution) and the chemosymbiont-bearing bivalve Parvilucina tenuisculpta
(7% contribution). All other species had <4% contribution. Abundances of C. capitata
were much higher in the near-field area during Phases 1 and 2 while P. tenuisculpta was
more abundant in the far-field area (Figure 2.8). Both species declined exponentially in
numerical abundance over successive wastewater treatment phases (from densities >103 to
<102 for both species). By Phase 3, neither species was a dominant contributor to spatial
dissimilarity, which had also become insignificant for the whole fauna (white bars in Figure
2.7).

Richness increased from Phase 1 to Phase 2 for all sets at all taxonomic resolutions but
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remained mostly stable from Phase 2 to Phase 3 (Total S; Table 2.4). However, SIMPER
for the whole fauna, polychaetes, and bivalves indicate that spatial homogenization of com-
munities — i.e., the weakening of spatial gradients — continued from Phase 2 to Phase 3
(parenthetical values; Table 2.4), with decreasing per-taxon contributions to dissimilarity
across all three treatment phases. These patterns persisted with coarsening taxonomic res-
olution up to the ordinal level. Patterns for malacostracans were less consistent: while the
number of sub-ordinal taxa increased during each phase, the proportion of taxa that notably

contributed to dissimilarity decreased.

2.5 Discussion

A vast number of analyses on taxonomic surrogacy have been conducted in the past, spanning
numerous locations, environmental conditions, and faunas (Moreno et al., 2007; Bacci et al.,
2009). This wealth of information and some meta-analyses (Mellin et al., 2011; Westgate
et al., 2014) indicate that the usefulness of surrogates depends on the study system (e.g.,
substrate, latitude, strength of the environmental gradient, spatial scale), the study aim
(e.g., detection of gradients, estimation of diversity, richness hotspots), and the methodologic
focus (taxonomic sufficiency, which tends to yield positive results from coarsening resolution,
versus taxonomic subsetting, which yields highly varied results).

The Palos Verdes shelf evaluated here is a single study system where surrogates might be
unusually effective. However, our multi-decadal time-series of annual sampling with excep-
tional taxonomic consistency permits an exceptional breadth of tests without the challenges
of comparing among published studies. Comparable datasets might well exist in the archives
of environmental management agencies elsewhere, permitting counterpart analyses to sup-
port a general model of surrogacy (e.g., shelves with differing productivity, tropical shelves,
coastal embayments). In addition to spurring the discovery and academic re-use of such

datasets, nested analyses similar to those here could be applied to a pilot survey, allow-
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ing managers to evaluate the viability of potential surrogates to satisfy a new monitoring

program’s objectives.

2.5.1 Caveats

The dataset evaluated is itself only a subset of the total macrobenthic fauna in the study area
owing to the use of Shipek and van Veen grab samplers, which are most effective at collecting
infaunal taxa living within the upper ~15 cm of the seabed (minimum penetration required
to retain a sample; LACSD, 2020). Although these data largely exclude mobile epifauna,
and certainly planktonic meiofauna, the taxa collected by these and other point-penetration
sampling gear (e.g., 0.01 m? box cores) are the basis of most quantitative analyses of soft-
sedimentary communities by both academics and agencies (Eleftheriou and Moore, 2013). It
is unknown how results may vary if we instead or additionally employed sampling methods
(trawling, plankton nets, etc.) that better target these other commonly-studied aspects of
the overall community:.

Numerical sufficiency (Table 2.1), although not assessed here, can significantly reduce the
effort of counting individuals in samples (e.g., Carneiro et al., 2010; Landeiro et al., 2012) but
limits the analytical utility of data. Presence-absence, ranked abundance, and categorical
(abundant, common, rare, etc.) data, for example, will quantify raw richness accurately, but
cannot be rarefied and are unsuitable for evaluating evenness (community structure). Such
low-resolution data are also problematic for SIMPER analysis, which specifies the use of
abundance-based Bray-Curtis dissimilarities (Clarke, 1993). For these reasons, the absolute
counts of individuals for each sample — i.e., density data — were used in all analyses.

Data transformation (i.e., analytical coarsening) of numerical abundance data constitutes
a test of numerical sufficiency, but of course does not reduce processing effort and thus is
not a surrogate. Up to the family level, our patterns using Hellinger-transformed data are

robust to other transformations of proportional abundances, including no transformation or
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fourth-root transformation. The main effect of data transformation is on the strength of
the spatial difference detected by taxonomic subsets during Phase 1. Although differences
are significant during Phase 1 for all surrogates, PERMANOVA R? values decline as the
transformation intensity increases; the same trend was observed in the other temporal bins.
Coarsening numerical resolution to the extreme of presence-absence data makes the patterns
robust only to the genus level.

We use the three most numerically abundant macrofaunal classes as subsets in this study,
but it should be noted that the class Gastropoda ranks slightly above Bivalvia in species
richness in this dataset (Figure 2.3). However, gastropods have such low abundance on the
Palos Verdes shelf that they did not, on their own, detect any spatial or temporal variation.
Thus, in serving as surrogates, taxonomic subsets represented by large numbers of individuals
out-perform subsets with large numbers of species. The analyses in this study thus focused
on the three most numerically abundant, rather than most speciose, classes as taxonomic

subsets.

2.5.2  Tazxonomic resolution: genus- and family-level data suffice

Coarsening taxonomic resolution to genera and families preserved both the spatial and tem-
poral gradients in wastewater contamination that were detected by the whole macrobenthic
fauna using species-level data, and the same was true for all assessed surrogate subsets,
whereas ordinal-level data only detected a spatial gradient when one existed (i.e., during
Phases 1 and 2; Figure 2.7). These results corroborate previous studies that taxonomic
coarsening to family-level identification is a good first-order means of reducing the effort
of detecting spatial gradients (e.g., Jones, 2008; Heino, 2010; Mellin et al., 2011; Pitacco
et al., 2019). Our analysis explicitly extends this result to temporal variation and, more
importantly, reveals its (mostly stable) interaction with different taxonomic subsets of the

fauna (see sections 2.5.3 and 2.5.4).

o4



Genus- and family-level data probably sufficed in this southern California setting because
S/G and S/F ratios in the whole fauna are relatively low (~2 and 5, respectively; Table 2.3),
consistent with studies in other systems (e.g., Bevilacqua et al., 2012; de Oliveira et al.,
2020). Sufficiency is commonly found to be inversely related to the ratio of the number of
species over the number of higher taxa (S/T): increasing the number of species per higher
taxon increases the probability that these species will differ in their pollution tolerance.
Some studies postulate that S/T values <2.5 will generally result in good correlations with
species-level patterns (Timms et al., 2013; Albano et al., 2016). Although the family and
guild ratios in this study are almost all >2.5 (Table 2.3), the S/T values on the Palos Verdes
shelf corroborate the growing evidence that the sufficiency of higher taxa depends on S/T
ratios remaining below a particular threshold.

The unpredictable patterns produced by ordinal data across all faunal datasets proba-
bly arise at least in part from the high S/O values (8.9-36, Table 2.3), although the small
number of orders probably also contributes to their low sensitivity. In malacostracans, for
example, where diversity and compositional patterns deteriorate most strongly with coars-
ening resolution, the S/T ratio rises strongly from families (S/F = 3.2) to orders (S/O =
36).

The exceptionally strong anthropogenic environmental gradient along the Palos Verdes
shelf during Phases 1 and 2 also favors the practicality of coarser groupings: habitats as
distinct as black H2S-rich mud and greenish sandy mud are all soft but are likely to be
dominated by different guilds rather than simply by different species within a single, consis-
tently dominant guild. Guilds have been shown to be evilutionarily-conserved within families
and genera (for bivalves, see Stanley, 1970; Collins et al., 2019). Consequently, coarsening
taxonomic resolution to guild-level information should generally not reduce the ability to
differentiate spatial and temporal variation, especially in areas with known or suspected

strong human stressors.
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Finally, species-level taxonomy undergoes revision, even in areas with well-resolved mac-
robenthic systematics such as southern California, challenging the merging of species-level
datasets across decades of monitoring. The recognition of new species by splitting older ones
creates the greatest complications for historic compilations in the absence of voucher mate-
rial retained for future reference. For example, in biological monitoring of California shelves,
the bivalves Tellina carpenter: and ‘Tellina sp B’ were not differentiated prior to the 1990s.
Such newly split taxa will increase the S/G ratio, but they constitute a very small minority of
taxa in the fauna. Other taxonomic revisions are, in contrast, easily applied retrospectively
to data and will tend to decrease the S/G ratio, such as the correction of synonyms and
the upgrading of subgenera to genera. The greater challenge is the per-genus species rich-
ness hidden by known but unresolved taxonomic complexes, that is, taxa that harbor cryptic
species whose distinction is beyond conventional morphologic detection (e.g., the polychaetes
Capitella capitata and Scoloplos armiger). Fortunately, such complexes constitute, again,
only a small number of taxa in the temperate southern California fauna. A potential solution
to alleviating such challenges, especially in comparisons among different regions, would be
the implementation of environmental DNA (eDNA) metabarcoding to identify operational
taxonomic units (OTUs) without the biases of phenotypic taxonomic identification (Ruppert
et al., 2019). The ecological anonymity of OTUs will, however, represent a significant loss

of insight.

2.5.8 Polychaetes are the best proxy of spatial and temporal variation in the

whole fauna

Polychaete patterns resembled the whole fauna most closely, indicating that they are the
best proxy subset (Table 2.1) for characterizing spatial and temporal variation of benthos on
the Palos Verdes shelf. This fidelity likely arises from polychaetes constituting the majority

of individuals in the whole fauna (61%; Figure 2.3; Table 2.3) — not simply a plurality —
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and persisted with coarsening to the genus and family levels (Figures 2.4-2.7). In contrast,
constituting a high proportional richness of the fauna did not make a clade here an inherently
effective proxy (e.g., malacostracans and the species-rich but individual-poor gastropods).
Thus, although polychaetes are the most speciose class in our fauna, their proxy power
results from their high proportional numerical abundance.

For similar reasons, other studies have also found polychaetes to be excellent proxies of
the whole fauna (e.g., Giangrande et al., 2005; Magierowski and Johnson, 2006; Wtodarska-
Kowalczuk and Kedra, 2007). Subsets finer than a class, however, are highly variable in
power. For example, Olsgard et al. (2003) identified the order Terebellida as an effective
proxy subset for all polychaetes and, to a lesser extent, the whole fauna in a spectrum of
temperate to subarctic shelves. In our California 61-m isobath dataset, Terebellida was the
most numerically abundant order (34% of polychaetes and 21% of the whole fauna), but
failed to mirror spatial and temporal patterns of either the full polychaete subset or the
whole fauna; this family also failed to detect the spatial pollution gradient. Capitellidae,
the second most abundant polychaete clade (23% of polychaetes, 14% of whole fauna), also
failed to mirror the full polychaete subset or the whole fauna, although it did rival Bivalvia
in its ability to detect the spatial gradient (see next section). The entire class of Polychaeta
is therefore an effective proxy subset of the whole fauna in southern California, but subsets

within Polychaeta do not appear to be suitable on their own.

2.5.4  Bivalves are the best indicators of spatial and temporal gradients

Bivalves did not mirror the whole fauna and thus performed poorly as proxies in this study
area, but out-performed both the whole fauna and other subsets in detecting the outfall
gradient and its temporal decline. Bivalve richness was sensitive to decadal-scale temporal
variation, but surprisingly, not sensitive to spatial variation (Figure 2.4): the temporal

contrast in conditions (between Phases 3 and 1) was greater than the spatial contrast (near-
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field versus far-field) even within Phase 1, implying that conditions for bivalves everywhere
on today’s Palos Verdes shelf permit more species than even the far-field area during peak
pollution. In contrast, bivalve evenness, and composition — i.e., measures that consider
numerical abundance — excelled at detecting both spatial and temporal variation on this
urban shelf (Figures 2.5-2.6).

Lucinida (including P. tenuisculpta and other facultative chemosymbiont-bearing bi-
valves) was the most numerically abundant bivalve order in this dataset (77% of bivalves,
13% of whole fauna), followed by Venerida (20% of bivalves, 3% of whole fauna; part of the
infaunal suspension feeding guild). However, neither clade alone could mirror patterns of
the full bivalve subset or strongly detect the spatial gradient. The entire class of Bivalvia
is therefore an effective indicator subset for this outfall gradient and, like the polychaetes

discussed above, subsets within Bivalvia were not suitable on their own.

2.5.5 The predictive power of functional guilds for surrogacy

Changes in the relative abundance of trophic guilds has been long-appreciated as a key
component of benthic response to pollution, as observed over time, along spatial gradients,
and in experiments (e.g., Pearson and Rosenberg, 1978; Gray and Elliott, 2009; Riedel
et al., 2012). Species that feed on plankton and other suspended material (filter feeders
and photosymbiont-bearing taxa) decline in favor of those that feed on detritus and/or its
microbial communities (many deposit feeders plus chemosymbiont-bearing taxa; Simonini et
al., 2004; Kotta et al., 2007; Villnas et al., 2012). Many detritus-feeders are additionally
tolerant of the side effects of organic enrichment, such as hypoxia, soupy mass properties,
resuspended fines, and contaminants absorbed on fine particles (Maurer et al., 1999). The
relative abundance of guilds that consider mobility, life habit, and trophic group is thus
expected to vary significantly along environmental gradients, and perhaps more strongly so

than that exhibited by taxonomic clades (e.g., Gusmao et al., 2016; Norkko et al., 2019).
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Our findings on guilds as units of analysis are consistent with the general model of benthic
trophic response to organic enrichment (Pearson and Rosenberg, 1978; Gray et al., 2002),
with richness, evenness, and composition all differing most strongly across space during
Phase 1 (high local enrichment) and weakening significantly over Phases 2 and 3.

On the Palos Verdes shelf, the power of guild diversity was comparable to either family- or
ordinal-level diversity, depending on the subset. The relatively high reliability of polychaete
guild diversity as a proxy is possibly tied to how closely its functional diversity resembles
that of the whole fauna (S/FG = 15.8 versus 14.9); the S/FG of the less powerful bivalves
and malacostracans were much lower (7.4 and 9, respectively). Because congeneric and
confamilial species often encompass similar guilds (see methods), functional diversity might
signal that a group will be a good proxy subset, even if genus- or family-level diversity is
anomalously high.

Our observed increase in both guild richness and evenness with improved wastewater
treatment (all four sets, although especially for bivalves; Figures 2.4-2.5) is consistent with
the decreases in functional diversity observed elsewhere under regimes of deteriorating condi-
tions (e.g., Gusmao et al., 2016; Norkko et al., 2019). Future studies on taxonomic surrogacy
should also evaluate guilds to consolidate the utility of this often-overlooked means of anal-
ysis, which, owing to conservatism within clades, can be achieved using relatively coarse
taxonomic data.

We found that the ecological disparity of guilds, rather than their number alone, should
be considered, that is, the range of life habit and trophic strategies represented. Bivalves, for
example, span an exceptionally broad array of guilds, from deep-burrowing chemosymbiosis
to free-swimming epifauna (both suspension feeders and predators), and thus can cover a
broader environmental response along a pollution or other stress gradient than the larger
number but more nuanced spectrum of guilds present in polychaetes and in malacostracans.

Indeed, the functional response of bivalves to improved water treatment on the Palos Verdes
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shelf involves a precipitous decline in the abundance of chemosymbiont-bearing taxa in the
late 1980s and the gradual increase of infaunal suspension and mixed feeders (Stull et al.,
1996; LACSD, 2012; Leonard-Pingel et al., 2019). A broad range of guilds may thus be a
good signal that a taxonomic subset would be an effective indicator. A means of quantifying
functional disparity among taxonomic subsets would help validate this potential method of

subsetting taxonomic data.

2.6 Conclusions

This case study, using an exceptionally long-term and taxonomically consistent macroben-
thic dataset from the urban Palos Verdes shelf of southern California, demonstrates that
coarsening the taxonomic resolution of animal identification and focusing on taxonomic sub-
sets of the whole fauna are effective techniques, individually and in combination, to reduce
the taxonomic expertise and processing efforts of monitoring in regions with a strong sus-
pected pollution gradient. Our findings — that both polychaete and bivalve subsets detected
weakening of the spatial gradient over time, thus reflecting the whole fauna, and patterns
remained robust when coarsened to families or functional guilds — almost certainly reflect
(a) the high strength of the original pollution gradient and (b) the preponderance of mono-
specific genera, low-diversity families, and phylogenetic conservatism of traits that confer
guild affinities and pollution tolerances of individual species in this fauna. These results thus
strengthen the positive results for taxonomic sufficiency and caveats for taxonomic subsetting
that have been emerging from tests elsewhere. Insights acquired from the highly-resolved,
methodologically-standardized, and broad-scoped data produced by long-term monitoring
programs in well-funded regions like southern California can be used to advise the design
of efficient programs for areas where the fauna is less fully documented, local taxonomic
expertise and/or funds are scarce, and yet the need for environmental evaluation is still or

perhaps especially urgent.
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Figure 2.1: Study area off the Palos Verdes peninsula on the southern California continental
shelf. Annual monitoring of macrobenthos is conducted along 11 bathymetric sampling
transects (Lines 0-10) at 30, 60, 150, and 300 m depths. White dots indicate sampling
stations along the 60 m isobath used in this study. Gray lines are isobaths and red lines are
the outfall pipes extending from the JWPCP to White Point. Red area approximates the
stations near the outfall source (near-field) defined in this study, encompassing lines 5-8, and
the rest of the shelf is considered far-field (lines 0-4, 9-10). Modified from LACSD (2020).
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Figure 2.2: Discharge history (1 US gallon = ~3.79 L) from the Joint Water Pollution
Control Plant (JWPCP) through the White Point outfall system from 1937-2019. Suspended
solid release (103 metric tons/yr) increased until the 1970s and then declined with advanced
primary wastewater treatment (Phase 1), partial secondary treatment (Phase 2), and full
secondary treatment (Phase 3). Biological oxygen demand also decreased strongly, by 50%
over the first few years of Phase 2 and to ~0 during the initial few years of Phase 3 (not
shown; Stein and Cadien 2009). Modified from LACSD (2020).
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Figure 2.3: Proportional abundances (A) and species richness (B) among the ten most
abundant faunal classes represented in benthic samples from 1972-2019. Numbers within
bars are the raw numbers of individuals or species. The total abundance (N) and species
richness (S) for the whole fauna are printed in the upper right corners. White bars in (B)
indicate three classes that rank among the ten most abundant (A) but are not among the top
ten in richness. Our selected taxonomic subsets (Polychaeta, Bivalvia, and Malacostraca)
represent 88% of sampled individuals and 72% of sampled species during the 47 years of
monitoring along the 61-m isobath of the Palos Verdes shelf.
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Figure 2.4: Box plots of rarefied richness for whole benthic samples and subsets (rows)
and coarsened taxonomic resolutions (columns). Heavy line is median, box denotes the
interquartile range (IQR), and whiskers denote entire range of values. Paired boxes compare
stations at far-field (blue; seven 61-m stations) and near-field (red; four stations) areas on
the shelf, as judged from sediment chemistry during the 1970s. In each graph, richness
was rarefied to the smallest station-level sample size. Richness increases with improved
wastewater treatment in all analyses, from Phase 1 (1974-1983) to Phase 2 (1984-2002)
and Phase 3 (2003-present; shaded bars along x-axes). Polychaete patterns best mirror the
whole fauna and bivalves exhibit the strongest increase across phase boundaries. For all sets
except bivalves, richness is higher at far-field stations rather than near-field. This contrast
is damped at coarser taxonomic levels.
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Figure 2.5: Box plots of taxonomic evenness (PIE) for whole benthic samples and subsets
(rows) at increasingly coarse taxonomic resolutions (columns), with plots organized as in
Figure 2.4. Evenness increases with improved wastewater treatment, but bivalves exhibit an
especially strong trend arising largely from strong contrasts between near-field and far-field
stations early in the treatment history. Patterns persist with taxonomic coarsening (left to

e== Near-field
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right within each row) except for malacostracans at the ordinal level.
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Figure 2.6: Non-metric multidimensional scaling (NMDS) plots of Bray-Curtis similarities
for whole benthic samples and subsets (rows) at increasingly coarse taxonomic resolution
(columns). Distances are based on square-root proportional abundances; convex hulls group
samples by water treatment phase (point colors) and outfall proximity (point symbols);
ordination stress values printed in lower right corner of each plot. All analyses approximately
ordinate successive treatment phases along NMDS axis 1 (horizontal axis) and ordinate the
spatial gradient along NMDS axis 2 (vertical axis). The taxonomic compositions of near-field
and far-field stations become increasingly similar as wastewater treatment improves, both in
the whole fauna (top row) and in each subset.
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Figure 2.7: Bar plots of PERMANOVA R2 values for compositional differences between
near-field and far-field stations during each phase of wastewater treatment (bar color) for
whole benthic samples and subsets (rows) at increasingly coarse taxonomic resolution (x-
axis). Asterisks indicate significant p-values (* < 0.05, ** < 0.01). All taxonomic sets at
all taxonomic resolutions detect spatial homogenization of community compositions with
improved wastewater treatment. Polychaetes were most consistent with the whole fauna
and bivalves exhibited the strongest change in R? values across treatment phases.
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Figure 2.8: Raw abundances of the polychaete Capitella capitata (left) and bivalve Parvilu-
cina tenuisculpta (right). Paired boxes compare near-field and far-field stations as described
in Figure 2.4. Capitella capitata abundance is higher at near-field stations while P. tenuis-
culpta is more abundant at far-field stations. As wastewater treatment improved, the abun-
dance of both species decreased and became more similar spatially.
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Table 2.1: Common aspects of surrogacy as defined in this study.

Term Definition
Surrogacy Reducing the effort required to assess a biota
I. Sufficiency Coarsening the detail /resolution/acuity of information

A. Numerical Sufficiency = Coarsening the measure of abundance
(e.g., binary presence-absence or rank-abundances)

B. Taxonomic Sufficiency Coarsening the taxonomic units
(e.g., binning species into higher ranks or functional groups)

IT. Subsetting Narrowing the scope or breadth of information

A. Numerical Subsetting Narrowing the number of specimens assessed
(e.g., limit to first 100 individuals processed)

B. Taxonomic Subsetting narrowing the taxonomic clades assessed
(e.g., limit to a single class/phylum /functional group)

i. Proxy Subset Subset that best reflects the whole fauna
ii. Indicator Subset Subset that best detects gradient(s) of concern

Table 2.2: Representation of taxa from the whole fauna in the functional guild list by
Macdonald et al. (2010). Taxa lacking a functional guild assignment were not included
in the analysis of guilds. No genera represented more than one guild, but a few families
represented more than one. Guilds thus represent a taxonomic resolution between the levels
of genera and families.

Richness Taxa not assigned Taxa representing Taxa representing

to a guild a single guild >1 guild
Species 1,277 20 1,257
Genus 722 19 703 0
Family 347 12 302 33
Order 120 11 74 35
Class 34 2 13 19
Phylum 13 0 4 9
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Table 2.3: Taxonomic richness at seven hierarchical levels (rows) and the ratio between the
number of species and number of supra-specific taxa (S/T) for the whole benthic fauna and
three taxonomic subsets. Higher ratios indicate higher within-taxon diversity.

Whole Polychaeta Bivalvia Malacostraca Mean
S S/T S S/T S S/T S S/T S/T
Species 1,277 539 89 288
Genus 722 1.8 247 2.2 62 14 166 1.7 1.8
Family 347 3.7 49 11 29 3.1 89 3.2 5.3
Order 120  10.6 16 33.7 10 8.9 8 36 22.3
Class 34 376
Phylum 13 98.2
Guild 86  14.9 34 158 12 74 32 9 11.8

Table 2.4: Summary of SIMPER results for each dataset over three treatment phases (P1-
P3), indicating the number of taxa that cumulatively contribute to 25%, 50%, and 75% of
total Bray-Curtis dissimilarity. Parenthetical values are the proportion of the total number
of taxa (S) in a dataset. Higher proportions indicate that more taxa are required to explain
the same amount of dissimilarity among samples, thus dissimilarity is lower.

Cumulative Species Genus Family Order
Contribution  P1 P2 P3| PlL P2 P3| Pl P2 P3| Pl P2 P3
Whole Fauna

25% 6 28 bH4 4 17 30 3 9 15 2 4 7
50% 28 111 169 | 21 64 98| 12 31 46 5 10 18
5% 91 288 363 | 67 163 214 | 37 78 103 | 14 26 39
Total S 373 975 953 | 279 579 723 | 155 282 285|121 99 106
Polychaeta

25% 4 13 27 3 7T 14 3 3 5 2 2 3
50% 16 53 82| 12 27 43 7 9 13 3 4 5
75% 50 132 173 | 36 65 89| 15 19 24 6 7 9
Total S 183 540 440 | 125 221 220 | 50 47 47| 17 17 15
Bivalvia

25% 2 4 6 1 3 5 1 2 3 1 1 2
50% 4 9 15 3 7T 12 3 4 8 2 2 3
5% 8 21 29 6 14 23 4 8 14 2 3 6
Total S 40 73 61 32 52 63| 19 30 206 8 9 10
Malacostraca

25% 4 8 13 3 4 6 3 3 4 2 1 1
50% 9 25 35 7 15 19 6 9 12 3 3 3
5% 23 65 71| 15 38 41| 11 22 27 4 5 4
Total S 71 213 289 | 56 130 167 | 43 74 90 7 8 8
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CHAPTER 3
THE POWER OF LIVING AND DEAD BIVALVES TO DETECT
SPATIAL AND TEMPORAL POLLUTION GRADIENTS USING
ECOLOGICAL QUALITY INDICES (BRI AND AMBI) ON THE
SOUTHERN CALIFORNIA SHELF

3.1 Abstract

Benthic biologists have developed numerous index methods to score the intensity of ecologi-
cal response to various human stressors including wastewater pollution, but they rarely have
long time series to ascertain the decline or even the recovery of healthy conditions. Natu-
rally time-averaged skeletal debris in the seabed (‘death assemblages’) might prove useful to
this end: although typically dominated by very young, recently input shells, they can also
include locally produced shells that are several hundreds to thousands of years old. Here,
I used species-level abundance data from living benthos sampled over a 47-year time series
(1972-2019) from the Palos Verdes shelf of southern California to evaluate the power of bi-
valves alone to (1) detect temporal and spatial gradients in pollution, (2) match the scores
generated using the whole fauna, and (3) the ability of their dead-shell assemblages (sampled
in 2008 and 2016) to detect the same spatial gradient, that is to retain a strong signal from
the historically acute pollution of the 1960s-80s. I used two index methods: the regionally-
developed Benthic Response Index (BRI) and the globally-employed ATZI’s Marine Benthic
Index (AMBI). Index scores generated using live-collected bivalves showed a strong positive
correlation with scores based on the entire macrobenthic fauna, but gave inaccurately high
values (that is, falsely indicated a need for remediation) in 20-40% of all samples, depending
upon water depth and index. Adjusting the bivalve-only scores based on bootstrapped linear

regressions notably improved the agreement of ecological status between bivalves and the
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whole fauna. Overall, both indices were able to detect that benthic ecological quality had in-
deed improved between the distinctly degraded conditions of the 1970s-1980s to the arguably
fully-recovered conditions of the 2000s-2010s. Death assemblages from the Palos Verdes shelf
are known from independent geological studies to be significantly time-averaged, and those
collected in 2016 indicated better conditions than those collected in 2008, a difference con-
sistent with predictions (the youngest cohorts in 2016 were from better conditions than the
youngest input in 2008). However, using both BRI and AMBI, death assemblages suggested
that ecological quality in 2008 was as high as or higher than that registered by the living bi-
valve community in the 2000s, and that in 2016 the living community health had (correctly)
continued to improve. The compositions of these death assemblages were notably discordant
only with the compositions of living bivalves under peak pollution (1970s-80s): surprisingly,
using these metrics, the death assemblages apparently carry very little signal from those
geologically relatively recent, highly-polluted populations. The relatively high failure rate
of living bivalves (indicating a false need to remediate), and the inability of death assem-
blages to detect strong improvement in ecological quality over recent past decades, are both
inconsistent with findings of high power of living and dead bivalves for detecting pollution
gradients using other metrics, both here and elsewhere. This weakness appears to derive
from the metrics themselves: in this setting, and notwithstanding trialing both a regionally-
customized and a widely used index, bivalve taxa occupy only a narrow range in the total
spectrum of pollution tolerance exhibited by the whole fauna (and especially by polychaetes),

a limitation that might well exist elsewhere.

3.2 Introduction

Macrobenthic communities are well known to vary strongly along natural environmental
gradients and to respond rapidly to anthropogenic stressors, making them powerful bioindi-

cators of ecological quality in marine and freshwater monitoring (e.g., Todd et al., 2019).
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Declines in marine ecosystems worldwide, caused by such stressors (e.g., resource harvest,
eutrophication, contamination, watershed development), of which many are associated with
20" century urbanization, have increased the need for quantitative measures of ecological
quality, both to identify locations needing remediation and to guide the prioritization of
management resources. These tools, known collectively as biotic indices, are distinguished
from conventional metrics such as richness and Shannon diversity by focusing specifically
on the pollution- or other tolerance of taxa, which is used to classify samples along a semi-
quantitative scale of ‘Ecological Quality Status’ (EQS). Monitoring agencies and government
regulatory bodies around the world have developed and/or adopted various biotic indices as
part of their analytical protocols, aiming to standardize the criteria by which marine habitats
are assessed and managed (Rosenberg et al., 2004; Van Hoey et al., 2010; Borja et al., 2012).

However, for given regions, the oldest available data for macrobenthic community com-
position typically date only to the initiation of monitoring, which commonly coincides with
or very close to the onset of a particular stressor, making it challenging to estimate EQS over
time frames longer than a few decades (Gray and Christie, 1983) or to characterize the “be-
fore” component of a standard before-after-control-impact study design (BACI; Underwood,
1991). Without ecological information that predates ongoing and legacy stressors, sites that
are used as references (the “control” component) for natural conditions might have already
been shifted significantly from their historic range of variability (e.g., shifting baseline syn-
drome; Pauly, 1995; Villnds and Norkko, 2011), a situation recognized by many agencies
that refer to such sites as references rather than controls. Using data from less-than-fully-
natural reference sites could lead both to underestimating the magnitude of ecological strain
imposed by long-term stressors and to defining improper target areas for conservation, miti-
gation, and restoration (Borja et al., 2012; Atmore et al., 2021). Retrospective insights into
pre-monitoring and pre-stressor conditions are thus needed to supplement the high-quality

data generated by even long-term monitoring programs.
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Inferences from the composition of naturally accumulated macrobenthic ‘death assem-
blages’ are a promising means of acquiring such critical data. Death assemblages are the
skeletal remains of previously living organisms (e.g., bones, shells, sclerites, etc.) that accu-
mulate naturally in the surface mixed layer of the seabed and, owing to their postmortem
durability, temporally aggregate past generations. Although typically dominated by speci-
mens contributed during the most recent few decades to centuries, depending upon sediment
accumulation rates and biogenic mixing, these assemblages from the upper mixed layer of
the seabed also include a long tail of specimens that are 10 to 100x older in tropical to warm-
temperate settings (see review by Kidwell, 2013; also Nawrot et al., 2022). This legacy of
skeletal material from past generations can be used as a time-averaged summary of long-
term biodiversity. Previous studies, focused on mollusks in level-bottom seabeds, have docu-
mented that shells are overwhelmingly locally generated (i.e., are not moved out-of-habitat;
e.g., Kowalewski et al., 1998; Hyman et al., 2019) and that the effects of age-mixing on species
richness, evenness, beta diversity, and composition are predictable (see summary in Kidwell
and TomaSovych, 2013). Death assemblages, by virtue of being acquired concurrently with
living infaunal communities, are a uniquely inexpensive and readily obtainable complement
to biomonitoring. They simply need to be retained rather than discarded with other sieve
residue, and then be processed for counterpart ‘dead data’ on species’ abundances. Death
assemblages of shelled mollusks have proven to have high compositional agreement with
co-occurring living bivalve communities (‘living assemblages’) in relatively pristine and/or
steady-state coastal areas, based on early studies (e.g., Warme, 1969), meta-analysis and
modeling (Kidwell, 2001; Tomasovych and Kidwell, 2009, 2013), and subsequent focused
tests (e.g., Hyman et al., 2019). Importantly, meta-analysis (Kidwell, 2007) demonstrated
that subtidal habitats exhibiting poor live-dead agreement are consistently associated with
areas having a known history of anthropogenic disturbance, in particular eutrophication.

Live-dead discordance as a signal of anthropogenic shifting of long-term baselines has been
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corroborated by many field studies of estuaries and open shelves, demonstrating its ability
to recognize eutrophication (Korpanty and Kelley, 2014; Gilad et al., 2018; Tweitmann and
Dietl, 2018), invasive species (Yanes, 2012; Chiba and Sato, 2013; Steger et al., 2022; Kokesh
and Stemann, 2023), bottom trawling (Kidwell, 2009), solid-sediment pollution from historic
land use (Tomasovych and Kidwell, 2017; Sander et al., 2021), and climate change (Powell et
al., 2017; Meadows et al., 2019). As part of a new interdisciplinary field called conservation
paleobiology, an increasing number of geologists and paleontologists are now applying many
kinds of geohistorical data including from death assemblages to inform the management of
modern biodiversity (Dietl and Flessa, 2011; Dietl et al., 2015; Dillon et al., 2022).

The ability of death assemblages to capture evidence of past pollution via more specialized
EQS metrics is, however, less clear. For example, re-analyses of published datasets to assess
the ability of shelled-mollusks to replicate EQS gradients in the whole fauna found that
this subset can be quite powerful (e.g., Dietl et al., 2016; Pruden et al., 2021, and see many
studies finding that bivalves have high power to detect spatial variation in more conventional
diversity measures, e.g., Wlodarska-Kowalczuk and Kedra, 2007; Bevaliqua et al., 2009;
Kokesh et al., 2022b). However, death assemblages associated with the data used to quantify
those gradients were not evaluated, and thus the persistence of EQS signals through the
gauntlet of postmortem destruction and time-averaging remains uncertain. Here, I evaluate
the ability of bivalves alone — both alive and dead — to serve as proxies for the EQS calculated
using the whole microbenthic fauna on a continental shelf having an exceptionally long-
term database on macrobenthic communities and environmental conditions related to point-
sourced wastewater emissions. Annual sediment sampling of the Palos Verdes shelf, southern
California, mandated by the US Clean Water Act, has produced a taxonomically consistent,
quantitative species-level dataset on macrobenthic abundance for 44 stations since 1972,
covering the entire period of decreasing emissions (Stein and Cadien, 2009; LACSD, 2022). 1

estimated the EQS for the whole fauna and bivalves only from the live-collected database, and
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for bivalve death assemblages saved from the 2008 and 2016 surveys, using two well-known
biotic indices: (1) the Benthic Response Index (BRI; Smith et al., 2001; 2003) developed
by agencies in Southern California and widely used in local monitoring (e.g., City of San
Diego, 2022; LACSD, 2022; OCSD, 2023), and (2) the ATZI’s Marine Benthic Index (AMBI;
Borja et al., 2000) developed originally for European waters, but since applied globally. My
analytical framework consisted of two phases: (1) testing the power of the bivalve subset
as a surrogate for the whole fauna (i.e., a test of taxonomic surrogacy; Moreno et al, 2007;
Kokesh et al., 2022b), and (2) comparing the EQS index scores of living bivalves to those of

the co-sampled but naturally time-averaged bivalve death assemblages.

3.3 Methods

3.83.1 Study area

The Palos Verdes shelf off of Los Angeles County is a narrow, ~25 km long platform with
a steep slope to the basin floor at 700 m (Figure 3.1). Warm waters from Baja California,
Mexico, are transported northward by the Southern California Countercurrent before dissi-
pating at Point Conception, which marks the northern edge of the Southern California Bight.
Wastewater pollution on the Palos Verdes shelf began with the installation in 1937 of a 34
m deep outfall pipe at White Point. Two additional outfall pipes were installed in 1956 and
1966 at 60 m depth and remain in use today. The total suspended solids emitted increased

oth century urbanization, peaking around 1970 at 150,000 metric-

over the course of mid-2
tons per year (Figure 3.2). Wastewater was subject to primary treatment until passage of
the US Clean Water Act in 1972. Solid emissions dropped sharply with the implementation
of advanced primary treatment in the 1970s, partial secondary treatment in the 1980s-1990s,

and full secondary treatment in the early 2000s (Figure 3.2). DDT, PCBs, metals, and other

contaminants in the efluent also dropped sharply with improved treatment, as did organ-
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ics and biological oxygen demand, permitting the onset of biological recovery in the 1970s
(Swartz et al., 1991; Stull et al., 1996; Lee et al., 2002; Stein and Cadien, 2009). This strong
point-sourced spatial gradient in sediment contamination extended outward in all directions
from the outfall, but was mostly deflected northwestward from the outfall area by the South-
ern California Countercurrent. Today, surface sediments along this historic, multi-decadal
pollution gradient are chemically indistinguishable, and most of the legacy pollutants are
buried beneath the sediment-water interface (Stein and Cadien, 2009; LACSD, 2022).

The Los Angeles County Sanitation Districts (LACSD) began annual monitoring of the
macroinvertebrate benthic communities in 1970. The original sampling array consisted of
10 southwest-facing bathymetric transects, each with four stations at 30, 61, 152, and 305
m water depths (Lines 1 through 10; Figure 3.1). Only data from the 30, 61, and 152 m
depth stations are used here because the 305 m stations usually yielded too few bivalve dead
shells for analysis. The 61 m station on Line 8 approximates the outfall source. Line 0
was added in 1974 on the northern edge of the Peninsula into the head of Redondo Canyon
as a reference transect that was sufficiently down-current to have minimal pollution stress.
This ~50 years of annual monitoring has enabled detection of long-term changes in benthic
community diversity and composition concomitant with improved wastewater treatment, in-
cluding, by the 1990s, a more homogeneous macrobenthos along isobaths (Stein and Cadien,

2009; Kokesh et al., 2022b).

3.3.2  Processing of living and death assemblages

The LACSD living benthic invertebrate database includes all sampling records since 1972,
and we use this full database up to 2019. Stations were sampled semi-annually in February
and August until 2006, when the agency moved to annual summer sampling. Here, I used
only the summer samples from all years. Samples were collected using Shipek grabs until

1980, when the agency switched to 0.1 m2 van Veen grabs. Three replicate Shipek grabs
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from pre-1980 samples were pooled to match the sediment volume of one van Veen grab.
For macrofauna, sediments were sieved by the agency through a 1-mm mesh with seawa-
ter onboard research vessels, immediately fixed in 10% formalin, and within a few months
shifted to ethanol for storage. Taxonomists at LACSD sorted all invertebrates from samples,
identifying organisms to the finest resolution possible (i.e., species). The taxonomy used by
LACSD, other regional municipal agencies, and the Southern California Bight Regional Mon-
itoring Program has been standardized and updated regularly by the Southern California
Association of Marine Invertebrate Taxonomists (SCAMIT, 2021). All species assignments
are thus held to a single, internally-consistent taxonomy, which was also used for identifying
dead shells. In addition to the whole macrobenthic fauna, I extracted counts for bivalve taxa
alone to generate a faunal subset matrix.

Sediment residue from van Veen grab samples is usually discarded by monitoring agencies
after removal of all live-collected macroinvertebrates and completion of a quality assurance
process. Here, samples from their 2008 and 2016 surveys were instead saved, decanted
of ethanol, and picked of dead bivalve shells from the air-dried sediments. Any shell that
retained at least half of an identifiable hinge was counted as an individual and taxonomically
identified to the level of species when possible. These counts were not halved to compensate
for each living individual having two valves because no other mollusk classes were being
considered (contra the general concerns of Kowalewski and Hoffmeister, 2003). The wide
range of body sizes and shell conditions among the individuals of a given species also argued
that each valve represented a unique individual (following Gilinsky and Benninton, 1994;
Kidwell, 2009). Death assemblages from the 2016 survey were not completely picked of all
identifiable organisms, only for the most abundant taxa, which likely led to underestimating
species richness. However, the biotic indices used in this study (see next section) are sample-
size independent, and thus the proportional abundances of organisms processed were still

able to be used to estimate EQS.
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3.5.3 Biotic indices

The Benthic Response Index (BRI; Smith et al., 2001; 2003) is a function of the abundance
of taxa weighted by their relative tolerance of anthropogenic stressors. It was developed
collaboratively by multiple agencies in southern California as an intuitive metric of the
ecological condition of a given benthic macroinvertebrate community. The score for a given

sample is calculated as:

S
>3 alp;
S
S5 el

where s is the total number of species in the sample that have been assigned some

BRI = (3.1)

pollution tolerance value, a; is the numerical (or proportional) abundance of the ith species,
p; is the pollution tolerance value of the gth species, and f is an exponent that transforms
the abundance values. Following Smith et al. (2001), I set f = 1/3 to apply a third-root
transformation. The pollution tolerance score for a given species — and whether it’s even
assigned one — varies depending on the water depth from which the sample was taken (e.g.,
shallow 10-35 m, middle 25-130 m, or deep 110-324 m): three different lists of pollution
tolerance values are thus available for coastal shelf settings. I used the shallow-depth species
list to assign species from samples taken along the 30 m isobath, the middle depth list for
samples from the 61 m isobath, and the deep depth list for samples from the 152 m isobath.
The pollution tolerance values used here were generated by Smith et al. (2001) based on
an ordination of species occurrences with independent environmental data, mostly sediment
chemistry. The lists have since then been modified by LACSD to account for new taxonomic
identities. Taxa that did not appear in the appropriate depth list were not included in the
BRI analysis.

BRI scores have no lower or upper bounds but typically range between zero and 100.
Smith et al. (2001) defined threshold scores to categorize samples as falling into one of five

EQS’s (Table 3.1). Following Gillett et al. (2017), I simplified my interpretations of EQS
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to a binary system: ‘Good’ conditions (i.e., requires no remediation) had index scores <34,
whereas ‘Poor’ conditions (i.e., samples that require some level of remediation) had index
scores >34.

ATZI’s Marine Benthic Index (AMBI; Borja et al., 2000) was one of several index methods
developed for use in European waters but it has since become a globally-popular metric due
to its ease of implementation. Like BRI, the AMBI procedure calculates a single numerical
score for a sample based on abundance-weighted tolerance values that have been assigned
a priori to certain species, using expert knowledge. However, rather than each taxon being
assigned a unique tolerance value, AMBI categorizes taxa into one of five Ecological Groups
(EGs) labeled by Roman numerals: taxa assigned to EGI are classified as the most sensitive
to disturbance while those assigned to EGV consist of first-order opportunists, i.e. taxa that
tend to be the first colonists of azoic sediments. The score for a given sample is calculated

as:

5
AMBI = " 15(i — 1)g; (3.2)
=1

where g; is the proportional abundance of all taxa that have been assigned to the gth Ecolog-
ical Group (EG; I, IT, IIT, IV, or V). AZTI provides a regularly-updated global list of benthic
marine taxa and their EG assignments as part of a user-friendly software tool for calculating
AMBI (http://ambi.azti.es/). For this study, I employed a modified species list generated
by taxonomic experts for use in US waters (Gillett et al., 2015; Pelletier et al., 2018). If
a particular species in the LACSD dataset was not included in the list, I either assigned
it to the same EG as its genus (if that was on the list), or did not include the species in
the AMBI analysis. AMBI scores are bound to a range from zero to six, with higher values
indicating increasingly-strained samples. Like BRI, four thresholds are defined to classify
samples along an ordinal scale of EQS (Table 3.1). However, similarly to BRI, I simplified

interpretations to a binary system: ‘Good’ conditions were signified by samples with AMBI
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scores <3.3 and ‘Poor’ conditions by samples with AMBI scores >3.3 (Table 3.1).

3.3.4  Data analysis

All data analyses were performed using R version 4.2.3 (R Core Team 2023). Due to the
patchy distribution and overall sparsity of dead shells along the 305 m isobath, I excluded
those stations from the analysis. Numerical abundance, species richness, BRI, and AMBI
were calculated for annually-sampled benthic community data from the remaining 33 sta-
tions for both the whole fauna and the bivalve subset. Corresponding index scores generated
from the whole faunas (‘whole-BRI’ and ‘whole-AMBI’) and their bivalve subsets (hence-
forth, ‘bivalve-BRI" and ‘bivalve-AMBI’) were plotted for each of the three isobaths (30 m,
61 m, and 152 m; Figure 3.1). Points that plotted above the one-to-one line represented cases
where bivalve-generated scores underestimated true whole-fauna scores (i.e., conditions ap-
pear better than they should), while those that plotted under the one-to-one line represented
cases where bivalve-generated scores overestimate true scores (i.e., conditions appear worse
than they are). For each plotted relationship, I calculated the linear regression of the full
model to generate a line-of-best-fit, with bivalve-generated scores acting as the independent
variable for which to estimate the whole fauna’s score as the dependent variable. To test
for independence of the resulting model, I bootstrapped 1,000 resampling-with-replacement
events to calculate new regressions from which mean linear coefficients and their 95% con-
fidence intervals could be produced. These mean linear coefficients were used to adjust the
directly-calculated raw bivalve scores.

BRI and AMBI scores generated with the whole fauna and bivalves (raw and adjusted
via regression) were assigned to either the ‘Good’ or ‘Poor’ EQS as defined in Table 3.1.
If the bivalve-generated score of a sample resulted in the same ‘Good’ or ‘Poor’ EQS as its
corresponding whole-fauna score, the sample was labeled as indicating the ‘Same Good /Poor’

status. If bivalve-generated scores resulted in a different EQS, the sample was flagged as
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either indicating a ‘Better’ status (i.e., bivalves indicated ‘Good’ when the whole fauna
indicated ‘Poor’) or ‘Worse’ status (i.e., bivalves indicated ‘Poor’ when the whole fauna
indicated ‘Good’). The proportional frequencies of ‘Same Good’, ‘Same Poor’, ‘Better’, and
‘Worse” EQS assignments were assessed for each of the three isobaths both separately and
combined.

BRI and AMBI scores were calculated for bivalve death assemblages rescued from sets of
samples collected in 2008 and in 2016, and their scores were adjusted using the same linear
regressions determined for the living fauna.

Boxplots were produced to assess decadal changes in mean EQS using the scores generated
from the annually-sampled living whole fauna, living bivalve subset, and death assemblages.
Finally, I evaluated spatial patterns in BRI and AMBI scores along isobaths and with depth
across the Palos Verdes shelf by plotting the mean score for each station during each decade.
These scores were plotted along an x-axis representing an isobath from Line 0 to Line 10
along the shelf (Figure 3.1). The 60-m isobath along Line 8 was flagged as the location most

proximal to outfall and thus pollution point source.

3.4 Results

3.4.1 Diversity and density of living and death assemblages

Mean numerical abundance (density, i.e., living animals per van Veen sample) and species
richness of the whole fauna varied across both space and time (Table 3.2). Spatially, animal
densities were highest along the shallow (30 m) and middle (61 m) isobaths, but richness was
highest along the shallow isobath. Temporally, mean densities were highest in the 1970s-
1980s and generally declined over time. In contrast, species richness increased notably over
the decades and across the entire shelf, peaking in the 2000s-2010s. The decrease in density

and increase in richness signals an overall increase in community evenness over time, i.e., in
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the equitable distribution of individuals among taxa (decreased dominance).

For live-collected bivalves, mean density declined over the decades — a three-fold decline
in shallow waters and 10-fold decline in deep waters — while mean richness increased very
slightly (by only a few species; Table 3.2). Densities were highest along the deep isobath
during the 1970s-1980s. The proportion of the density and richness of the whole fauna
represented by bivalves increased consistently with water depth and declined consistently
over the decades. Bivalves represented 14% of whole-fauna density in the 1970s but only 5%
in the 2010s in shallow water, dropped from 36 to 4% in middle water depths, and dropped
from 68 to 12% in deep water.

Bivalve death assemblages collected in 2008 also exhibited a depth gradient, but it was the
opposite of that for living bivalves: both mean abundance and richness of death assemblages
decreased with water depth. Death assemblages collected in 2016 exhibited a strong increase
in density and a slight increase in richness from middle to deep waters (the only isobaths
with data; note that these samples were not picked for all rare species, and thus the reported

sample richness is under-determined).

3.4.2  Correlation between whole-fauna and bivalve-only index scores

Both the BRI and AMBI index scores for the whole fauna were significantly and positively
correlated with counterpart scores calculated using only the bivalve subset of the community,
and this was true for data from all three isobaths (Figure 3.3, Table 3.3). These correlations
were not, however, consistently 1:1 (dashed reference line in each plot) or, at the least were
offset from it along the intercept. For BRI, the slopes were quite close to 1:1 (ranged 0.71 to
1.14) but had notably lower intercepts, which became ever-lower with water depth. Bivalve-
BRI thus tended to overestimate the whole-BRI, that is suggest that local conditions were
worse than indicated by the whole fauna, with many samples plotting in the lower-right

quadrant (Figure 3.3). For AMBI, slopes were consistently shallower and diverge more
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strongly (range 0.42 to 0.64), and the intercepts were more variable with no clear depth
gradient (Table 3.3).

The slope and intercept coefficients for all full models were captured by the 95% con-
fidence intervals of the bootstrapped models and were nearly identical to the mean boot-
strapped coefficients (Table 3.3). Mean bootstrapped coefficients were nonetheless used to de-
rive all adjusted bivalve-BRI and bivalve-AMBI scores (displayed in Figure 3.4). Notably, the
adjusted bivalve-BRI scores dramatically increased the percentage of samples where bivalve-
BRI and whole-fauna-BRI agreed. For example, using raw (directly-calculated) bivalve-BRI
scores, bivalves produced the same EQS for 841 (59%) if the total 1,436 samples: 47% of
all samples classified both their whole-fauna and bivalve-only composition as indicating con-
ditions were ‘Poor’ and 12% classified the sample consistently as ‘Good’ (far-right column
in top-left panel; Figure 3.5). The percentage of samples where both the whole-fauna and
the bivalves-only yielded a ‘Poor’ EQS was consistent among isobaths, but the percentage
of samples indicating the same ’Good’ EQS declined with depth (28% to 2%), whereas the
percentage of samples where the bivalves classification was ‘Worse’ than that produced by
the whole fauna increased (23% to 53%). The counterpart agreement of bivalves and whole-
fauna using adjusted bivalve-BRI was 41% of samples agreeing on ‘Good’ and 42% agreeing
on ‘Poor’ , with a combined frequency of 83% agreement, and no apparent variation with
water depth (far-right column in top-right panel; Figure 3.5).

In contrast, using raw bivalve-AMBI scores, a high proportion of samples (83%) reported
the same EQS as the whole-AMBI, with the vast majority of these agreeing that the shared
EQS was ‘Good’ (far-right column in bottom-left panel; Figure 3.5). Using adjusted bivalve-
AMBI scores, only a few additional samples indicating the same EQS as whole-AMBI (86%;
far-right column, bottom-right panel; Figure 3.5). The proportion of samples misclassified as
‘Worse’ status by the adjusted bivalve-AMBI was slightly higher in shallow water while the

proportion better, while the proportion of samples misclassified as ‘Better’ status increased
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only slightly.
Adjusting bivalve-BRI scores thus notably improved their ability to indicate the same
EQS as the whole fauna, but the power of the same adjustment procedure applied to bivalve-

AMBI scores was much less.

3.4.8  Spatio-temporal variation in BRI between whole fauna, lwing bivalves,

and dead bivalves

Median BRI scores generated by both the whole fauna and the living bivalves demonstrated
similar stepwise declines over the last five decades, indicating improved benthic conditions
(Figure 3.6). For each decade, however, raw bivalve-BRI scores tended to overestimate the
whole-BRI scores, mistakenly indicating samples from the 1990s-2010s as requiring remedi-
ation. Adjusted bivalve-BRI scores rectified this discrepancy (third row; Figure 3.6), with
median scores consistently falling on the same side of the threshold value of 34 as did BRI
scores calculated using the whole fauna.

Bivalve death assemblages (white and dark boxes; Figure 3.6) from all isobaths yielded
median raw and adjusted BRI scores that were very similar to those of living bivalves dur-
ing the 2000s-2010s, contrary to expectations. The IQRs of samples from the 2008 death
assemblages were consistently narrower than their living-bivalve counterparts; they were po-
sitioned lower than the counterpart living bivalves of the 2000s in shallow and middle water
depths (i.e., indicating better conditions than counterpart living bivalves) but matched the
living bivalves in deep water. Data from the 2016 death assemblages, which were available
only for middle and deep water depths and excluded information on rare species, had median
raw and adjusted BRI scores that, as in 2008 death assemblages, were either lower than the
living bivalves from their decade (middle water depth 2010s) or similar to counterpart living
bivalves (deep water).

Considering median BRI scores at each monitoring station along the Palos Verdes shelf
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(Figure 3.7), BRI scores based on the whole fauna were highest in the vicinity of the wastew-
ater outfall (61 m at Line 8, gray bar) and declined to lower BRI scores with distance both
up-current (east, right) and especially down-current (west, left); this spatial gradient was
strongest during the 1970s-1980s and in middle and deep waters. This spatial gradient faded
over subsequent decades, with only a faint signal retained along the deep isobath in the
2010s. Raw and adjusted bivalve-BRI from the 1970s-1980s revealed a similar spatial gra-
dient in middle water depths, including high BRI values extending westward (left) from the
Line 8 outfall. However, bivalves exhibited less spatial variation than the whole fauna along
the deep isobath, and no spatial signal along the shallow isobath (middle and lower rows
in Figure 3.7). Bivalve death assemblages from 2008 — the white circles in Figure 3.7, with
more complete data than the 2016 assemblages — also exhibited (1) no spatial gradient along
the shallow isobath (like living bivalves from the 1980s onward), (2) a slight gradient along
the deep isobath consistent with the living 1970s scores, and (3) a small peak near Line 8

along the middle isobath, also consistent with the living 1970s gradient.

3.4.4  Spatio-temporal variation in AMBI between whole fauna, living

bivalves, and dead bivalves

AMBI scores demonstrated similar declines in median values over the last five decades using
both the whole fauna and living bivalves (colored boxes in Figure 3.8). Scores typically
decreased notably from the 1970s to the 1980s and/or the 1990s, and were then stable for
the 2000s and 2010s, when IQRs were also much reduced. The bivalves did not yield medians
notably better or work than the whole fauna, in contrast to when using BRI scores. Adjusted
bivalve-AMBI reduced the IQRs and tended to decrease medians slightly, shifting most of
the point distribution into the ‘Good” EQS range.

AMBI scores from bivalve death assemblages (white and dark boxes; Figure 3.8) yielded

consistently low (‘Good’) scores. These scores were, in shallow water, comparable to those
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generated from living bivalves in the 2000s-2010s, whereas dead-AMBI scores in middle and
deep water were slightly higher (poorer EQS) than those of counterpart living bivalves, that
is, were shifted slightly toward living bivalve AMBI scores from the 1970s-80s (as expected
for time-averaged death assemblages). Scores from the 2016 death assemblages were, as with
BRI, detectably lower (better conditions) than those from the 2008 assemblages.

Median AMBI scores for the whole fauna at each monitoring station along the Palos
Verdes shelf (Figure 3.9) yielded a distinct gradient similar to that produced using BRI,
with higher scores near the outfall and lower scores with distance both up-current (east,
right) and, especially, down-current. However, this spatial gradient was apparent only in
middle water depths and even there flattened by the 1990s, in contrast to the spatially
broader and temporally more persistent gradients evident using BRI on the whole fauna
(Figure 3.7). Along the other isobaths, whole-fauna AMBI was laterally variable (shallow
water) or exhibited only a broad low arch in values (deep water; Figure 3.9). Bivalve-AMBI
scores, both using the raw and, to a less extent the adjusted values, exhibited a variety of
patterns: highest values (poorest) in most distal down-current stations along the shallow
isobath (near Line 2), highest values near both the up-current (Line 10) and down-current
ends of the middle isobath, and a similar but damped pattern along the deep isobath. All
of these settled to a negligible gradient of consistently low values (Good’ EQS) by the
1990s or 2000s. Bivalve death assemblages also exhibited a different spatial gradient along
each isobath: consistently low or moderate scores along the shallow and deep isobaths,
respectively, and, along the middle isobath, far down-current of the outfall, at Line 2, as also

observed in living bivalve AMBI scores.

3.5 Discussion

Although community-based biotic indices were designed and are generally applied to data on

the whole macrobenthic fauna, I found that BRI and AMBI scores generated using only the
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bivalves are able to detect the same spatial (along-shelf) and temporal variability detected
using the whole fauna (Stein and Cadien, 2009; LACSD, 2022), namely increasing ecological
quality with distance from the outfall and over a 50-year history of improved wastewater
treatment. However, depending on the index method, these bivalve-generated scores tended
to either overestimate or underestimate the EQS based on the entire fauna (Figure 3.3), which
could potentially impact management decisions. Here, because I had whole-fauna data for the
entire spatiotemporal matrix, I could evaluate the magnitude of offset of taxonomic subsets
from the whole fauna, allowing me to transform them to better approximate whole-fauna
EQS (Table 3.3; Figure 3.4). Indeed, adjusting raw bivalve-BRI scores resolved the tendency
for score overestimation and improved their accuracy in identifying the same EQS as would
result from using the whole fauna (Figure 3.5). While these linear regression coefficients may
serve as a useful transformation of bivalve-only surveys along the Palos Verdes shelf, it must
be emphasized that they may not adequately represent the relationship between bivalve- and
whole-BRI elsewhere in southern California without further cross-validation (see below).
The two dead-shell assemblages assessed here, sampled eight years apart, indicated that a
signal of the improving quality of the living benthos was indeed becoming incorporated into
the time-averaged surficial sediment record: the 2016 death assemblages consistently yielded
lower scores than the 2008 death assemblages (Figures 3.6-3.9). This change in death assem-
blage composition is in the predicted direction, and it is interesting how distinct it is given
that the two death assemblages differ in age by only 8 years and that the density of living
bivalves during this interval (and thus their input of newly dead shells) is quite low (Table
3.2). With respect to the expectation that time averaging would have incorporated many
shells produced during the highly-disturbed mid-20t" century into the dead-shell record, BRI
scores generated by death assemblages were surprisingly low, and AMBI scores only fitted

this expectation slightly better.
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3.5.1 Caveats and considerations of index selection

Owing to their differing mathematical procedures, non-uniformity in compatible species, and
differing levels of biological complexity (i.e., populations versus whole communities), no sin-
gle biotic index can fully quantify the various dimensions of ecological quality needed to
inform management decisions. It is thus important — especially when adopting new analyt-
ical protocols — to employ multiple index methods simultaneously so that their individual
strengths and weaknesses might be evaluated for complementary patterns (Martinez-Crego
et al., 2010; Berthelsen et al., 2018; Lu et al., 2021).

The main disadvantage to BRI is its limited geographical scope. While it is widely
adopted by municipal and regional monitoring agencies in Southern California (e.g., Gillett et
al., 2017; City of San Diego, 2022; LACSD, 2022; OCSD, 2023), adapting it for other regions
has proven difficult. Calibrating a pollution gradient from which to derive taxon-specific tol-
erance values requires a large amount of methodologically-consistent and regionally-complete
data on benthic infauna and sediment conditions that few places can offer. Nevertheless,
Ranasinghe et al. (2013) calibrated and assessed the performance of BRI, AMBI, and three
other index methods for their use in regional monitoring of Puget Sound, where over two
decades of data were available by that time. While these indices have not been further
validated nor widely applied in Puget Sound, this case study exemplifies how locally- and
regionally-developed indices can be adapted for use in other settings.

Along all three of the isobaths assessed in this study, raw bivalve-BRI scores tended to
overestimate EQS for samples with relatively low whole-BRI scores (Figure 3.3). This result
was anticipated as the mean pollution tolerance values (the variable pi used to calculate
BRI; see methods) assigned to bivalve taxa are higher than the combined mean of all other
clades for the three species lists (Figure F.1; Appendix F). Bivalve pollution tolerance values
were 35.35 for the shallow depth list, 43.27 for the middle depth list, and 42.27 for the deep

depth list. Polychaetes (the most numerically abundant and species-rich clade) had mean
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values of 32.14, for the shallow depth list, 29.04 for the middle depth list, and 17.98 for
the deep depth list. Replicating this study’s analyses with polychaetes as the faunal subset
resulted in a notably stronger correlation with whole-BRI scores compared to using bivalves
(Figure F.4; Appendix F). Malacostracans (the third most abundant clade after bivalves, but
the second most species-rich) had mean pollution tolerance values of 14.56, 7.85, and -6.52
for the same respective depth lists. As expected, calculating the malacostracan-BRI scores
tended to underestimate whole-BRI scores (Figure F.5; Appendix F). Subset selection should
thus be carefully considered when the pollution tolerance values of taxa within that subset
skew towards relatively sensitive or tolerant compared to all other infaunal taxa. Subsets
with a more uniform distribution of pollution tolerance scores are likely to serve as the best
surrogate for the whole fauna in the absence of a regression-based adjustment.

The main disadvantage to AMBI — yet also an attractive feature — is the simplicity of
binning taxa into discrete EGs versus assigning unique tolerance values. While the species
list for AMBI continues to expand and include more taxa from around the world, it is vital to
consider whether the EG assignments therein should be modified to better reflect the nature
of a given region or system (Borja and Muxika, 2005). For example, the chemosymbiotic
bivalve Parvilucina tenuisculpta is assigned to EGIII in the most recent AMBI species list
(June 2022), making it considered moderately-tolerant of polluted conditions. However, P.
tenuisculpta densities were particularly high at the onset of benthic monitoring in the 1970s,
and the population crashed after the implementation of partial secondary water treatment
in the mid-1980s (Fabrikant, 1984; Swartz et al., 1986; Leonard-Pingel et al., 2019; Kokesh
et al., 2022b). The propensity for P. tenuisculpta to respond to pollution stress as a first- or
second-order opportunist in US waters justifies its reassignment to EGIV on the US-AMBI
species list (Gillett et al., 2015). In fact, rerunning the AMBI analyses while referencing the
international standard list rather than the US list yielded whole-AMBI and bivalve-AMBI

scores that were compressed towards the median of each index’s distribution. This is due to
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the international standard species list assigning more of the local taxa to moderate ecological
groups (EGII and EGIII), while the regionally-adapted US list assigns more taxa to the most
sensitive (EGI) and most tolerant groups (EGIV and EGV).

In contrast to bivalve-BRI, raw bivalve-AMBI scores exhibited a tendency to overestimate
EQS along each isobath, and adjusting for linear regression had a relatively small impact
on agreement (Figures 3.3-3.5). This result is corroborated by the skewed proportion of
bivalve taxa assigned to sensitive ecological groups, and lack thereof assigned to tolerant
EGs, compared to the whole fauna. 80% of all macrobenthic taxa on the Palos Verdes shelf
that are included on the AMBI species list fall into EGI or EGII (Figure F.2; Appendix
F). Among the three most abundant classes, these sensitive groups are represented by 71%
of polychaete taxa, 89% of bivalves, and 91% of malacostracans. Bivalves (and especially
malacostracans) thus largely fail to detect ‘Poor’ EQS unless the few taxa that fall into
EGIV and EGV are well-represented in a sample. The only bivalve species assigned to
EGIV and EGV, respectively, are the chemosymbiotic species P. tenuisculpta and Solemya
pervernicosa. However, the binary EQS threshold sufficiently coarsens the requirement for
there to be agreement with the whole fauna for >80% of all samples without the need to
adjust bivalve-AMBI scores, whereas bivalve-BRI scores only agreed with the whole fauna
for 58% of samples prior to adjustment (Figure 3.5). While AMBI is generally regarded to
be a poor index in US waters due to an additional apparent bias in performance related to
salinity gradients (Gillett et al., 2015) — which may impact the Palos Verdes shelf due to
the input of freshwater from the wastewater outfall — it is nevertheless an easily-quantified
addition to analytical frameworks under controlled environmental conditions and may serve

as an anchor for comparisons with other systems worldwide.
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3.5.2  Taxonomic surrogacy: Bivalves are a strong proxy for the living

whole-fauna EQS

Using a faunal subset to serve as a proxy for the whole fauna is an example of taxonomic
surrogacy (Wlodarska-Kowalczuk and Kedra, 2007; Moreno et al., 2007; Bevilacqua et al.,
2009; Kokesh et al., 2022b). Because biological monitoring of diverse benthic communities
is labor intensive and requires a high degree of taxonomic expertise, prioritizing efforts on a
faunal subset can leverage the costs and demands of establishing new programs in poorly-
studied regions. Innumerable studies have already investigated the nature of faunal subsets
with respect to conventional ecological metrics such as richness, evenness, and beta-diversity
(for meta-analyses, see Mellin et al. 2011; Westgate et al., 2014). The reliability of a
faunal subset to approximate whole-fauna community patterns appears to be related to the
proportional representation of that subset within the whole fauna (Dietl et al., 2016; Kokesh
et al., 2022a), making polychaetes and bivalves — or mollusks more broadly — typically the
best subsets to employ in most marine settings.

To my knowledge, this study constitutes the first test of robustness for the estimation of
BRI scores from a faunal subset (as well, of course, for the counterpart death assemblages).
However, faunal subsets have been used in analyses of AMBI applied to polychaetes (Omena
et al., 2012) or the indices AMBI, M-AMBI (Muxika et al., 2007), and BENTIX applied
to mollusks (Nerlovi¢ et al., 2011; Leshno et al., 2016). Importantly, these studies did
not compare their subset-generated results to those generated from a more complete whole
fauna from the same sampling events. Using data drawn from multiple benthic surveys
of European waters, Dietl et al. (2016) found positive correlations between AMBI scores
generated using the whole fauna versus using only the mollusk subset. Adjusting mollusk-
generated scores for a different set of samples based on the linear regression of the first
set resulted in 78% agreement in EQS assignments. The markedly-improved agreement
of bivalve-BRI demonstrated here — from 58% for raw scores to 83% for adjusted scores —
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similarly demonstrates a strong reflection of EQS by this faunal subset. Additional validation
techniques could further indicate various aspects of the fidelity between scores generated by
bivalves and the whole fauna, such as recall and precision metrics based on a Bayesian
framework (e.g., Pruden et al., 2021).

This study differs from Dietl et al. (2016) in that I used the regression equations to
directly adjust the same datasets used to generate those equations, rather than apply those
regressions to independent samples via cross-validation. While bootstrapping the linear re-
gression coefficients from which I adjusted bivalve-generated scores partially alleviated this
non-independence between the model and the samples assessed (Kohavi, 1995), future work
should focus on incorporating monitoring data from elsewhere in the Southern California
Bight. Such a compiled dataset would enable the parsing of samples via cross-validation
into two analytical groups as performed by Dietl et al. (2016): one from which regression
equations can be calculated, and the second that those regressions could be independently
applied to for testing agreement of EQS. That way, regression equations that apply through-
out the region may be used to facilitate adjusting bivalve-generated scores when the rest of
the fauna is not also sampled. Nevertheless, the increased agreement in EQS observed here
after applying the adjustments to raw bivalve-BRI scores (Figure 3.5) demonstrates that
transformation is warranted for the practical management of benthic ecosystems informed

by EQS.

3.5.83  Taphonomic processes: dead bivalves preserve a short memory of past
EQS

Much to my surprise, bivalve death assemblages sampled in 2008 and 2016 indicated pre-
dominantly ‘Good’ EQS across the Palos Verdes shelf, with mean BRI and AMBI scores
comparable to or better than those of the living community from the 2000s-2010s (Figures

3.6-3.9). Death assemblages thus demonstrated the strongest agreement in ecological qual-
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ity with live-collected bivalve samples collected during the same decades: the mean 2008
death assemblage EQS was most similar to that of living bivalves from the 2000s, and the
mean 2016 death assemblage EQS was most similar to that of living bivalves from the 2010s.
These low index scores for death assemblages are in stark contrast to the expectation that
the high-scoring cohorts from peak pollution in the 1970s-1980s would still be part of the
death assemblage and thus influenced its score, making it higher. These results of very low
live-dead discordance in EQS scores in an area with known strong pollution gradient — and
significant live-dead discordance using other metrics — are thus contrary to findings elsewhere
that death assemblages typically do include a strong signal of recent past pollution, even
using EQS metrics (e.g., Dietl et al., 2016; Leshno et al., 2016; Tweitmann and Dietl, 2018;
Aslan and Ovalis, 2023). Here, the availability of a long time-series — five decades of annual
data — on the composition of the living bivalve assemblage makes it clear that the death as-
semblage is failing to detect past pollution: most live-dead studies are based on only a single
sampling of living and death assemblages, and it is also rare to have multiple samplings of
the co-occurring death assemblages to detect how they might change (Kidwell, 2013).

The age distribution of a death assemblage can be determined by age-dating individual
dead shells via geochronological techniques (e.g., radiocarbon or amino acid racemization;
Kaufman and Manley, 1998). Like molluscan shell assemblages from warm-temperate and
sub-tropical shelf settings elsewhere (e.g., Meldahl et al., 1997; Kidwell et al., 2005; Ritter
et al., 2017; Albano et al., 2020), dead bivalve shells (mostly of pollution-tolerant P. tenuis-
culpta and pollution-sensitive, shallow-water-dwelling Nuculana taphria) from the Southern
California shelf each form a distinct L-shaped, right-skewed distributions where most shells
are from recent decades, but a long tail of older shells extend as far back as 10 ka (Tomasovych
et al., 2014; 2019). The death assemblages sampled in 2008 and 2016 from the Palos Verdes
shelf should thus preserve a time-averaged mixture of bivalve shells produced during three

important intervals:
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1. A ‘pre-pollution’ interval from before 1937 when the outfall opened (Figure 3.2). Based
on ordination of bivalve assemblages extracted from an independently age-calibrated
core (Leonard-Pingel et al., 2019), the pre-pollution bivalve community was likely
trophically-diverse (both infaunal and epifaunal suspension feeders, and infaunal de-
posit feeders, mixed feeders, and chemosymbionts). These assemblages were compo-
sitionally similar to living communities observed on this shelf from the 2000s-2010s.
Some shells dating to this interval have remained within the upper part of the surface
mixed layer and accessible via van Veen grab samplers owing to bioturbation and per-
haps being diagenetically-stabilized against further disintegration (Tomasovych et al.,

2014; 2023).

2. A ‘peak-pollution’ interval representing the ~50 years characterized by rising and
initially-declining wastewater emission curve (1940s-1980s; Figure 3.2). Based on
biomonitoring, bivalve assemblage compositions were strongly dominated by pollution-
tolerant chemosymbiotic taxa (e.g., Lucinidae, Thyasiridae, and Solemyidae), and, as
pollution abated and chemosymbionts declined, and increasing proportion of mixed-

feeding Tellinidae (Stull et al., 1996).

3. A ‘post-pollution’ interval starting when wastewater emissions dropped sharply with the
implementation of partial and secondary treatment in the 1980s, with a second strong
decline in emissions upon the onset of full secondary treatment in the early 2000s
(Figure 3.2). During this interval, the bivalve community became compositionally
quite equitable and trophically diverse, more like core assemblages dating to the pre-
pollution interval (Figure 4 of Leonard-Pingel et al., 2019). The death assemblages

from 2008 and 2016 were sampled during this current, post-pollution interval.

It is difficult to explain why, using EQS metrics, these death assemblages collected late

in a 20t" Century history of rising and declining pollution do not show scores that are more

95



intermediate between the ‘Good’ conditions of today and the ‘Poor’ conditions of only ~50
years ago (1960s-1980s). The low BRI and AMBI scores (signaling 'Good’” EQS) calculated
from death assemblages must reflect a high representation of recently-produced shells from
the post pollution interval. Although living bivalves occurred in relatively low densities
during the 1990s to 2010s (Table 3.2; also see Leonard-Pingel et al., 2019), these recent
cohorts of shell input have had little elapsed time in the surface mixed layer for disintegration,
leaving them to dominate the death assemblage. It is possible that the ‘Good” EQS from both
death assemblages also reflects the inclusion of at least some shells from the compositionally
similar pre-pollution interval, since bioturbation admixes shells vertically within the mixed
layer and some of these older shells have likely been stabilized diagenetically (per Tomasovych
et al., 2014; 2023). However, it is curious that the death assemblage would not then also
retain a signal from the more recent peak-pollution interval, when huge populations of P.
tenuisculpta — whose shells are not particularly fragile — would have entered the seabed.
(Swartz et al., 1986; Leonard-Pingel et al., 2019; Kokesh et al., 2022b).

Some possible explanations, which are not mutually exclusive, for the apparent lack of
peak-pollution shells in modern death assemblages include: (1) the high initial disintegra-
tion rate documented for this shelf (Tomagovych et al., 2014; 2016) has removed most shells
from the relatively-short 40-year interval of peak pollution (unlikely, unless P. tenuisculpta
has higher-than-average disintegration rates; argued against by shell age-dating, which finds

0t" century; Tomasovych 2019); (2) an especially high bio-

many shells dating to the mid-2
turbation or low secondary disintegration rate maintained many shells from the pre-pollution
interval up within the surface mixed layer (but it is unclear why bioturbation should favor
shells from this interval); (3) preservational bias against the key pollution-tolerant but small-
bodied taxa, namely S. pervernicosa (likely; very fragile, but quite rare even alive) and P.

tenuisculpta (unlikely; is not particularly fragile and was wildly abundant alive); and (4)

a higher-than-expected production rate of new shells during the post-pollution interval has
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overwhelmed the residual peak-pollution signal (argued against by the low densities of living
bivalves in the post-pollution interval; Table 3.2). However, despite index scores generated
on death assemblages not conforming to expectations, the median proportional abundances
of P. tenwisculpta in death assemblages were higher than those alive from the 2000s-2010s
this metric was strongly correlated to both bivalve-BRI and bivalve-AMBI (Figures F.6-F.7;
Appendix F).

There was a small, but qualitatively distinct, improvement in ecological quality (lowering
of index scores) observed between the 2008 and 2016 death assemblages (Figures 3.6-3.9).
The 2008 death assemblage, forming closer to the peak-pollution interval, should retain a
higher proportion of shells produced during or just after the peak-pollution interval; the 2016
death assemblage would reflect an additional eight years of thinning of those cohorts (i.e.,
loss to disintegration and/or deeper burial) as well as eight years of input from increasingly
healthy post-pollution populations. This phenomenon of the composition of a death assem-
blage lagging behind that of changes in the living assemblage is referred to as ‘taphonomic
inertia’ (Kidwell, 2007; 2008) and is the simplest explanation for why live-dead agreement
tends to be lower in settings subject to ongoing or recent anthropogenic disturbance: an
age-mixed death assemblage takes time to “catch up” with the new state of the living. These
lags are typically estimated to be decadal in scale, as judged from either knowledge of the
history of human stressors in the study area or age-dating of the shells of taxa that occur
dead-only (e.g., Feser and Miller, 2014; Leshno et al., 2015; Tomasovych and Kidwell, 2017;
Gilad et al., 2018; Kokesh and Stemann, 2023; Meadows et al., 2023). Conformation of this
effect of taphonomic inertia on indices of EQS would be found if dead-shell archives from
samples collected along this shelf during the 1970s-1980s exhibited higher BRI/AMBI scores

than the death assemblages from 2008.
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3.5.4 Additional considerations and confounding factors

Abundances versus biomass: Species richness and numerical abundances are probably the
metrics used most commonly to describe spatiotemporal patterns of benthic communities,
but the total biomass of sampled organisms has also had a place in benthic ecology for
decades: e.g., the species-abundance-biomass (SAB) curves of Pearson and Rosenberg (1978)
and the abundance/biomass comparison (ABC) method of Warwick et al. (1987). In prac-
tice, disturbed locations are expected to support high-abundances of relatively few small-
bodied species, while pristine areas should be capable of supporting more diverse communities
that include large-bodied species more sensitive to disturbance. Among the four major mac-
robenthic phyla that live in soft-bottom habitats, average body weights among species are
smallest for annelids (including polychaetes) and progressively higher for mollusks (bivalves),
crustaceans (malacostracans), and echinoderms (Warwick and Clark, 1994); the reverse is
the case for mean numerical abundances/densities found in sediment grabs. Although poly-
chaetes numerically dominate samples on the Palos Verdes shelf (Kokesh et al., 2022b), the
larger-bodied bivalves that place second in abundances account for a disproportionately large
portion of the community’s total biomass. Substituting biomass for abundances in previous
live-dead studies has demonstrated increased sensitivity among samples to variation in pri-
mary production, hydrography, and climate change (Powell et al., 1985; Staff et al., 1985;
Meadows et al., 2019). Biomass can also readily replace abundances in the calculation of bi-
otic indices, as several studies have demonstrated for AMBI (e.g., Muxika et al., 2012; Cai et
al., 2013; Mistri and Munari, 2015). Using biomass data to calculate bivalve-generated BRI
and AMBI scores may provide increased sensitivity to spatiotemporal patterns in ecological
quality and improve EQS classification accuracy. For example, the documented increase in
body size of P. tenuisculpta during the peak-pollution interval (Fabrikant, 1984; Stull et
al., 1996), which appears to be consistent for specimens found in death assemblages, may

increase the influence this species has on bivalve-generated index scores based on biomass,
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even though scores calculated with abundances appear to retain little memory from this
peak-pollution interval.

Analytical time averaging of living time series: Although live-dead comparisons have
recently been used to assess deviation in living communities from the time-averaged condition
of an area, they initially served as testing grounds for mechanisms that shape the fossil record
and the paleoecological interpretations therein (Behrensmeyer and Kidwell, 1985). However,
the difference in the temporal resolution — i.e., the temporal ‘pixel size’ — between time-
averaged death assemblages and snapshot samples of living communities makes the ecological
information they possess incongruent: death assemblages can capture higher richness (and by
extension, more rare taxa), higher evenness, and lower beta diversity than living communities
solely as a consequence of time averaging (Kidwell and Tomasovych, 2013). To make live-
dead comparisons more temporally-congruent, sequentially-acquired samples of the living
should be analytically aggregated into coarser temporal bins, simulating a ‘time-summed’
assemblage (e.g., Peterson, 1976; Fiirsich and Aberhan, 1990; Kowalewski et al., 1998).
The exceptionally-long 50-year time series of benthos composition on the Palos Verdes shelf
provides an opportunity for assessing the taphonomic processes that would have given rise
to the dead-shell compositions sampled in 2008 and 2016. Further, rate parameters for shell
disintegration /sequestration /burial derived from age-frequency distributions of bivalve shells
along this shelf (Tomasovych et al., 2014; 2016; 2023) can be fitted to predict the mechanisms
of shell persistence that likely shaped these assemblage compositions.

The Multivariate-AMBI: Developed by Muxika et al. (2007), the multivariate extension
of the standard AMBI (M-AMBI) is a popular index that has been increasingly adopted by
monitoring programs around the world as a means of classifying EQS (Borja et al., 2019;
Pelletier and Charpentier, 2023). In brief, M-AMBI conducts a factor analysis on the nor-
malized AMBI score, species richness, and Shannon diversity of each sample in a dataset

and projects these samples onto an orthogonal gradient from user-defined endmember condi-
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tions representing fictitious worst-case (‘Bad’) and best-case (‘High’) values for each metric.
Because death assemblages aggregate the remains of once-living cohorts over many gener-
ations, they often capture a higher proportion of an area’s species pool than co-occurring
living assemblages of the same taxonomic clade (Staff and Powell, 1988; TomaSovych and
Kidwell, 2009). Thus, others have proposed that death assemblages may be effective base-
lines from which to define the ‘High’ condition used to compute M-AMBI (Smith et al.,
2023). However, that death assemblages represent the ‘pre-impact’ reference conditions of
a region — especially in settings like this shelf with a long history of human disturbances —
should not inherently be assumed. Further, preliminary tests of M-AMBI with the data from
this study suggest that separate reference conditions must be set for each of the isobaths to
prevent deep-water samples from underestimating EQS (Figure F.8; Appendix F). Although
developing protocols for the calculation of M-AMBI for live-dead studies with considera-
tion of taphonomic processes and natural environmental gradients is an important direction
for further research, it is beyond the scope of the present study’s stated goal of detecting
spatiotemporal patterns on a historically-polluted shelf, for which the diversity-independent

BRI and AMBI index methods are adequately capable.

3.6 Conclusions

The increasing need to evaluate the ecological quality of coastal benthic habitats, many
lacking long-term monitoring histories or perhaps lacking any thorough one-time survey, has
made biotic indices an attractive tool for guiding management decisions. The incorporation
of dead-shell assemblages or other geohistorical data in these index methods is, in principle,
a way to provide reliable estimates of what ecological conditions were like “before now” and,
moreover, how conditions have changed by testing for discordance between conditions now
and those signaled by the time-averaged death assemblage stressors. Here, I assessed the

power of live- and dead-collected bivalves as a surrogate for the entire macroinvertebrate
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community on the Palos Verdes shelf in Southern California, a historically acutely-polluted
area, and specifically for the biotic indices known as BRI and AMBI.

While scores generated from bivalves alone were positively correlated with scores gener-
ated from the whole fauna for both index methods, each index had contrasting strengths.
BRI resulted in a tighter correlation between bivalves and the whole fauna, but the bivalve-
generated scores consistently overestimated EQS unless they were adjusted by the coefficients
of the linear regression; the feasibility of applying these linear regressions more widely in the
Southern California Bight requires verification. Correlations for AMBI were weaker, but the
concentration of samples towards low values yielded higher agreement in EQS without the
need to transform bivalve-generated scores. Due to the well-recognized limitations of biotic
index methods in general — each has both strengths and weaknesses — multiple indices should
be used simultaneously.

In contrast, applying BRI and AMBI to bivalve death assemblages collected in 2008 and
2016 yielded scores that were most comparable to those of living bivalves sampled from the
same decade (2000s and 2010s). Given the time-averaged nature of death assemblages, these
results are in contrast to the expectation of higher scores that would have generated if the
high production of pollution-tolerant taxa during the 1940s-1980s had been incorporated
into the dead. Unlike other studies, here the more recent influx of shells from the two
succeeding decades after this interval may be overshadowing these signals, as corroborated
by the continuing decline of index scores observed between death assemblages from 2008 to
2016. While death assemblages are an inexpensive and easily-obtainable means of estimating
past ecological conditions where time series and other data sources are unavailable, this
study exemplifies the critical role of such time series data in verifying the power of death

assemblages as surrogates for this history.
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Figure 3.1: Study area off the Palos Verdes peninsula on the southern California continental
shelf in Los Angeles County, U.S.A. Macrobenthos are sampled annually at four sites along
each of 11 bathymetric transects (Lines 0-10 from north to south) at depths of 30, 61, 152,
and 305 m, for a total grid of 44 stations. We exclude stations from the 305 m isobath due
to mostly very small dead-shell abundances there. Thin gray lines are isobathic contours in
meters and red lines denote the wastewater outfall pipe network extending from the Joint
Water Pollution Control Plant (JWPCP) to a series of diffusers in ~60-m water offshore
of White Point. The Southern California Countercurrent flows NW along the shelf (blue
arrow). Modified after LACSD (2022).
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Figure 3.2: History of wastewater emissions to the Palos Verdes shelf from the Joint Water
Pollution Control Plant (JWPCP) through the White Point outfall system from 1937-2019.
Suspended solid release increased steadily until enactment of the US Clean Water Act in the
early 1970s, and then declined with the successive onset of advanced primary wastewater
treatment, partial secondary treatment, and full secondary treatment. Annual monitoring of
macrobenthic infauna began in 1972, yielding five decades of annually-sampled macrobenthic
data. Bivalve death assemblages were collected in 2008. Modified after LACSD (2022).
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Figure 3.3: BRI (top row) and AMBI (bottom row) scores generated using the whole fauna
versus scores generated using only bivalves. Each point represents an annually-collected
sediment grab from the 50-year history of benthic sampling from 11 stations along three
isobaths (shallow to deep; left to right) on the Palos Verdes shelf. The dashed grey line
identifies the 1:1 relationship. Shaded backgrounds indicate the type of agreement in EQS
of points plotted within those areas: the blue area in the lower-left quadrant represents
agreement of ‘Good’ status (i.e., requires no remediation), the pink area in the upper-right
quadrant represents agreement of ‘Poor’ status (i.e., requires remediation), the dark teal area
in the upper-left quadrant represents samples for which bivalves indicate ‘Worse’ status (i.e.,
bivalves indicate ‘Poor’, but the whole fauna indicates ‘Good’), and the brown area in the
lower-right quadrant represents samples for which bivalves indicate ‘Better’ status (i.e., bi-
valves indicate ‘Good’, but the whole fauna indicates ‘Poor’). The solid black lines represent
the trendline generated by the mean coefficients of these bootstrapped trendlines and their
95% confidence intervals, and the pink line is the linear trendline of the full dataset. For
BRI, regression intercepts became increasingly negative from the shallow to deep datasets,
resulting in bivalve-BRI scores that accurately estimate the status of whole-BRI in areas
with poor health (points in the pink ‘Poor’ status agreement quadrant), but tending to un-
derestimate the quality of benthic health under healthy conditions (the brown ‘Worse’ status
quadrant). In contrast, the relatively high intercepts for AMBI regressions resulted in many
bivalve-AMBI scores sufficiently estimating whole-AMBI status in healthy areas (i.e., points
in the ‘Good’ status agreement quadrant), but they tended to overestimate EQS under poor
conditions (the teal ‘Better’ status quadrant).

104



Shallow (30 m) Middle (61 m) Deep (152 m)

Whole Fauna Index Scores
BRI

AMBI

Bivalve Index Scores (Adjusted)

B worse  []Same (bad) []same (good) M Better

Figure 3.4: The relationship between BRI (top row) and AMBI (bottom row) scores gen-
erated using the whole fauna versus scores generated using only bivalves, as presented in
Figure 3.3. Bivalve-generated scores were adjusted according to the mean bootstrapped
linear coefficients calculated from the directly-calculated raw scores presented in Table 3.3.
Note that scores generated by the whole fauna along the y-axis have not been altered. For
BRI, adjusting bivalve-generated scores shifted points towards the left of the x-axes, en-
abling more points to occupy regions of status agreement (blue and pink areas; lower-left
and upper-right quadrants). In contrast, adjustment of bivalve-AMBI scores caused points
to compress along the x-axis, resulting in bivalves largely failing to detect ‘Poor’ EQS (pink
and brown areas; right-side of plots).
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Figure 3.5: Proportional agreement of EQS assignments from BRI (top row) and AMBI
scores (bottom row) generated from the whole fauna and either directly-calculated raw bi-
valve scores (left column) and after adjusting bivalve scores based on bootstrapped linear
regressions (right column). Bar colors indicate whether bivalve-generated scores resulted in
(1) a “‘Worse’” EQS than the whole fauna (brown segments, i.e., bivalve status = ‘Poor’ while
whole fauna status = ‘Good’), (2) a ‘Better’ EQS (dark teal; i.e., bivalve status = ‘Good’
while whole fauna status = ‘Poor’), or (3) the same EQS as the whole fauna (pink bars
when both = ‘Poor’; blue bars when both = ‘Good’). Percentage values are printed for bar
segments that round to at least 5%. The agreement between raw bivalve-BRI and whole-BRI
scores decreased from the shallow to deep isobaths, but agreement at all isobaths notably
improved after scores were adjusted. In contrast, raw bivalve-AMBI demonstrated relatively
high agreement with whole-AMBI at all depths, although almost exclusively for samples
where EQS was ‘Poor’. Bivalve-AMBI agreement with whole-AMBI remained largely un-
changed after scores were adjusted, but adjusted bivalve-AMBI scores failed to detect any
samples as exhibiting ‘Poor’ EQS along the shallow isobath.
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Figure 3.6: Boxplots of whole-BRI (top row), raw bivalve-BRI (middle row), and adjusted

bivalve-BRI scores based on bootstrapped linear regressions (bottom row). White and dark
boxes represent bivalve death assemblages sampled in 2008 and 2016, respectively.
scores declined steadily over time, transitioning from predominantly ‘Poor’ (pink shaded
area) to ‘Good’ EQS (blue shaded area). Bivalve death assemblages yielded predominantly

‘Good’ adjusted EQS (similar to living bivalve scores from the 2000s and 2010s), and BRI
scores were even lower for 2016 death assemblages compared to those from 2008.
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Figure 3.7: Spatiotemporal variation in BRI scores along the Palos Verdes shelf, with columns
for water depth and rows for taxonomic sets organized as in Figure 3.6. The x-axis of each
plot represents sampling stations along their respective isobaths (onshore-offshore transect
Line 0 from the north to Line 10 to the south; Figure 3.1). The outfall openings off of
White Point are approximately located at 60 m depth near Line 8 and indicated by the
grey shaded region in the middle column. White circles and dark squares in the second and
third rows are scores generated from bivalve death assemblages sampled in 2008 and 2016,
respectively. The highest whole-BRI scores (i.e., poorest ecological quality) are temporally
from the first two decades and spatially near Lines 7-8, with conditions improving distally
from the outfall source. Whole-BRI scores consistently declined over the decades, and the
spatial variation along the shelf was damped by the 2000s (but a faint signal persisted into the
2010s at the deep isobath). Raw bivalve-BRI primarily indicated ‘Poor’ EQS, but preserved a
similar spatiotemporal distribution as whole-BRI. Adjusted bivalve-BRI improved the EQS
agreement with whole-BRI such that mean scores from the 2000s-2010s indicated ‘Good’
EQS. Bivalve death assemblages yielded relatively low and spatially-indistinct scores barring
two cases: (1) the 2008 death assemblage from the deep isobath yielded relatively high
scores with a similar spatial gradient as the 1970s-1980s living bivalves outward from Line 8,
and (2) the 2016 death assemblage from the middle isobath yielded particularly low scores
with a strong spatial gradient that peaks at Lines 2 and 8 and dips at Lines 5 and 10.
Overall, the relatively low BRI scores generated by death assembles are not consistent with
time-averaging over the entire 20" and 215! centuries so far.
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Figure 3.8: Boxplots of whole-AMBI (top row), raw bivalve-AMBI (middle row), and ad-
justed bivalve-AMBI scores based on bootstrapped linear regressions (bottom row). White
and dark boxes represent bivalve death assemblages sampled in 2008 and 2016, respectively.
AMBI scores declined steadily over time, transitioning from predominantly ‘Poor’ (pink
shaded area) to ‘Good’” EQS (blue shaded area). Bivalve death assemblages yielded predom-
inantly ‘Good’ adjusted EQS (similar to living bivalve scores from the 2000s and 2010s), and

AMBI scores were detectably lower for the 2016 death assemblage compared to that from

2008.
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Figure 3.9: Spatiotemporal variation in AMBI scores along the Palos Verdes shelf, with
columns for water depth and rows for taxonomic sets organized as in Figure 3.8. The x-axis
of each plot represents sampling stations along their respective isobaths (onshore-offshore
transect Line 0 from the north to Line 10 to the south; Figure 3.1). The outfall openings
off of White Point are approximately located at 60 m depth near Line 8 and indicated by
the grey shaded region in the middle column. White circles and dark squares in the second
and third rows are scores generated from bivalve death assemblages sampled in 2008 and
2016, respectively. The highest whole-AMBI scores (i.e., poorest ecological quality) are
temporally from the first two decades and spatially create two peaks: one near Lines 1-2
and another at Lines 7-8, with conditions improving distally from these locations. Whole-
AMBI scores consistently declined over the decades, and the spatial variation along the
shelf was damped by the 2000s. Raw bivalve-AMBI primarily indicated ‘Good’ EQS after
the 1980s, and similarly to whole-BRI, peaked near Line 2. Adjusted bivalve-AMBI shifted
scores downward, resulting in all mean scores from the shallow isobath falling beneath the
threshold value and indicating ‘Good’ EQS. Bivalve death assemblages yielded moderate
scores and notably peaked near Line 2 along the middle isobath. Overall, the relatively
moderate AMBI scores generated by death assembles are more consistent than BRI with
respect to time-averaging over the entire 20" and 215 centuries so far.
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Table 3.1: Ecological quality status (EQS) thresholds and their associated score ranges as
defined in this study for the Benthic Response Index (BRI; Smith et al., 2001; 2003) and
ATZI's Marine Benthic Index (AMBI; Borja et al., 2000).

Minimum Score Maximum Score EQS Binary EQS
No lower bound 25 Reference Good
= 25 34 Marginal Deviation Good
M 34 44 Biodiversity Loss Poor
44 72 Community Function Loss Poor
72 No upper bound Defaunation Poor
0.0 1.2 High Good
M 1.2 3.3 Good Good
;c 3.3 4.3 Moderate Poor
4.3 5.5 Poor Poor
5.5 6.0 Bad Poor
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Table 3.2: Mean density of individuals and species richness (in parentheses) per van Veen
grab per decade for three water depths on the Palos Verdes shelf (11 stations per isobath
sampled annually), calculated for the whole macrobenthic fauna (top set) and bivalves only
(middle set); mean density and richness of bivalve death assemblages sampled in 2008 and
2016 given in the two far-right rows (asterisks: note the dead from 2016 are only available for
the middle and deep isobaths and not completely sampled). All mean values are rounded to
the nearest whole number. Bottom set of numbers are the proportional density and richness
of bivalves within the whole fauna, rounded to the nearest tenth of a percent.

Depth  1970s 1980s 1990s 2000s 2010s Dead08 Deadl6

Shallow 702 997 587 673 664

% 30m  (35)  (T7)  104) (127) (122)

= Middle 1,122 820 586 608 435

S 6lm (39) (57 (83) (103) (102)

=  Deep 608 919 638 436 295
152m  (27)  (41)  (56)  (64)  (62)
Shallow 99 81 32 34 35 508

g 30m  (8) (9) 9 (10 (9 (29)

TE Middle 402 319 50 35 18 365 %81

s 6lm  (6) (8) @ © © (20) (7)
Deep 415 439 287 21 35 957 *149
152m  (6) (6) ©  © (7 (14) (8)

< Shallow 141 136 55 51 53

S 30m (145 (L) (87) (19) (74)

5 Middle 358 389 85 58 4.1

S 6lm  (154) (140) (108) (87) (7.8)

; Deep  68.3 47.8 45 48 119

152m  (22.2) (14.6) (10.7) (9.4) (11.3)
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Table 3.3: Linear regression models for BRI (top set) and AMBI scores (bottom set) gener-
ated using the whole fauna versus using only bivalves. Linear coefficients (+£95% confidence
intervals) were calculated for each dataset’s average bootstrapped model (i.e., the result of
5,000 resampling-with-replacement events from each isobath’s full dataset) and full model
(i.e., true regression using all 55 datapoints per isobath). Pearson’s correlation coefficients
for the full model (all significant; p-values <0.001) are in the far-right column.

Bootstrapped Model Full Model Pearson’s r
Isobath ~ Slope  Intercept Slope  Intercept (all p <0.001)
Shallow  0.714 7.154 0.714 7.183 0.669
30m +£0.080 £+£3.043 +0.072 4+ 2.920
~ Middle 1.065 -20.319 1.065 -20.269 0.856
A 6lm £0068 +3494 +0.056 =+ 3.072
Deep 1.144 -29.450 1.145 -29.511 0.847
152m £ 0.082 + 4.498 + 0.066 =+ 3.879
Shallow  0.420 1.407 0.421 1.406 0.607
30m +£0.059 £0.125 +£0.050 =+ 0.124
% Middle 0.640 0.984 0.640 0.983 0.618
< 6lm £0066 +0207 £0.071 =£0.209
Deep 0.482 1.598 0.483 1.595 0.671
152m £ 0.048 + 0.155 + 0.049 4+ 1.595
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CHAPTER 4
BIVALVE DEATH ASSEMBLAGES RECORD DYNAMICS AND
CONSEQUENCES OF RECENT BIOLOGICAL INVASIONS IN
KINGSTON HARBOUR, JAMAICA

4.1 Abstract

Short-lived biological invasions may leave lasting impacts on ecosystems well after they have
concluded, yet the nature of such events is difficult to elucidate in the absence of monitoring
efforts. Here, the ability for surficial death assemblages to recount such invasion events and
their ecological legacies was tested using mangrove-dwelling bivalves from Kingston Harbour,
Jamaica, where the Asian green mussel (Perna viridis) was introduced ~20 years ago. While
rare in Kingston Harbour today, relative densities of dead P. viridis shells mapped well to
historic surveys from early into the invasion and thus help reconstruct spatial variations
in invasion intensity. Live-dead discordance of the epifaunal bivalve community further
indicated that species have not returned to pre-invasion relative abundance distributions:
the economically-important mangrove oyster (Crassostrea rhizophorae) has notably declined
while the flat tree oyster (Isognomon alatus) rose to dominance. Finally, we report the
presence of the charru mussel (Mytella strigata) in Kingston Harbour, a newly-introduced
species that has not yet been significantly incorporated into the subfossil record. This case
study exemplifies the utility of underexploited sources of geohistorical data for informing the
growing problem of human-assisted biological invasion.

This chapter was originally published as: Kokesh B.S. and Stemann T.A. Dead men still
tell tales: bivalve death assemblages record dynamics and consequences of recent biological
invasions in Kingston Harbour, Jamaica. Geological Society, London, Special Publications,

529(1):65-78, 2023. doi:10.1144/SP529-2022-28.
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4.2 Introduction

Human-mediated range expansion of invasive species is an increasingly common, but unin-
tended, consequence of international transportation and trade (Hulme, 2009; Tabak et al.,
2017). This is particularly the case for aquatic invertebrates capable of dispersal via ballast
water from large vessels, with notable examples including the Eurasian zebra mussel (Dreis-
sena polymorpha) introduced to freshwater systems of North America (Strayer, 2009), sea
walnut ctenophore (Mnemiopsis leidyi) introduced to Europe and West Asia (Shiganova et
al., 2019), and the European green crab (Cancer maenas) introduced to nearly every conti-
nent (Klassen and Locke, 2007). Such invasions have devastating potential to permanently
strain and/or restructure biological communities and the frequent infeasibility of eradica-
tion requires managers to prioritize containment, suppression, or other alternative control
strategies (Green and Grosholz, 2020).

The utility of death assemblages — multi-generational aggregations of skeletal remains
within sediments — to evaluate ecological responses to invasive species is well recognized, yet
infrequently applied (Dietl and Flessa, 2011; Kidwell and TomaSovych, 2013). Conceptually,
a recent invader will appear either live-only or underrepresented in the dead, as the death
assemblage has not had sufficient time to reflect the composition of the new community
(‘taphonomic inertia’ sensu Kidwell, 2008; see also Albano et al., 2021). In contrast, ap-
preciable representation in death assemblages has also been used to indicate that previously
recognized invasive species are, in fact, returning natives to the community (Betancourt et
al., 1984; Flenley et al., 1991; Coffey et al., 2011). The use of death assemblages to recon-
struct the unobserved history of a biological invasion and/or quantify its consequences on
communities has been particularly well-studied for invasive gastropods (Yanes, 2012; Chiba
and Sato, 2013; Smith and Dietl, 2016; Kusnerik et al., 2020) and more recently with bivalves
(Albano et al., 2018).

Here, we test whether the introduction of the Asian green mussel (Perna viridis) to
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Kingston Harbour, Jamaica ~20-years ago has left (1) a record of invasion intensity in death
assemblages, and (2) lasting consequences on current community composition. Perna viridis
is native to the coastal waters of the Indo-Pacific, following the coastline from northern
China, Indonesia, India, and westward as Iran (Siddall, 1980; Dias et al., 2018) and most
frequently occurs in the shallow-subtidal to lower-intertidal zones (Baker et al., 2007). The
first west Atlantic sighting of P. viridis was reported in 1990 from the port of Point Lisas
in Trinidad (Agard et al., 1992). It since spread through the Gulf of Paria across Trinidad
and NE Venezuela by 1993 (Rylander et al., 1996), jumped to Kingston Harbour, Jamaica,
in 1998 (Buddo et al., 2003), Tampa Bay, Florida, in 1999 (Ingrao et al., 2001; Power et
al., 2004), Cienfuegos Bay, Cuba, in 2005 (Ferndndez-Garcés and Rolan, 2005), and likely
elsewhere. The distribution of P. wviridis across the west Atlantic is considered patchy and
limited genetic variation among populations even decades after initial discovery suggests
these populations were established after a single introduction that subsequently spread with
the aid of human shipping traffic (Baker et al., 2007; Gobin et al., 2013; Gilg et al., 2014).
However, the geographic extent of this invasion continues to grow as P. viridis has more
recently been reported along the coast of Colombia (Gracia and Rangel-Buitrago, 2020) and
as far south as Rio de Janeiro, Brazil (de Messano et al., 2019).

Three aspects of the invasion of Jamaica’s Kingston Harbour make this event unique:
(1) P. viridis populations rapidly overtook subtidal surfaces at varying intensities across the
harbour (mean densities of 32.46 to 1,427.21 individuals/m?; Buddo et al., 2003), (2) high
growth and colonization rates determined via cage experiments demonstrated that P. viridis
thrived in the harbour’s degraded conditions (Buddo, 2008), and (3) populations significantly
declined across Kingston Harbour by 2010. Although not extirpated, the reasons for this
‘boom-bust’ dynamic are unclear. Further, the direct and indirect ecological impacts of P.
viridis on the native fauna, plus the nature of recovery by native species, are unexplored. Our

methodological approach of comparing mangrove- and wharf-dwelling bivalve communities
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to underlying death assemblages composed of allochthonous shell inputs (as opposed to in-
situ benthic communities and their dead shells) was designed to determine whether death
assemblages are a useful compliment to biological surveys that otherwise may not involve

sampling from the sediment.

4.3 Methods

4.3.1 Study area

Kingston Harbour is a natural embayment on the southeast coast of Jamaica, covering an
area of ~50 km? (Figure 4.1). The harbor is surrounded by the capital city of Kingston to
the north, municipalities of Portmore and Harbour View to the west and east, respectively,
and the Palisadoes — a tombolo derived from terrigenous sediments connecting a series of
keys to the mainland — to the south (Hendry, 1978). Besides providing overland access to
the town of Port Royal and other important infrastructure (e.g., Norman Manley Interna-
tional Airport, Jamaica Maritime Institute, etc.), the inner margin of the Palisadoes supports
dense mangrove swamps, which in turn, stabilize the tombolo from erosion. Despite decades
of physical destruction (Goodbody, 2003), wastewater eutrophication (Webber et al. 2003;
Francis et al., 2014), pollution (Rose and Webber, 2019), and introduced species (Buddo
et al., 2003), mangrove swamps remain critical habitats for the intertidal and subtidal ma-
rine communities of Kingston Harbour, particularly the diverse epibiont biota consisting of
molluscs, bryozoans, ascidians, sponges, and crustaceans that live on mangrove prop roots
(Alleng, 1997; Elliott et al., 2012).

Samples were collected in early 2019 from 35 stations across five sites in and near Kingston
Harbour (Table 4.1). From west to east, Great Salt Pond (GSP; 3 stations) is a semi-enclosed
lagoon SW of the entrance to Kingston Harbour. Old Coal Wharf (OCW; 5 stations) is

a shallow clearing near Port Royal consisting of a series of wharf pilings. In late 2019,
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construction began at OCW for the Port Royal Cruise Port, which may have removed the
original pilings from which we sampled. Goodbody Channel (GC; 8 stations) is a small inlet
near the mouth of the larger Fort Rocky Lagoon. Refuge Cay (RC; 10 stations) is a large
key located north of and disconnected from the Palisadoes. Finally, Buccaneer Swamp (BS;
9 stations) refers to the mangroves and wharfs surrounding the airport, Jamaica Maritime
Institute, Royal Jamaica Yacht Club, and Buccaneer Beach. These five sites were targeted as
they coincide with stations where previous researchers recorded P. viridis densities shortly
after their introduction. Criteria for establishing individual stations at each site were (1)
at least 5 m of separation, (2) colonization surfaces that extend below the intertidal zone,
and (3) above or adjacent to a sufficient volume of sediment for the collection of death
assemblages (see below). GSP and OCW had relatively few stations compared to the other

sites due to limited availability of biofouling surfaces that reached below the intertidal zone.

4.3.2  Sample collection and processing

At each station, living communities on mangrove prop roots and wharf pilings were surveyed
by directly counting the number of all living individuals visible to the naked eye in the field
(>5 mm) among different species. To directly compare results to Buddo et al. (2003), all
prop roots within a 1 m? area were examined per sample, and a similar area was surveyed
on wharf pilings. Death assemblages were collected by exhuming 15,625 cm? of sediment (a
cube with 25 cm dimensions) directly beneath surveyed mangrove roots or adjacent to the
studied face of wharf pilings. Shells were separated from fine sediment in the field using a
box sieve with 5 mm mesh, dried on tables in the lab, and counted by species. Although
this mesh size avoids the collection of small-bodied and juvenile specimens (Kidwell, 2002),
focusing on large individuals was advantageous because (1) we almost certainly failed to
count most living small-bodied individuals without resorting to destructive sampling (e.g.,

scraping communities or breaking branches to bring back to the lab), (2) large specimens
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would more likely fall directly into sediments beneath where they lived, minimizing post-
mortem transport (although water energy is significantly reduced along the inner margin of
the Palisadoes compared to the outer harbour; Sherwin and Deeming, 1980), and (3) large
specimens suggest populations were present at a locality for an appreciable window of time to
support mature individuals. Although live-collected infaunal and epibenthic bivalve species
were also documented, no living individuals of mangrove-dwelling species were found within
sediment samples. Thus, we assumed that all dead shells from mangrove-dwelling species
represent allochthonous inputs from the overlying prop roots and wharf surfaces.

The final dataset included five mangrove- and wharf-dwelling species from the living
and death assemblages (Figure 4.2): Brachidontes exustus (native; scorched mussel), Cras-
sostrea rhizophorae (native; mangrove oyster), Isognomon alatus (native; flat tree oyster),
Mytella strigata (non-indigenous, previously unreported; charru mussel), and Perna viridis
(non-indigenous, introduced in 1998; green mussel). These taxa comprised a total of 31,994
sampled individuals; 3,309 living and 28,685 dead (Table 4.2). For dead shells, loose disar-
ticulated valves represented by a mostly-complete hinge and paired valves still connected by
a ligament were both counted as individuals. Prior to running data analysis, the number
of dead specimens was divided by two to correct for potential collection of disarticulated
valves of the same individual (Kowalewski and Hoffmeister 2003). Other epibiont bivalves
were present in both the living community and death assemblage — namely Geukensia gra-
nosissima, Modiolus squamosus, Mytilopsis sallei, Pinctada imbricata, and Plicatula gibbosa
— but none of these taxa exceeded a combined living and dead sample size of 20 individuals.
Thus, they were removed from the dataset prior to further analyses (counts are still included

in the data file; Appendix).
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4.3.8 Data analysis

Mean monthly densities (individuals per m?) of living P. wviridis from February 2000 to
January 2001 were taken from Buddo et al. (2003) for BS (Old Runway; ‘OR’ in their
study), GSP, and OCW. Estimated densities at GC and RC were taken as the average 122-
day colonization density for an experimental station at each site from Buddo (2008). Mean
densities for non-zero samples from death assemblages and the 2019 living community were
quantified based on abundances per sample from our data. Relative densities across all three
datasets (‘historic community’ from Buddo et al., 2003, dead, and living) were compared
using bar plots with Spearman’s rank-order correlation tests.

Raw counts of all five bivalve species were converted to proportional abundances and
compared between living communities and death assemblages at the resolutions of (1) 35 in-
dividual samples, (2) aggregated among 5 sites, and (3) summed for all of Kingston Harbour.
The use of proportional abundances was necessary to facilitate comparisons among sites with
disparate numbers of samples, as well as between the living community and death assemblage
due to different methods and units of sampling. Living and dead proportional abundances
were plotted against each other for each species to determine whether species were equally
represented (1:1 ratio), overrepresented in the death assemblage (dead proportional abun-
dance > living), or overrepresented in the living community. Live-dead discordance was
quantified using Spearman’s ranked-order correlation. Differences in living and dead pro-
portional abundance for each species when summed across all of Kingston Harbour were
statistically evaluated via bootstrapped resampling (1,000 iterations). The bootstrapping
method randomly selects individual samples with replacement 35 times (the number of ac-
tual samples), sums the counts for each species, then recomputes proportional abundances.
These 1,000 simulated proportional abundances were used to generate 95% confidence in-
tervals and test for significant differences between the living and dead abundances for each

species.
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Compositional variation among samples was evaluated using non-metric multidimensional
scaling (NMDS; Kruskal, 1964) to ordinate samples in low-dimensional space. NMDS ranks
pairwise distances over a predefined number of axes (here, two) and heuristically searches
for axis scores that minimizes a loss function. We calculated abundance-based Bray-Curtis
dissimilarities on Hellinger-transformed (square-root proportional) abundances as input for
ordination. Compositional differences between the living and dead for each site was assessed
using permutational multivariate analysis of variance (PERMANOVA; Anderson, 2001).

We calculated the multivariate dispersion of living communities and death assemblages
among all sites to test whether the degree of compositional variation differed between living
and dead. Multivariate dispersion measures the distance between individual samples to
their corresponding group centroids in multivariate ordination space and is often treated as
a proxy for -diversity (Anderson et al., 2006). We tested whether living communities and
death assemblages from each site differed in dispersion but did not test for differences among
the living (‘live-live’ comparisons) and dead (‘dead-dead’ comparisons) across sites due to
disparate sample sizes (e.g., 3 for GSP, 10 for RC). Live-dead differences were tested using
a two-sample randomization test (1,000 iterations), which compares the true difference in
mean dispersions within sites to that generated when the assemblage labels (live and dead)
are randomly reassigned.

All analyses were conducted using R version 4.1.0 (R Core Team, 2023).

4.4 Results

4.4.1  Green mussel densities through time

Densities of P. wiridis shells reported in the three datasets studied here (historical living
community sampled 20 years ago, current living community, and current death assemblage)

demonstrated nearly perfect ranked-order correlation among the five studied sites of Kingston

121



Harbour (Spearman p = +1 for historic-live, p = 0.9 for historic-dead or live-dead; Figure
4.3). GSP had the lowest densities in the historical community (32.5 individuals/m?) and no
P. viridis were found in either the living community or death assemblage. For the historical
community, P. viridis densities increased among sites from OCW (279.9 ind/m?), GC (344.5
ind/m?), RC (1,193.3 ind/m?), and BS (1,342.1 ind/m?). Densities for the current living
community dropped by orders of magnitude but remained in perfect ranked order with the
historical community starting with OCW (0.2 ind/m?), GC (0.38 in/m?), RC (0.4 ind/m?),
and BS (0.8 in/ mz). Death assemblage densities, despite being based on different sampling
techniques, were ordered from OCW (3.6 ind/0.015 m3), GC (3.9 ind/0.015 m?), BS (14.2
ind/0.015 m?), and RC (16.3 ind/0.015 m?3). Interestingly, the historical community and
death assemblage patterns both feature a large jump in density between GC and RC/BS

while the left-to-right increase for the current living community is more stepwise.

4.4.2  Live-dead discordance of proportional abundances

Compositional fidelity between the overall living community and death assemblage demon-
strated unique trends for each taxon (Figure 4.4). Brachidontes exustus, the second-most
abundant taxon in both assemblages, is the only one with similar values based on the percent
change from dead to living (a +0.3% increase from dead to living). Crassostrea rhizophorae
was the dominant bivalve found in the death assemblage, accounting for 57.3% of individuals.
However, C. rhizophorae demonstrated a -73.8% decrease in the living community, shifting
its position to the third-ranked taxon accounting for 15% of individuals. Isognomon alatus
demonstrated the inverse of C. rhizophorae: while ranked third for the death assemblage
(13% of individuals), its living community proportional abundance accounted for a +280.6%
increase, establishing 1. alatus as the current dominant species in the community at 49.3%
of individuals. Muytella strigata and P. wviridis, the fourth- and fifth-ranked taxa in both

assemblages (due to a short window of time-averaging constrained by the time of introduc-
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tion), respectively, demonstrated opposing trends: M. strigata was overrepresented in the
living community compared to the death assemblage (+226.5% change) while P. viridis was
underrepresented in the living (-81% change). Overall rank-abundance correlation was not
significant (Spearman p = 0.6, p = 0.35), but p remained positive as the only trade in ranks
occurred between C. rhizophorae and I. alatus. Consequently, rank-abundance correlation
based on only the three native species (i.e., those with long time-averaging windows uncon-
strained by a time of introduction) was perfectly negative such that p = -1. Differences in
proportional abundance between the death assemblage and living community for all taxa
except B. erustus were supported by bootstrapped 95% confidence intervals (not shown in
Figure 4.4 due to small size of error bars).

Patterns from the summed proportional abundances for the living communities and death
assemblages above are further supported at the resolution of individual samples and sites
(Figure 4.5). In particular, the change in community dominance from C. rhizophorae to I.
alatus is apparent in nearly all samples that include both species. Although their propor-
tional abundances are small, the overrepresentation of P. viridis and underrepresentation of
M. strigata in death assemblages were both apparent. Only B. exustus and M. strigata were
recorded at GSP (diamonds; Figure 4.5), the former dominating the death assemblage, and

the latter dominating the living community.

4.4.3  Variation in composition and dispersion

Ordination revealed spatial and temporal variation in faunal composition (Figure 4.6). Spa-
tially, samples from GSP were isolated from the rest of the samples in the negative direction
along NMDSI1, likely defined by the occupation of only B. exustus and M. strigata at GSP. In
contrast, samples from the four inner harbour sites (BS, GC, OCW, and RC) all overlapped
on the positive end of NMDS1 where C. rhizophorae, 1. alatus, and P. viridis were present,

but M. strigata was less abundant. Temporally, living communities and death assemblages
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formed adjacent (but minimally overlapping) clusters along NMDS2. For the four inner
harbour sites, positive NMDS2 scores were associated with dominance of C. rhizophorae in
death assemblages while negative NMDS2 scores were associated with dominance of I. alatus.
Except for GSP, compositional differences between living and dead were significant for all
sites (PERMANOVA; p < 0.05).

Multivariate dispersion varied across Kingston Harbour with the lowest apparent values
at GSP and highest at BS (Figure 4.7). Visually, death assemblages were consistently less
dispersed at each site compared to the living community. However, live-dead differences were
only significant at BS, GC, and RC (Randomization test; p < 0.05). The low number of
samples at GSP and OCW likely contributed to the insignificant test results therein despite

visual separation.

4.4.4  Vertical positioning of dominant taxa

While not formally quantified, we noted during field sampling that subtidal sections of man-
grove roots and wharf surfaces were consistently and predominantly occupied by dense clus-
ters of I. alatus while a more even mix of all species was found to occupy the intertidal zone.
Compared with images during the peak of the P. viridis invasion by Buddo (2008) and our
finding that C. rhizophorae dominates death assemblages, we reconstruct a hypothesized his-
tory of Kingston Harbour’s epibiont bivalve community as having experienced three phases
(Figure 4.8): (1) a pre-invasion assemblage dominated by C. rhizophorae, (2) an invasion
assemblage dominated by P. viridis, resulting in the new species also appearing in the death
assemblage, and (3) a post-invasion assemblage dominated by I. alatus, but also featuring

the more recent invader M. strigata.
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4.5 Discussion

4.5.1  Green mussels: death assemblages remember the intensity of past

MMVASILONS

We found that the densities of P. viridis within death assemblages across Kingston Harbour
were, remarkably, perfectly correlated to those reported living during the early peak of the
invasion (Figure 4.3). The ability of death assemblages to capture this spatial variation is
indicative that they may serve as an effective proxy with which to retroactively reconstruct
the early invasion history at a broader scale across the harbour and elsewhere in the west
Atlantic. Although the same correlation holds for the current living population 20 years
following introduction, the extreme rarity of P. wiridis today (only 15 individuals among
our 35 samples) makes this correlation less convincing and, possibly, entirely a product of
chance. A far more rigorous survey of the standing P. viridis population in Kingston Harbour
is required to detect patterns of spatial variation today.

Buddo et al. (2003) reported mean P. viridis densities as high as 1,539.20 individuals/m?,
and for a single monthly sample, >8,000 individuals/ m?2. Despite how densely populated
P. viridis was at the time, it represented the least abundant species in both the current
living community and the death assemblage, suggesting that (1) a single large pulse of shell
production generated most dead shells, (2) taphonomic bias may be acting on these shells,
and/or (3) human efforts to remove living P. viridis prevented shells from incorporation in
death assemblages. A single production pulse is supported by monthly densities reported
by Buddo et al. (2003) as most monitored sites experienced a short-term peak in relative
densities. The complete lack of dead shells at GSP, which had the lowest densities during
the peak of the invasion (Figure 4.3), further supports that the majority of dead P. wiridis
shells derived from a single production pulse with minimal continued inputs, resulting in the

species being relatively rare in the death assemblage after the initially rapid destruction of
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most shells (TomaSovych et al., 2016). On the other hand, the majority of P. wviridis shells
that we recovered were heavily fragmented, exhibited signatures of predation (boreholes,
etc.) and had undergone chemical alteration (loss of colouration and periostracum, chalky
interiors, etc.). Perna viridis was harvested by artisanal fisheries for human consumption and
fishing bait early into the invasion history, but the detection of numerous harmful biological,
chemical, and metallic contaminants in the tissues of wild populations dissuaded widespread
harvest (Buddo et al., 2012). Human intervention is unlikely to have sufficiently contributed
to population decline due to a lack of dedicated culling efforts. Despite these limits on the
quantity of shell material — all of which are worth further investigation — densities that have
survived appear to strongly predict the relative size of known historic populations.

What this study does not reveal are insights into the potential causes of the harbour-wide
boom-bust dynamics of P. viridis, which remain speculative. Strayer et al. (2017) outlined
several plausible mechanisms through which boom-bust invasions may occur, including (1)
accumulation of enemies (new predators, parasites, etc.), (2) density-dependent time-lags,
(3) delayed genetic effects, (4) interactions with subsequent invaders, and (5) human control.
The first three mechanisms are all plausible and may not be mutually exclusive. Regarding
enemies (mechanism 1), durophagous predators are abundant in Kingston Harbour, including
decapods and drilling gastropods like Murex sp. (Alleng, 1997). In a series of controlled
predation experiments, Mitchem et al. (2007) found P. viridis to be preyed upon by blue
crabs (Callinectes sapidus) at twice the rate of oysters (Crassostrea virginica) and quahogs
(Mercenaria mercenaria) but were not consumed by Caribbean spiny lobsters (Panulirus
arqus). As stated above, the prevalence of fractured and drilled dead shells indicates that
local predators preyed upon P. viridis following their rise to dominance. Density-dependent
time-lags (mechanism 2) likely contributes due to the fast rates at which P. viridis both grows
and colonizes new surfaces (Buddo, 2008; Elliott et al., 2012). Once the carrying capacity is

met or surpassed, failure for future generations to obtain optimal space for fouling and growth
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may cause the population to subsequently crash. Delayed genetic effects (mechanism 3) is
particularly supported by the low genetic variation among P. wviridis populations introduced
throughout the west Atlantic (Gobin et al., 2013; Gilg et al., 2014). Inbreeding depression
may have debilitated the population’s ability to resist diseases or parasites, tolerate Kingston
Harbour’s stressful environmental conditions (Wade et al., 1972; Rose and Webber, 2019), or
maintain high reproductive output. Interactions with subsequent invaders (mechanism 4) is
unlikely as no subsequent biofouling invaders have been documented until the present study
(but see below). For similar reasons highlighted above regarding human removal (mechanism

5), deliberate intervention efforts were likely insufficient.

4.5.2  Native bivalves: the unpredictability of post-invasion ecological recovery

The decline of P. wviridis from the subtidal sections of mangrove roots and wharf surfaces
in Kingston Harbour allowed the native I. alatus to reclaim and dominate these surfaces.
However, death assemblage compositions suggested that the community was historically
dominated by C. rhizophorae (Figures 4.4-4.5). Live-dead discordance may have numerous,
non-mutually exclusive explanations that should be evaluated in order of parsimony (e.g.,
the five hypotheses from Bizjack et al., 2017). Here, shortcomings in sample collection or
processing (hypothesis 1) and contamination due to the dumping of dredge spoils (hypothesis
2) are rejected as we believe our sampling procedures were consistent, we processed every
shell in each sample, and the shallow mangrove areas of Kingston Harbour are far from
dredge dump sites.

The effects of time averaging (hypothesis 3) are several-fold. First, it is possible that
the window of time-averaging in these death assemblages is long enough to capture, but
obscure, numerous community turnover events wherein I. alatus or other taxa were domi-
nant at points in the past, reinforcing a false sense of stability (Tomasovych and Kidwell,

2010). Post-mortem shell dates of both C. rhizophorae and I. alatus, obtained via radiocar-

127



bon or amino acid racemization techniques, would aid in determining whether differential
production among taxa has occurred over the window of time-averaging. Second, spatial
heterogeneity across Kingston Harbour in the past may have been smeared as community
structure changed over time (e.g., Kidwell and Tomasovych, 2013; Tyler and Kowalewski,
2017; but see Tomasovych et al., 2020). In Kingston Harbour, death assemblages exhibited
reduced variation compared to living communities, but this was only detected statistically
at three of our five sites (Figures 4.6-4.7).

Preservational bias (hypothesis 4) is potentially an important factor as the two dominant
species — C. rhizophorae and I. alatus — notably differ in characteristics thought to affect
preservation potential (Table 4.2). The thin, aragonitic, and organic-rich shell of I. alatus
suggests that this taxon is far more susceptible to post-mortem destruction, and many dead
individuals were indeed represented by isolated, but distinctive, fragments possessing hinges
(although, so too were those of C. rhizophorae). However, skeletal elements of dissolution-
prone taxa within Bivalvia, and even across other phyla, have shown promise for surviving
on similar timescales within sediment records (Nawrot et al., 2022). In contrast, the ce-
menting behaviour of C. rhizophorae can conceivably result in underrepresentation in the
death assemblage as the cemented valve remains attached to the substrate while the other
valve falls into the sediment. Our C. rhizophorae shells did not appear to be biased towards
one valve or the other and very few (or no) dead shells remained attached to mangroves at
the stations we sampled. Even if we were to divide the number of C. rhizophorae shells in
half to account for this effect, they would remain the dominant taxon observed in the death
assemblage.

Genuine ecological change (hypothesis 5) is also supported. Siung (1980) previously
noted that over-exploitation of C. rhizophorae in Jamaica was detectable and proposed I.
alatus as a potential alternative for commercial harvest. Nonetheless, based on settling rates

on artificial substrates, Elliott et al. (2012) found C. rhizophorae to still be an abundant
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and effective biofouler decades later. Following a juvenile phase of byssal-attachment, C.
rhizophorae cements itself to its substrate and requires a large attachment surface, while the
life-long byssal-attaching I. alatus can efficiently occupy small surfaces without hindering
development and growth (Bromley and Heinberg, 2006). Thus, the subtidal takeover of I.
alatus we observed in 2019 perhaps occurred opportunistically and concurrently to the decline
of P. wiridis. Other confounding factors, such as differential tolerances to the conditions of
Kingston Harbour today, may have contributed to the disproportionally large recovery of
1. alatus compared to C. rhizophorae, but these factors cannot be elucidated here. It is
noteworthy, however, that the proportional abundance of B. exustus remained constant
between the living community and death assemblages, suggesting that recovery was taxon-
specific.

As many high-profile invasion events continue to harm biological communities, manage-
ment decisions may be understandably focused on removal efforts without equal emphasis on
subsequent ecological recovery. Live-dead discordance in Kingston Harbour, driven primarily
by the dramatic reversal in dominance of two native taxa, suggests that the community has
fallen into a novel community configuration. Brief (and largely unsuccessful) invasion events
like that of P. wviridis examined here are powerful tests by which the nature of ecological
recovery can be explored. In a meta-analysis of 151 such case studies, Prior et al. (2018)
found that 31% of cases resulted in negative recovery outcomes following the removal of an
invasive species and a mix of positive and neutral outcomes for the remainder. The outcome
in Kingston Harbour is thus not unexpected but will require additional conservation mea-
sures if the recovery of the economically-important C. rhizophorae to historic population

densities is desired.
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4.5.8  Charu mussels: death assemblages lag behind recent invasion events

To our knowledge, this study represents the first reporting of M. strigata in Jamaica. Native
to the Pacific and Atlantic coasts of South America as well as the eastern Pacific as far north
as Mexico, M. strigata was first introduced to Florida as early as 1986, although considered
extirpated after only a few years until reappearing in 2004 (Boudreaux and Walters, 2006).
More recently, M. strigata has been introduced to Southeast Asia with reported sightings
from India (Jayachandran et al., 2019), Singapore (Lim et al., 2018), the Philippines (Rice
et al., 2016), and Taiwan (Huang et al., 2021). It has been suggested that these trans-
hemisphere introductions may considerably harm fisheries of native P. wiridis in Southeast
Asia (Sanpanich and Wells, 2019). The rapid introduction of M. strigata to Southeast Asia
is important to note as it may be related to our discovery in Jamaica; the taxon is currently
spreading elsewhere in the Caribbean, as recently reported for previously uninhabited areas
of Venezuela (Lodeiros et al., 2021). Mytella strigata may thus be a particularly effective
invader that only recently has been given the opportunity of transplanting throughout the
tropics.

The exact timing of the introduction of M. strigata to Kingston Harbour is unclear,
but the absence of historic and modern records suggest it is recent (<10 years) and under-
representation of M. strigata in our death assemblages supports this timing. Taphonomic
processes are unlikely to destroy M. strigata shells at a particularly high rate compared to
other taxa as they should have comparable durability as I. alatus and potentially greater
durability than B. ezustus (Table 4.2), both of which are more common in the death assem-
blage (Figure 4.4). The introduction is also likely to have taken place several years ago as
there was must have been sufficient time for adult populations to establish in the living com-
munity and shells from at least the first generation to accumulate in the underlying death
assemblage. Unlike P. wviridis, M. strigata appears to have not undergone a notable early

population boom in Kingston Harbour, but rather, has gradually incorporated itself into

130



the community. Mytella strigata may still be in an initial lag phase prior to an impending
boom (Strayer et al., 2017) or has failed to boom, possibly due to the nature of ecological
recovery following the decline of P. wviridis (e.g., competition with I. alatus). Gradual pop-
ulation growth would also explain how M. strigata has a larger share of death assemblage
occupation than P. wiridis: constant shell production would continually supply the death
assemblage even under conditions favouring high disintegration rates versus a single, large
pulse of input (TomaSovych et al., 2016). As the window of time-averaging for M. strigata in
the death assemblage is constrained by the time of introduction, the rapid accumulation of
shells thus far is a testament to how fast the signal of a new taxon may be detected in fossil
assemblages, even if the remains of established taxa are coarsened to orders of magnitude

greater intervals.

4.6 Conclusions

Using living communities and death assemblages of epibiont bivalves from mangrove habitats
in Kingston Harbour, Jamaica, we found that (1) spatial variation of the boom-bust invasion
of Asian green mussels (Perna viridis) at the turn of the century was preserved in death as-
semblages, making the dead an effective proxy of invasion history, (2) taxonomic structure of
the bivalve community was reconfigured following the peak of the invasion such that the dom-
inant and economically-valuable mangrove cup oyster (Crassostrea rhizophorae) was largely
replaced by the flat tree oyster (Isognomon alatus), likely due to opportunistic colonization
of subtidal surfaces previously occupied by P. wviridis, and (3) the overrepresentation of the
previously unreported charru mussel (Mytella strigata) in the living community, signalling
that this taxon was introduced more recently to Kingston Harbour. Our findings exemplify
the under-exploited value of geohistorical data to reveal insights on biological invasions and
their lasting impacts on ecological recovery. Such insights are particularly valuable for ar-

eas where ecological evaluation is urgently required, yet resources for long-term monitoring
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efforts are scarce.
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Figure 4.1: Map of the Kingston Harbour on the south coast of Jamaica, showing the
locations of sites from which living and dead bivalves were sampled and the current extents
of large mangrove patches. The five sampling sites coincide with areas from which Perna
viridis population densities were previously monitored at the turn of the century (Buddo et
al., 2003). Site abbreviations: BS, Buccaneer Swamp; GC, Goodbody Channel; GSP, Great
Salt Pond; OCW, Old Coal Wharf; RC, Refuge Cay.
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Brachidontes exustus  Crassostrea rhizophorae Isognomon alatus Mytella strigata Perna viridis
(scorched mussel) (mangrove oyster) (flat oyster) (charru mussel) (green mussel)

Figure 4.2: Representative dead-collected shells of the five mangrove-dwelling bivalve species
assessed in this study, showing both valves from originally-articulated specimens. From left
toright: Brachidontes exustus (scorched mussel), Crassostrea rhizophorae (mangrove oyster),
Isognomon alatus (flat tree oyster), Mytella strigata (charru mussel), Perna viridis (Asian
green mussel). Scale bars = 10 mm.
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Figure 4.3: Mean densities of Perna viridis from three datasets. Left: living P. wviridis
reported by Buddo et al. (2003) and Buddo (2008). Middle: current living individuals
surveyed in 2019. Right: dead shells collected in 2019. No P. viridis specimens were observed
currently living or dead at GSP in 2019. Site abbreviations: BS, Buccaneer Swamp; GC,
Goodbody Channel; GSP, Great Salt Pond; OCW, Old Coal Wharf; RC, Refuge Cay.
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Figure 4.4: Proportional abundances of mangrove-dwelling bivalves in the living community
and death assemblage summed across all sites. Percent increases or decreases for each species
are printed above paired bars. Brachidontes exustus abundances are nearly identical between
the death assemblage and living community. Crassostrea rhizophorae is the dominant species
found in the death assemblage, but Isognomon alatus is dominant in the living community.
Muytella strigata, the more recent of the two invaders, is disproportionately rare in the death
assemblage. Perna viridis, the historic invader, is conversely overrepresented in the death
assemblage, reflecting the short-lived nature of their dominance at the turn of the century.
The overall live-dead discordance remains moderately high as only C. rhizophorae and I.
alatus switch places in ranked order.
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Figure 4.5: Live versus dead proportional abundances at per-sample (35; small icons), per-
site (5; large icons) and summed total (star icons) for each species. Samples falling on either
side of the dashed line indicates overrepresentation in the death assemblage (above the dashed
line) or the living community (below the dashed line). Brachidontes exustus proportional
abundances are generally higher in the dead using sample- and site-level data despite being
equal for the summed data. Summed proportional abundance trends for the remaining four
taxa are similarly reflected by sample- and site-level data such that Crassostrea rhizophorae
and Perna viridis are overrepresented in the death assemblage, while Isognomon alatus
and Mytella strigata are overrepresented in the living community. Site abbreviations: BS,
Buccaneer Swamp; GC, Goodbody Channel; GSP, Great Salt Pond; OCW, Old Coal Wharf;
RC, Refuge Cay.
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Figure 4.6: Non-metric multidimensional scaling (NMDS) ordination of Bray-Curtis dissim-
ilarities based on Hellinger-transformed abundance data from living and death assemblage
samples. Convex hulls indicate score ranges for assemblages from each of the four sites. Liv-
ing and death assemblages are compositionally distinct in ordination space, but the four sites
within the inner margin of Kingston Harbour (BS, GC, OCW, and RC) are not strongly sepa-
rated for either assemblage type. Site abbreviations: BS, Buccaneer Swamp; GC, Goodbody
Channel; GSP, Great Salt Pond; OCW, Old Coal Whart; RC, Refuge Cay.
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Figure 4.7: Boxplots for the dispersion of samples around multivariate group centroids (i.e.,
within-assemblage compositional variation). The living community exhibited significantly
higher group dispersion than the corresponding death assemblage at GC, RC, and BS (Ran-
domization test, p < 0.05), which may be a product of spatial homogenization due to time-
averaging in the death assemblage or a signal of increased compositional heterogeneity in
the living community. Parenthetical values indicate the number of live-dead sample pairs
per group. Note that despite visual separation of boxes at GSP and OCW, low sample sizes
did not provide adequate power to test for significant differences at these sites. Site abbrevi-
ations: BS, Buccaneer Swamp; GC, Goodbody Channel; GSP, Great Salt Pond; OCW, Old
Coal Wharf; RC, Refuge Cay.
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Figure 4.8: Illustrative summary of changing mangrove communities in Kingston Harbour
based on field observations in 2019. Left: death assemblages indicated that prior to the
arrival of Perna viridis in 1998, Crassostrea rhizophorae was the dominant epibiont bivalve
living on mangrove roots and wharf pilings. Middle: shortly after initial detection in 1998,
P. viridis rapidly overtook subtidal surfaces and dominated for several years. Perna viridis
shells were incorporated into the death assemblage, leaving a record from which past popu-
lation densities may be estimated. Right: living communities from 2019 indicated that the
native fauna, occupying the intertidal zone, recolonized subtidal surfaces as P. viridis popu-
lations declined by the 2010s. However, poor live-dead fidelity suggested that the succeeding
community fell into a novel configuration where Isognomon alatus is now the dominant taxon,
particularly in the subtidal zone. The previously undocumented presence of Mytella strigata,
coupled with its disproportionately low representation in death assemblages, suggested that
this species is a much more recent invader.
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Table 4.1: Summary of field sites from which samples were collected.

Site Name Abbrev. Lat. Long. Fouling Surface N Samples
Buccaneer Swamp  BS 17.94381 -76.77752 Mangroves/Warfs 9
Goodbody Channel GC 17.94338  -76.82746 Mangroves 8
Great Salt Pond GSP 17.92153  -76.89278 Mangroves 3
Old Coal Wharf OCW 17.94140 -76.837645 Warts 5
Refuge Cay RC 17.94468 -76.82156 Mangroves 10

Table 4.2: Counted abundances and shell characteristics of the five mangrove-dwelling bi-

valves.
Brachidontes — Crassostrea  Isognomon Muytella Perna
exustus rhizophorae alatus strigata viridis

Dead 6,857 16,437 3,715 993 683
Live 793 496 1,631 374 15
Dead + Live 7,650 16,933 5,346 1,367 698
Status Native Native Native Introduced Introduced
Attachment Byssus Cementation Byssus Byssus Byssus
Mineralogy Aragonite Calcite Bimineralic ~ Aragonite Aragonite
Max Size* Small Large Medium Medium Large
Thickness™* Thin Thick Thin Thin Thick
Organics*** High Low High High High

*Typical reported max shell length: Small (<5 cm), Medium (5-10 cm), Large (>10 cm)
**Shell thickness: Thin (<0.5 mm), Thick (>0.5 mm)
***Density of organic carbon within shell matrix: Low (<0.5 wt%), High (>0.5 wt%)
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APPENDIX A
ABBREVIATIONS

Table A.1: Abbreviations used throughout the text.

Abbreviation Meaning

ABC Abundance/Biomass Comparison

AMBI ATZI’s Marine Benthic Index

ANOSIM Analysis of Similarity

BACI Before-after-control-impact

BENTIX Benthic Index

BRI Benthic Response Index

DDT Dichlorodiphenyltrichloroethane

ECY Washington State Department of Ecology

EG Ecological Group

EQS Ecological Quality Status

IQR Interquartile Range

JWPCP Joint Water Pollution Control Plant

LACSD Los Angeles County Sanitation Districts
M-AMBI Multivariate ATZI’s Marine Benthic Index
NMDS Non-metric Multidimensional Scaling

NOAA National Oceanic and Atmospheric Administration
NSF National Science Foundation

OCSD Orange County Sanitation Districts

OTU Operational Taxonomic Unit

P/A Presence/Absence

PCB polychlorinated biphenyl

PERMANOVA Permutational Multivariate Analysis of Variance
PIE Probability of Interspecific Encounter

PRF Petroleum Research Fund

PSEMP Puget Sound Ecosystem Monitoring Program
PSEP Puget Sound Estuary Program

SAB Species-abundance-biomass

SCAMIT Southern California Association of Marine Invertebrate Taxonomists
SIMPER Similarity Percentage Procedure
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APPENDIX B
CHAPTER 1 DATA AND CODE

The full dataset and R code for Chapter 1 is available in the online supplementary materials
under the following folder:

Kokesh2024 Appendiz B _Chapter 1.zip.
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APPENDIX C
CHAPTER 2 DATA AND CODE

The full dataset and R code for Chapter 2 is available in the online supplementary materials
under the following folder:

Kokesh2024 Appendiz C Chapter 2.zip.
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APPENDIX D
CHAPTER 3 DATA AND CODE

The full dataset and R code for Chapter 3 is available in the online supplementary materials
under the following folder:

Kokesh2024 Appendixz D Chapter 3.zip.
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APPENDIX E
CHAPTER 4 DATA AND CODE

The full dataset and R code for Chapter 4 is available in the online supplementary materials
under the following folder:

Kokesh2024 Appendixz E Chapter 4.zip.
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APPENDIX F
ADDITIONAL ANALYSES OF BIOTIC INDICES
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Figure F.1: Boxplots of pollution-tolerance values assigned to species encountered on the
Palos Verdes shelf, with the three most abundant classes displayed separately. Tolerance
values were assigned by Smith et al. (2001) based upon the position of a taxon’s highest
abundance along a known pollution gradient, which had been quantified by ordination of
sediment chemistry (see methods in Chapter 3). These tolerance scores are weighted by
taxonomic abundances to calculate the BRI of a sample. The mean tolerance values for
bivalves were found to be higher than for any other group, and thus bivalves can be expected
to yield generally higher (i.e., overestimated) BRI scores than would be calculated using
the whole fauna. The tolerance values of four species are highlighted by colored points:
the famously pollution-tolerant polychaete Capitella capitata Cmplz (black), the facultative
chemosymbiotic bivalves Parvilucina tenuisculpta (red) and Azinopsida serricata (green),
and the obligate chemosymbiontic bivalve Solemya pervernicosa (blue). Pollution values
assigned to these taxa mostly fall above the IQR of their clade’s distribution, i.e. toward
the pollution-tolerant end of the spectrum. In the shallow- and middle-depth species lists,
the two bivalve taxa having the highest pollution tolerance values (outlier points) were the
mixed suspension-deposit-feeding Macoma nasuta and M. carlottensis.
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Ecological Group Assignment

Figure F.2: Bar plots of the percentage of species within taxonomic subsets assigned to each
ecological group (EG) for the calculation of AMBI scores. In all cases, the majority of taxa on
the US-AMBI species list were assigned to EGII (top row). Polychaetes appeared to be the
best match of the distributions seen in the whole fauna, and thus might be expected to serve
as the strongest surrogate for calculating AMBI. In contrast, the distributions for bivalves
and malacostracans skewed more heavily towards EGI and EGII. They are thus expected
to underestimate AMBI scores calculated from the whole fauna. For bivalves, the only
species that occupy EGIV and EGV (characterized as second- and first-order opportunists)
are Parvilucina tenuisculpta and Solemya pervernicosa, respectively.
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Figure F.3: The relationship between BRI pollution tolerance values and AMBI ecological
groups (EGs) assigned to each species on the Palos Verdes shelf. In general, taxa with high
pollution tolerance values tend to also be assigned to more tolerant EGs. However, the
variation of pollution tolerance values within each EG is greater than most differences in
mean among EGs. Among bivalves (third row), only two or at most three EG categories
include sufficient taxa to support a “box”, greatly reducing the potential power of this class.
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Figure F.4: BRI (top row) and AMBI (bottom row) scores generated using the whole fauna
versus scores generated using only polychaetes. Analyses are a replication of those from
Chapter 3 with polychaetes substituted for bivalves (see Figure 3.3 for details). For both
BRI and AMBI, polychaetes exhibited particularly strong correlation with scores generated
using the whole fauna, and most points fall into the two ‘Same’ status quadrants, indicating
high agreement in ecological quality status (EQS). This high correlation — far stronger than
seen with bivalves — is likely due to polychaetes representing (1) the majority of all individuals
in the whole fauna and (2) having a fairly strong representation of all tolerance categories,
very similar to that of the whole fauna (Fig. F2), making this class a particularly strong
surrogate for estimating the EQS of the whole fauna.
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Figure F.5: BRI (top row) and AMBI (bottom row) scores generated using the whole fauna
versus scores generated using only malacostracans. Analyses are a replication of those from
Chapter 3 with malacostracans substituted for bivalves (see Figure 3.3 for details). BRI
scores exhibited positive correlations for all isobaths, but malacostracan-BRI generally un-
derestimated whole-BRI with many points occupying the top-left ‘Better’ status quadrant
(e.g., malacostracans incorrectly indicated ‘Good’ status when whole-BRI would indicate
‘Poor’ status). Malacostracan-AMBI similarly underestimated whole-AMBI. However, given
the variable slopes and wide bootstrapped confidence intervals, these samples demonstrated
only a weak correlation with whole-AMBI values.
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Figure F.6: Boxplot of the proportional abundances of Parvilucina tenuisculpta of bivalve
living and death assemblages. Parvilucina tenuisculpta was the dominant bivalve species at
most sites during the 1970s-1980s before its sharp decline during the 1990s; it persisted in low
abundances up to the 2010s. However, death assemblages collected in 2008 and 2016 both
exhibited mean proportional abundances of P. tenuisculpta that were significantly higher
than their corresponding living assemblages in those decades (2000s and 2010s) based on the
IQR of each decade’s annually-collected samples. The proportional abundance of this taxon
in death assemblages generally increased with depth in each decade, whereas its abundance
in the living assemblages remained relatively consistent across depth (except for the 1990s).
Parvilucina tenuisculpta is thus detectably overrepresented in death assemblages collected
in 2008 and 2016, likely because they retain shells from the high input of large-bodied
individuals that occurred during the population boom in preceding decades.
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Figure F.7: The relationship between mean bivalve-BRI (top row) and bivalve-AMBI (bot-
tom row) versus the mean proportional abundance of Parvilucina tenuisculpta at each station
and during each decade of live-collected data, as well as the death assemblages collected in
2008 and 2016. Proportional abundances of P. tenuisculpta were positively correlated to

both BRI and (especially) AMBI.
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Figure F.8: Multivariate AMBI (M-AMBI) scores versus species richness for the whole fauna
(top row) and bivalves (bottom row). Note that M-AMBI ranges from values of zero to one,
with higher scores indicating better ecological quality. A threshold value of 0.53 divides the
index’s ‘Good’ and ‘Moderate’ EQS, and was thus used as the threshold for my binary EQS
scheme (see Table 3.1). M-AMBI scores were calculated in two ways: first, all samples from
the three isobaths were assessed together, falling along a single reference gradient (left col-
umn), and second, samples were calculated separately for each isobath, basing scores from
each isobath on their own reference gradient (right column). Although the calculation of
M-AMBI considers species richness, Shannon diversity, and the AMBI score of each sample,
extremely strong positive correlation between M-AMBI score and species richness indicated
that this metric alone contributes most to M-AMBI (and may thus reliably approximate it)
on the Palos Verdes shelf. However, the decline in species richness with increased water depth
consequentially reduces the EQS of deep-water samples if all samples are calculated together
versus separated by water depth. Further, the higher richness (and evenness) encountered
in bivalve death assemblages (square points in bottom row) versus annually-sampled living
assemblages (circular points), an expected property of time averaging, may artificially reduce
the apparent ecological quality of live-collected samples. Thus, when using M-AMBI to esti-
mate EQS, it is essential in any system to consider both (1) natural environmental gradients
that might be conflated with known and suspected anthropogenic disturbance, and (2) the
predicted effects of time averaging if data from death assemblages are being integrated with
singly-sampled (non-averaged) data from living assemblages.
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APPENDIX G
SIMULATION FRAMEWORK AND PILOT RESULTS FOR
BUILDING A DEAD-SHELL AGE MODEL FOR PUGET SOUND
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Figure G.1: Predicted effects on the shape of a shell age frequency distribution (AFD) in
the surface mixed layer (SML) from the interaction of shell disintegration (aka loss) and
net sedimentation (aka burial). In each graph, the y-axis is the proportional frequency of
shells and the x-axis is the elapsed time since death, based on 1,000 time steps (not labeled).
Dashed vertical lines indicate the age of the oldest surviving shell in the simulation and
dashed horizontal lines indicate the proportional abundance of the youngest (most abundant)
cohort in the assemblage, which is usually the first bin. Together, the dashed lines create a
box that summarizes the shape of the AFD. Simulations are based on a 2-phase exponential
model of shell loss (TomaSovych et al., 2014) — that is, disintegration is initially fast and
then, after some elapsed time to sequestration, slows sharply — and assumed a constant rate
of shell production (i.e., same initial number of shells input to the SML per age cohort).
Low sedimentation rates or other variables (such as bioturbation, i.e., vertical mixing) that
reduce net burial promotes the retention of older shells in the assemblage. As net burial
increases (towards the right), older shells are increasingly likely to be lost from the system
via burial below the SML, reducing the length of time-averaging in the SML. The intensity
of bioturbation could be added as a third axis: by advecting buried shells back up toward
the sediment-water interface, they would be subjected to additional opportunities for shell
disintegration from acidic porewaters and physical reworking along with newly introduced
young shells; advection would also move very young shells down to the base of the SML,
temporarily sequestering them or at the least admixing them with older shells there. Puget
Sound, hypothesized to experience high disintegration rates from cold water and high net
burial from high sedimentation (~2 cm/yr), is most likely an example of a system that would
plot in the upper left of this phase space, with a steep initial slope and a relatively short
right-skew.
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Figure G.2: Two sampling stations of shells for age-dating (rep point labeled 29 and blue
point labeled 38) located in the Central Basin of Puget Sound. These stations are both
characterized by similarly silty sediments in relatively deep water (200 m), and have had
relatively large and steady populations of the bivalve Macoma carlottensis over the past 30
years (Figure G.3).
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Figure G.3: Time series of population densities of M. carlottensis at the monitoring stations
29 and 38. Solid lines are the mean density (number of live-collected individuals per 0.1 m?)
among all available replicate samples for a given year (number of replicates varies from 1
to 5 for a given year). The dashed lines are the minimum and maximum observed densities
among available replicates. Filled circles represent the density of individuals per van Veen
grab from death assemblages sampled in 2018 and 2019. Living (and dead) densities were
consistently higher at Station 29 than at Station 38.
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Figure G.4: Age-frequency distributions of the raw, non-corrected radiocarbon data (n =
50 at each site). Bars are divided into 50-year intervals. Solid vertical lines represent the
median age and the dashed line represents the 75% interquartile range.
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Figure G.5: Pilot results of AFDs for death assemblages from soft-sediment habitats from
(left) Puget Sound, WA, with a maximum shell age of 1,100 years before present (non-
corrected), and (right) from the Southern California Bight, with a maximum shell age of
11,000 years before present (data from TomaSovych et al., 2014). Inset plot: distribution
of 124 California shells corresponding to the same total age range (first 1,100 years) that
characterizes the Puget Sound AFD. Red lines are the fitted model outputs for each dataset
using the two-phase loss model of TomaSovych et al. (2014), indicating a rapid initial rate
of loss of very young shells (steep slope); shells surviving the first 100 years of residence in
the SML then exhibit a much slower (two orders-of-magnitude lower) loss rate, having been
effectively sequestered (diagenetic stabilization is suspected for California shells).
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Figure G.6: The relationship between the D/L ratios of aspartic acid (ASP) and glutamic
acid (GLU) measured within shells. Although the relationship demonstrates a positive cor-
relation, anomalous endmembers appear to drive the trend.
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Figure G.7: The relationship between preliminary (non-corrected) radiocarbon ages of shells
and the D /L ratios for aspartic acid (left) and glutamic acid (right) of shells from both sites.
Black lines are error bars for radiocarbon ages (note logged vertical axis).
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